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ABSTRACT 

Denitrification represents a sustainable solution to remove nitrate from saline 

wastewaters generated by many industrial activities such as food processing, 

aquaculture, flue gas washing, etc. To improve the process’ performance under salinity 

inhibition, biofilm reactors could represent an elegant strategy, but a systematic analysis 

focusing on the reactor system under salinity stress is needed for their optimisation. 

Moreover, since the electron donors available for the process may vary, the comparison 

between autotrophic and heterotrophic denitrification is relevant. 

The aim of this study was to investigate the potential and inhibition tolerance of 

methanol-driven and thiosulphate-driven denitrifying bacteria from non-saline sources 

for the treatment of saline wastewaters. Also, their denitrification performance in fluidised 

bed biofilm reactors (FBBR) and in moving bed biofilm reactors (MBBR) were studied, 

optimizing the process via reactor and biofilm carrier selection, and a salinity inhibition 

modelling strategy was proposed for the biofilm. 

Methanol-driven denitrification showed higher tolerance to inorganic ions than 

thiosulphate-driven, and for both, chloride had the most inhibitory role. This was also 

observed in the FBBRs, where the former showed higher removal rates (2.4 vs. 1.2 

gN/L/d) at higher salinities (6.8 vs 5.6%), with stable denitrifying communities at 

increasing salinities, than the latter, dependent on Thiobacillus denitrificans activity. In 

the MBBR, where hollow- and porous- body carriers were compared for methanol-driven 

denitrification, a more exposed biofilm in the hollows showed higher removal rates at 

salinities <7.5%, while the less exposed biofilm in the pores had more stable nitrogen 

removal up to 9.5% salinity. With both carriers, an inhibition factor was implemented in 

an existing biofilm model and successfully reproduced denitrification kinetics under 

salinity stress. Eventually, the potential of denitrification for the pre-treatment of NOx-

SO2 scrubber saline wastewater was confirmed, and pulp mill foul condensate as 

electron donor promoted nitrogen removal under salinity stress. 

Overall, this study showed that methanol- and thiosulphate- driven denitrification 

have potential for the treatment of industrial saline wastewaters, whose salinity tolerance 

and nitrogen removal performance can be improved by selecting biofilm reactors and 

optimised with suitable biofilm carriers. 
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TIIVISTELMÄ 

Biologinen denitrifikaatio on kestävä ratkaisu nitraatin poistamiseen teollisuuden 

suolapitoisista jätevesistä, jotka ovat peräisin esimerkiksi elintarvikejalostuksesta, 

vesiviljelystä ja savukaasupesureista. Biofilmireaktorit ovat mahdollinen vaihtoehto 

prosessin suorituskyvyn ja suolojen sietokyvyn parantamiseksi, mutta biofilmireaktorien 

optimointi suolapitoisille jätevesille vaatii systemaattista tutkimusta. Lisäksi jätevedet 

voivat sisältää orgaanisia ja/tai epäorgaanisia elektronien luovuttajia, jotka 

mahdollistavat autotrofisen ja/tai heterotrofisen denitrifikaation.  

Tutkimuksen tavoitteena oli tutkia metanoli- ja tiosulfaattipohjaisen denitrifikaation 

potentiaalia ja inhibition sietokykyä suolapitoisten jätevesien käsittelyssä, ilman 

mikrobien aiempaa altistusta suolaisille olosuhteille. Lisäksi typenpoiston suorituskykyä 

leijupetibiofilmireaktoreissa (Fluidised Bed Biofilm Reactor, FBBR) ja 

kantoainereaktoreissa (Moving Bed Biofilm Reactor, MBBR) tutkittiin. Prosesseja 

optimoitiin reaktorityypin ja biofilmin kantoaineen valinnan avulla. Lisäksi mallinnettiin 

biofilmille suolainhibitiokinetiikat kantoainereaktoreissa.  

Metanolilla hapettamiseen perustuva denitrifikaatio sieti paremmin epäorgaanisia 

ioneja kuin tiosulfaatille perustuva denitrifikaatio, ja kloridilla oli molemmille suurin 

inhiboiva rooli. Myös FBBR:ssä metanolipohjainen denitrifikaatio osoitti korkeampia 

poistonopeuksia kuin tiosulfaattipohjainen (2.4 vs. 1.2 gN/l/d) korkeammilla 

suolapitoisuuksilla (6.8% vs. 5.6%). Metanoliin perustuvat denitrifioivat mikrobiyhteisöt 

olivat vakaampia kuin tiosulfaattiin perustuvat. 

Kahden eri kantoaineella kasvavan biofilmin metanolin syöttöön perustuvaa 

denitrifikaatiota verrattiin MBBR:ssä ja altistuneempi biofilmi kantoaineen onteloissa 

osoitti korkeampia poistonopeuksia suolapitoisuuksilla <7.5%, kun taas suojatumpi 

biofilmi kantoaineen huokosissa saavutti vakaan typenpoiston jopa 9.5%:n 

suolapitoisuudella. Olemassa olevaa biofilmimallia täydennettiin inhibitiokertoimella, ja 

stabiilin metanolia käyttävän mikrobiyhteisön denitrifikaatiokinetiikka mallinnettiin 

onnistuneesti. Denitrifikaation toimivuus NOx-SO2-pesurijätevesille osoitettiin käyttäen 

useita orgaanisia yhdisteitä sisältävää sellutehtaan lauhdevettä elektronien lähteenä.  

Metanoli- ja tiosulfaattipohjaisella denitrifikaatiolla on potentiaalia teollisuuden 

suolapitoisten jätevesien käsittelyyn. Inhibitiosietokykyä ja typenpoistokykyä voidaan 

parantaa valitsemalla biofilmireaktoreita ja sopivia biofilmin kantajia
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1 INTRODUCTION 

The global wastewater production for the year 2030 is estimated to reach 470 billion 

m3, with an increasing trend towards year 2050, without considering streams that do 

not end up in the municipal sewage system (Qadir et al., 2020). One of the main 

pollutants found in the effluents is nitrogen (N), amounting to 17 billion kg per year 

(Qadir et al., 2020) and requiring removal prior their discharge, but only around 50% 

of the polluted global wastewater is treated (Jones et al., 2021). The high percentage 

of untreated wastewaters discharged to the environment represents a worldwide 

water pollution issue that necessitates urgent intervention. 

1.1 Challenges in the biological treatment of saline wastewaters 

Among the countless typologies of wastewaters, saline effluents represent around 

5% of the yearly treated wastewaters (Lefebvre et al., 2007). These are generated 

by many industrial activities (desalination plants, textile industries, flue gas washing 

systems, food industry, aquaculture industry, etc.), with salinities up to 150 g/L (15% 

m/v) (Panagopoulos, 2022). Inorganic ions (as Cl-, Na+, SO4
2-, K+ up to several tens 

of g/L), nitrogen (as NO3
-/NO2

- and NH4
+), organic recalcitrant compounds and heavy 

metals are commonly found in saline wastewaters, which can cause eutrophication, 

fluctuations in water bodies’ salinity, have detrimental effects on aquatic ecosystem 

and soils if released untreated (S. Chen et al., 2024; Z. Huang et al., 2024; 

Panagopoulos, 2022; Song et al., 2023).  

 

Currently, physical-chemical methods are commonly used to treat saline 

wastewaters. Membrane filtration, evaporation and crystallisation methods are 

employed in many sectors to recover valuable salts and water, but are accompanied 

by high energy and management costs (Z. Huang et al., 2024; Lefebvre and Moletta, 

2006; Panagopoulos, 2022; Song et al., 2023). Pre-treatments assume a key role in 

making the abovementioned methods more effective and less costly, by removing 

organics and unwanted ions that negatively affect the treatment techniques (Z. 
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Huang et al., 2024; Song et al., 2023). For example, ion exchange is used to remove 

anions, but is characterised by secondary waste production and its resins require 

periodical regeneration (Lefebvre and Moletta, 2006; Park and Yoo, 2009).  

 

Biological treatments can represent a sustainable and economically feasible solution 

as pretreatment for saline wastewaters (He et al., 2017; Lefebvre and Moletta, 2006), 

like denitrification for the removal of NO3
-/NO2

- (S. Chen et al., 2024). They can 

reduce energy requirements and fouling in the downstream physical-chemical 

techniques, and have usually low capital and maintenance costs (Z. Huang et al., 

2024). However, the microorganisms involved in the biological treatments are 

negatively affected by the saline conditions in the effluents, which cause their 

inhibition and reduced effectiveness of the process. Moreover, often industrial waste 

streams lack suitable electron donors needed for the microorganisms’ catabolism, 

such as for nitrate reduction, requiring costly chemical addition (De Lucas et al., 2005; 

Park and Yoo, 2009). 

 

To improve the bioprocess tolerance to salinity, some effective techniques have been 

engineered, such as the use of salt-tolerant bacteria, adaptation of the microbial 

communities to saline conditions and the addition of compatible solutes (S. Chen et 

al., 2024; Z. Huang et al., 2024). However, often these strategies require long startup 

times or costly chemical additions on large scale plants (S. Chen et al., 2024; Song 

et al., 2023; Vyrides and Stuckey, 2017). An important approach to increase the 

process’ salinity tolerance is the bioreactor initial design. Since biofilm structures 

protect the microorganisms from external stress and inhibition (Parrilli et al., 2022), 

biofilm reactors, where a carrier retains the microorganisms as biofilm, represent an 

optimal choice, considering their additional benefits including high volumetric rates 

and low sludge production (Di Capua et al., 2015; Huang et al., 2019; Z. Huang et 

al., 2024). Then, to enhance both the cost-effectiveness and sustainability of the 

biological treatment, chemical compounds found in other waste streams could serve 

as supplement for the microorganisms. Thus, the optimal condition from an 

operational point of view would consist in a biofilm reactor inoculated with easily 

available microorganisms characterised by fast startup times and resilience to salinity 

changes, while adding an almost costless chemical supplement.  

 

In view of this, the biological removal of nitrate in biofilm technologies represents a 

solution of interest for the pre-treatment of saline wastewaters. To date, successful 

denitrification under salinity stress is widely reported, but the tolerated salinity range 
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observed for activated sludge process, commonly applied in wastewater treatment, 

is usually between 2 and 5% (He et al., 2017; Lefebvre and Moletta, 2006), while 

industrial wastewaters can easily exceed these values. In addition, many studies 

have focused on NaCl salinity, as also noted by Macêdo et al. (2019), but industrial 

wastewaters can contain different Na+/Cl- ratios as well as K+ and SO4
2- ions 

(Panagopoulos, 2022) that may contribute to the inhibition. Different typologies of 

biofilm reactors have been used in denitrification studies but a systematic analysis 

reviewing as well as experimentally comparing the reactor designs and their 

performances under salinity stress is missing. Considering the potential of biofilm-

based systems in enhancing the salinity tolerance of the process, such analysis is 

relevant for the optimisation of denitrification of saline wastewaters, in terms of 

reactor typology and biofilm carrier choice, as well as of modelling of the salt inhibition 

on the biofilm. Moreover, based on the most easily available electron donor, a specific 

type of metabolism for nitrate reduction (heterotrophic or autotrophic) may be most 

suitable for the treatment. However, a comparative analysis between heterotrophic 

and autotrophic denitrification tolerances and performances under salinity stress is 

missing. 

 

Addressing these research gaps could be useful for implementing denitrification in 

biofilm reactors for the pre-treatment of saline wastewater from wet scrubbers 

removing simultaneously NOx and SO2 from flue gases in pulp mills. The use of this 

flue gas treatment technology is advantageous if compared to single-pollutant 

purification methods in series, in terms of simpler operating conditions, lower 

operation and capital costs, heat recovery, as well as smaller volume-area (Chen et 

al., 2021; Johansson et al., 2021b; J. Zhao et al., 2021). On the other hand, one of 

the main drawbacks is the generation of a complex-matrix saline wastewater 

(Córdoba, 2015; J. Zhao et al., 2021; M. Zhao et al., 2021), which contains dissolved 

NOx
- that require removal. However, the common wastewater treatment processes in 

pulp mills are not optimised for denitrification (Ashrafi et al., 2015). Thus, the potential 

of denitrification in treating such wastewater must be explored, for example by 

supplementing electron donors easily available in the mill, to achieve an air-water 

integrated NOx emission control technology. 

 



 

4 

1.2 Research goals and structure of the thesis 

The aim of this thesis was to develop heterotrophic and autotrophic denitrification in 

biofilm reactors for the treatment of saline industrial wastewaters. A systematic 

analysis including salinity toxicity studies, evaluation of biofilm reactors performance 

under salinity stress, salinity inhibition modelling in biofilms and studies on the 

potential applicability of denitrification to NOx-SO2 scrubber wastewater was 

conducted. The inhibition caused by the wastewaters’ multi-ionic salinity stress was 

investigated and compared for both heterotrophs and autotrophs. Their nitrogen 

removal capacity in biofilm systems were explored and the denitrification process 

optimised via reactor, biofilm carrier as well as electron donor selection, and a 

strategy to model the inhibition effect on denitrification kinetic in biofilms was 

proposed. Specifically, this study aimed at investigating the following: 

• Tolerance of denitrification to specific inorganic ions (Publication I). 

Inhibition by salinity was studied in a series of batch tests in terms of 

inorganic ions commonly found in industrial wastewaters (Cl-, Na+, SO4
2-, K+), 

simulated with different salts. The purpose was to reveal the most inhibitory 

ones in wastewaters with different ionic compositions than NaCl, such as 

those produced by NOx-SO2 wet scrubbers for flue gas cleaning.  

• Performance of methanol-driven and thiosulphate-driven 

denitrification under salinity stress (Publication I, II, III).  Methanol and 

thiosulphate were selected as electron donors, given their availability in pulp 

mills, for heterotrophic and autotrophic denitrifying cultures with non-saline 

history. First, batch tests with different inorganic ions pairs at increasing 

concentrations revealed the salinity tolerance of the microorganisms. Then, 

heterotrophic and autotrophic denitrification were compared in terms of 

nitrogen removal performance and biofilm dynamics in continuous flow lab-

scale biofilm reactors under increasing multi-ionic salinity. The aim was to 

investigate the potential enhancement of salinity tolerance in biofilm systems. 

• Analyse and compare the denitrification performance in two high-rate 

treatment biofilm reactors, with focus on the role of biofilm carriers, 

and reveal their optimisation (Publication II, III). Lab-scale fluidised bed 

biofilm reactor (FBBR) and moving bed biofilm reactor (MBBR), with their 

respective carriers, were compared for heterotrophic denitrification at 



 

5 

increasing salinities and various HRTs, to understand their potential in 

removing nitrogen from saline wastewaters. The MBBR denitrification 

process was further studied by comparing two different types (hollow- and 

porous- body) of biofilm carriers to pursue its optimisation via carrier selection 

at different salinity concentrations. 

• Modelling of denitrification salinity inhibition kinetics in biofilm with a 

hollow- and a porous-body MBBR carrier. The apparent effect of salinity 

inhibition on the MBBR’s denitrification rate was implemented in a complex 

existing biofilm model (Sumo©22), introducing a simplified modelling 

approach for the prediction of denitrification kinetics under salinity stress in 

MBBRs. 

• Potential of denitrification for the pre-treatment of NOx-SO2 scrubber 

wastewater in pulp mills (Publication I, II, III). Real scrubber wastewater 

denitrification potential was studied with both suspended flocs and biofilm in 

batch and semi-batch tests, by using methanol and thiosulphate as electron 

donors. Moreover, foul condensate, a waste stream rich in organics 

produced in pulp mills, was tested as an alternative source of electrons and 

compared with pure methanol for heterotrophic denitrification under salinity 

stress in the lab-scale FBBR. 

 

The state-of-the-art of denitrification and biofilm reactors under salinity stress is 

presented in Chapter 2, together with an overview of the challenges for the 

denitrification of flue gas scrubber wastewaters. Chapter 3 summarises the 

experiments and analyses performed to achieve the above-mentioned research 

goals, while the results obtained are presented and discussed in Chapter 4. 

Eventually, the conclusions of this work are drawn in Chapter 5. 
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2 THEORETICAL BACKGROUND 

In this chapter, first, heterotrophic and autotrophic denitrification are described from 

the point of view of the electron donor, followed by the effects of salinity inhibition on 

denitrification process. Then, the main strategies to improve the process’ salinity 

tolerance are briefly introduced, with the focus on biofilm reactors. The studies on 

denitrifying biofilm reactors are reviewed, outlining the key factors and research gaps 

for the optimisation of the reactor technology, highlighting the important aspects of 

carrier selection and the challenges in mathematical modelling of biofilm systems. 

Eventually, the challenges of saline scrubber wastewater denitrification are 

introduced and the case of NOx-SO2 scrubber wastewater in pulp mills illustrated. 

2.1 Denitrification under salinity stress 

Denitrification is a known process for nitrate removal in wastewater treatment in which 

bacteria reduce dissolved oxidised forms of nitrogen (usually NO3
-) to gaseous N2. 

The reduction reaction is accomplished through four reductive steps each catalysed 

by specific enzymes (Zumft, 1997), as shown in Figure 1. When the reduction is not 

complete, due for example to environmental factors (pH, oxygen, electron donor, etc.) 

disturbing the reaction, the intermediary products (e.g., NO2
- or N2O) accumulate. 

Moreover, only some denitrifying microorganisms are capable of complete 

denitrification of nitrate (“true denitrifiers”), while others are classified as “nitrate 

respirators” or “incomplete denitrifiers”, when they can only reduce nitrate to nitrite, 

or only nitrogen oxides to other nitrogen oxides, and the “exclusive nitrite reducers” 

(Lu et al., 2014; Philips et al., 2002). Furthermore, denitrifying bacteria usually need 

anoxic environments, with the exception of some capable of denitrification in aerobic 

conditions (for a review Hao et al. (2022)), where they use nitrate for respiration and 

an electron donor for nitrate reduction. Based on the electron donor, denitrification 

can be sorted into heterotrophic and autotrophic. 
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Figure 1.  Denitrification reductive steps from nitrate to nitrogen gas and the enzymes involved. Nar 
and Nap: nitrate reductases, NirS and NirK: nitrite reductases, Nor: nitric oxide reductase, 
Nos: nitrous oxide reductase. Modified from Di Capua et al. (2019). 

2.1.1 Heterotrophic and autotrophic denitrification 

Heterotrophic denitrification is carried out by chemoorganoheterotrophic bacteria, like 

genera Hyphomicrobium, Paracoccus, Pseudomonas, Comamonas, Thauera, 

Azoarcus spp., commonly found in denitrifying reactors (Lu et al., 2014). These 

bacteria use organic compounds (methanol, ethanol, glucose, organic acids etc.) 

both as electron donor for nitrate respiration and carbon source for growth. In addition 

to N2, other denitrification reaction products are CO2 and OH-, which result in pH and 

alkalinity increase, as showed in the methanol driven denitrification reaction (eq.1) 

(Foglar and Briški, 2003):  

1.08 CH3OH + NO3
- + H+  

→ 0.06 C5H7O2N + 0.48 N2 + 0.76 CO2 + 2.44 H2O  (eq.1) 

 

Industrial wastewater lacking suitable electron donors usually require the addition of 

organics for heterotrophic denitrification process, resulting in added costs and 

possible secondary organic pollution (Pang and Wang, 2021; Park and Yoo, 2009). 

Methanol is one of the most used soluble organic compounds due to is lower cost 

and sludge production than other organics (Lu et al., 2014), despite it requiring careful 

handling due to its toxicity to the environment and high flammability. Moreover, only 

a limited number of heterotrophic bacterial genera (e.g., Paracoccus, 

Hyphomicrobium, Methylophilus, Methyloversatilis spp.) is known of being capable of 

methanol oxidation (methylotrophs) (Lu et al., 2014), which would require the 

selection of specific microorganisms especially for industrial wastewater treatment. 

For denitrification of saline wastewaters, the use of complex electron donor mixtures 

found in other waste streams, like sludge fermentation liquid (Zhang et al., 2020), has 

shown promising results, by improving the response of the process to salinity 

changes, with beneficial effects on the diversity of the denitrifying community. The 

use of organic waste streams, such as food and agro-industry wastewaters (De Lucas 

et al., 2005; Fernández-Nava et al., 2010), provided they are easily accessible, can 
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promote the circularity of the process and reduce the chemical addition costs, but 

their beneficial effects on denitrification under salinity stress need further research. 

  

Autotrophic denitrification is performed by chemolithoautotrophic bacteria, with 

Thiobacillus denitrificans, Sulfurimonas spp., Thiomicrospira CVO among the most 

known (Di Capua et al., 2019). These bacteria can use inorganic electron donors like 

reduced sulphur compounds, hydrogen and ferrous iron to reduce nitrate and carbon 

dioxide for biomass growth. The products of the reaction depend on the electron 

donor, as shown for the thiosulphate driven denitrification reaction (eq.2) (Mora et al., 

2014): 

S2O3
2- + 1.16NO3

- + 0.03CO2 + 0.52HCO3
- + 0.12H2O + 0.11NH4

+   

→ 0.11C5H7O2N + 0.58N2 + 0.43H+ + 2SO4
2-   (eq.2)  

 

As a result, the pH decreases, contrarily to heterotrophic denitrification, and sulphate 

is one of the main products of the reaction, which is not toxic but is regulated by water 

quality standards. Usually, autotrophic bacteria have lower growth rates than 

heterotrophic, resulting, on one hand, in lower denitrification rates, but on the other, 

in lower excess sludge production and related handling costs (Pang and Wang, 

2021). Moreover, inorganic electron donors, including H2 and depending on its 

production process (Acar and Dincer, 2019), are usually cheaper than organic ones 

(Di Capua et al., 2019), leading to lower chemical addition costs when suitable 

electron donors are lacking from the industrial wastewater. S0 is the most used 

electron donor, being easy to handle and inexpensive, but has usually low 

denitrification rates due to its low solubility. On the other hand, soluble S2O3
2- 

guarantees the highest denitrification rates among S-compounds, but results in high 

sulphate production and its residuals in the effluent are unwanted, due to its potential 

toxicity under certain environmental conditions (Di Capua et al., 2019; Miranda-

Trevino et al., 2013). Due to the limited number of suitable electron donors for 

autotrophic denitrification, their mixtures in industrial waste streams are difficult to 

find, contrarily to heterotrophic denitrification, and usually contain one to two electron 

donors (such as thiosulphate or pyrite from mining activities, thiosulphate or sulphide 

from petrochemical industries, elemental sulphur from gas biological treatment (Di 

Capua et al., 2019)).  

 

To improve the autotrophic process performance, an organic electron source could 

be added. This results in the mixotrophic denitrification process, which consists in 

simultaneous heterotrophic and autotrophic denitrification, with some bacteria 

capable of using both electron donors (e.g., Paracoccus denitrificans), favouring a 
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more diverse community that could respond more readily to salinity changes. 

Moreover, mixotrophic denitrification could offer several advantages, namely higher 

nitrogen removal rates and lower SO4
2- production than the only autotrophic 

denitrification, pH buffering, lower effluent organics, N2O accumulation and excess 

sludge production than the sole heterotrophic process (Sahinkaya et al., 2011). 

2.1.2 Effects of salinity on denitrification  

Inhibition by salinity on microorganisms acts via osmotic stress (Bremer and Krämer, 

2019) and ions’ specific toxicity (Zhao, 2005). At macroscopic level, this results in the 

deterioration of the denitrification treatment process. The most important aspects are 

discussed in the following paragraphs. 

 

Denitrification rate. Increasing salinity causes a gradual decrease in denitrification 

rate (Chen et al., 2022; Dinçer and Kargi, 1999; Glass and Silverstein, 1999; Koenig 

and Liu, 2004; Mariángel et al., 2008). In continuous flow processes, this results in 

the decrease in nitrogen removal efficiency. Such decline in the denitrification rate is 

a direct effect of the functional enzymes’ inhibition by ions and of the osmotic stress, 

as well as of the protective response to salinity. For example, high concentrations of 

Na+ adversely affect denitrification functional enzymes by substituting metal ions or 

binding to non-active sites of the enzymes, resulting in a non-competitive inhibition, 

which does not compete with the substrate for the active site but still reduces the 

catalysis of the reaction (S. Chen et al., 2024). Not only each inorganic ion species 

has a different toxicity level (B. Chen et al., 2024; Chen et al., 2022; Lin et al., 2021; 

Macêdo et al., 2019), but the presence of different inorganic ions at the same time 

can also result in added or antagonistic effect on microbial activity (Lin et al., 2021; 

Macêdo et al., 2019). Furthermore, when the osmotic pressure (OP) is excessive, the 

cells lose their turgor pressure by expelling the internal water and dehydrating, 

reducing their metabolic activity (e.g., enzyme production), and consequently the 

denitrification activity, and eventually leading to cell lysis (Bremer and Krämer (2019), 

S. Chen et al. (2024)). A common defence strategy used by microorganisms against 

high OP is the increased production of extracellular polymeric substances (EPS) to 

form a protective layer (Costa et al., 2018; Song et al., 2023). As EPS production is 

an energy demanding process (Costa et al., 2018), microbes allocate metabolic 

energy to it (Cortés-Lorenzo et al., 2012; He et al., 2017; Rillig et al., 2015), which 

can result in higher carbon demand (Wang et al., 2020), lower living cell synthesis 
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(Corsino et al., 2019) and eventually lower enzymatic activity (Cortés-Lorenzo et al., 

2012) that leads to lower denitrification rates. 

 

Nitrite accumulation. NO2
- is an intermediate of denitrification reaction, whose 

accumulation is unwanted because of its toxicity to the environment and the same 

denitrifying bacteria (Philips et al., 2002). NO2
- accumulation is often observed under 

non-saline conditions triggered by environmental factors (like temperature, pH, e-

donor:N ratio and concentrations, dissolved oxygen) and different explanations for it 

have been proposed over time in the literature (Philips et al., 2002). NO2
- is produced 

within the cell from NO3
- reduction and transported out of the cell via special pores in 

the cell membrane, leading to accumulation of extracellular NO2
- (Glass and 

Silverstein, 1998; Zumft, 1997). If the microbial community is unbalanced towards 

nitrate respirators, such extracellular NO2
- is an end product and accumulates with 

little or no reduction to N2 (Dhamole et al., 2007; Glass and Silverstein, 1998; Philips 

et al., 2002). If the community is capable of the nitrite reducing step, then the 

extracellular NO2
- is eventually taken up by the bacterial cells and further reduced. 

However, NO3
- is preferred as electron acceptor, while nitrite reductases can be 

repressed as long as NO3
- is present and by environmental factors like oxygen, 

resulting in slower nitrite reduction rates than nitrate and temporary NO2
- 

accumulation (Betlach and Tiedje, 1981; Cao et al., 2013; Dhamole et al., 2007; Di 

Capua et al., 2019; Glass and Silverstein, 1998; Lu et al., 2014).  

Under saline conditions, NO2
- accumulation is widely reported as an effect of 

salinity inhibition (Feng et al., 2023; Glass and Silverstein, 1999; Jiang et al., 2024; 

R. Li et al., 2024; Li et al., 2018, 2023; Miao et al., 2020; Yang et al., 1995; Zhai et 

al., 2020, 2018). Similarly to NO2
- accumulation under non saline conditions, one of 

the underlaying mechanisms can be identified in the selection of nitrate respirators 

by salinity (Jiang et al., 2024; Li et al., 2018). Then, nitrite reductase activity has been 

reported of being more inhibited than nitrate reductase (Feng et al., 2023; Jiang et 

al., 2024; Li et al., 2023; Miao et al., 2020), at different intensities depending on the 

main enzymes involved (Li et al., 2023; Miao et al., 2015), explaining the NO2
- 

accumulation. Some other reports (Chen et al., 2022; Mariángel et al., 2008; Zeng et 

al., 2020; Zhao et al., 2013) showed the opposite, with nitrate reduction step being 

more affected by salinity than nitrite reduction, despite nitrite temporarily 

accumulating. These contrasting observations might depend on the microbial 

community composition and history, but further investigations are needed especially 

to quantify NO2
- accumulation under salinity stress. 
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Nitrous oxide accumulation. N2O is another intermediate in denitrification reaction, 

whose accumulation and consequent release in atmosphere are unwanted due to it 

being a strong greenhouse gas. Its release, commonly observed in municipal WWTP 

(Kosonen et al., 2016), is due for example to the presence of oxygen (Kornaros and 

Lyberatos, 1998) or to low pH, low COD/N ratio as well as to the carbon source 

typology, as listed by Pan et al. (2012), that disturb the denitrification reaction steps. 

Salinity has shown to increase N2O accumulation (B. Chen et al., 2024; Ma et al., 

2023; Yang et al., 1995; Zhao et al., 2013). The reason of the increased accumulation 

is possibly linked to the higher sensitiveness to salinity of nitrous oxide reduction 

rather than nitrate or nitrite reduction steps (B. Chen et al., 2024; Zhao et al., 2013). 

Further research is required to describe quantitatively the correlation between salinity 

and nitrous oxide production and related inhibition kinetics. 

 

Increased dissimilatory nitrate reduction to ammonium (DNRA). DNRA process 

is an alternative nitrate reduction pathway, that reduces nitrate to NH4
+ instead of N2, 

with NO2
- as intermediate, performed by bacteria possessing multiple nitrite 

reductase enzymes (Philips et al., 2002). DNRA activity is usually favoured by limiting 

electron acceptor conditions, but salinity has been reported of increasing this 

process, resulting in NH4
+ accumulation in the effluent (Ma et al., 2023; Zhai et al., 

2020, 2018; Zhu et al., 2015). Such accumulation is usually unwanted in industrial 

wastewaters, especially if no ammonium removal technologies follow denitrification. 

 

Community changes. Salinity inhibition leads to a selection of the most tolerant 

genera in the microbial community while the less tolerant are outcompeted, resulting 

in decreased diversity (S. Chen et al., 2024; Jiang et al., 2024; R. Li et al., 2024; Li 

et al., 2023; Miao et al., 2015; Osaka et al., 2008; Zhai et al., 2020). This often causes 

the decline of the denitrification process, in terms of decreased rate and efficiency, if 

the main denitrifying genera disappear. Overall, community changes can partially 

explain many of the abovementioned aspects of denitrification performance decline. 

For instance, the shift of the community towards incomplete denitrifiers could result 

in NO2
- or N2O accumulation (Jiang et al., 2024; Li et al., 2018). 

 

In summary, the choice of the electron donor for heterotrophic and autotrophic 

denitrification processes can influence their nitrogen removal capacity and response 

to salinity. Similarly, salinity inhibition affects denitrification efficiency and stability, 

requiring engineered strategies to partially overcome these detrimental effects. 
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2.1.3 Strategies to enhance denitrification process’ salinity tolerance 

Engineered strategies, based on promoting the natural responses of microorganisms 

to salinity, have been studied to enhance the biological process under salinity stress. 

The most known methods and their main characteristics are reported in Table 1. 

Table 1.  Summary of the main strategies used to enhance the process’ salinity tolerance. 

Strategy Main mechanism Advantages Disadvantages References 

Sludge 
“acclimation or 
domestication” 

Gradual exposure of 
a common sludge 

to process salinity. 
Leads to selection of 
the salt-tolerant 
bacteria in the 
sludge. 

 

Useful when only 
inoculum 
available has a 
non-saline 
history. 

 

Unpredictability of 
times required. 
Limited tolerance to 
salinity (2- 5%) and to 
its fluctuations. 

Vyrides and 
Stuckey (2017), 
S. Chen et al. 
(2024), 

Ji et al. (2021), Li 
et al. (2019), 
Zhang et al. 
(2020). 

Start-up with 
salt-tolerant 
bacteria  

Microorganisms with 
a saline history (e.g., 

from marine 
sediments or existing 
saline wastewater 
treatments) are 
selected to startup 
the process. 

 

Provides higher 
tolerance than a 
culture with non-
saline history. 
Valid choice 
when biomass is 
autochthonous to 
the wastewater or 
easily obtainable. 

 

Process-specific 
microorganisms not 
always easily 
available. 

 

Corsino et al. 
(2019), Mallick 
and Chakraborty 
(2020), Miao et 
al. (2020), 
Panswad and 
Anan (1999), 
Wang et al. 
(2020) 

Bioaugmentation Inoculation of 
halophilic bacteria 
that participate in 
substrate removal 
and produce and 
share protective 
biomolecules for 
other bacteria in the 
community. 

Improved 
process 
performance 

 

Biosecurity risks (e.g. 
aquaculture systems). 
Possible competition 
for substrate. 
Substantial amount of 
the inoculum and long 
times to settle in real 
scale reactors. 

 

Li et al. (2019), 
W. Chen et al. 
(2024), Huang et 
al. (2024), 
Vyrides and 
Stuckey 
(2017), Xiang et 
al. (2023) 

Compatible 
solutes addition 

Compatible solutes 
(ectoine, glycine  

betaine etc.) are used 
by bacteria to 
balance OP and limit 
dehydration. 

Improved salinity 
tolerance. Simple 
operation. 

 

Selectivity of different 
microorganisms 
towards different 
solutes. Solute used 
as electron donor by 
heterotrophic activity. 
Secondary organic  

pollution. Amount of 
solute needed at real 
scale is costly. 

Bremer and 
Krämer (2019), 
Cyplik et al. 
(2012), Huang et 
al. (2024), Li et 
al. (2024), 
Vyrides and 
Stuckey (2017) 

The choice of the best strategy is strongly case specific, and needs to consider 

technical aspects (e.g., timescale, suitability, secondary pollution) as well as 
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economy and sustainability criteria. The combination of some of the strategies could 

balance costs and time and improve the removal performance of the biological 

process at the same times, but further studies, especially on real scale reactors, are 

still needed. In addition to the techniques reported in Table 1, the amendment of the 

process via reactor selection is an easily implementable strategy and thus, the 

optimisation of the reactor technology for the treatment of saline wastewaters is 

crucial. 

2.2 Biofilm reactors optimisation for high denitrification 
performance under salinity inhibition 

Biofilms are dynamic and complex ecosystems of microorganisms attached to a 

surface (Parrilli et al., 2022). In these systems, the EPS secreted by the cell, mainly 

consisting of polysaccharides, structural proteins, enzymes, nucleic acids and lipids 

(Costa et al., 2018), generates a matrix for microorganisms favouring the adhesion 

and cohesion of cells and the trapping of water and nutrients. Not only do biofilm 

systems create a protective environment from the external salinity, but they also 

facilitate microbial interactions (Costa et al., 2018; Parrilli et al., 2022) via signalling 

molecules (quorum sensing) that can coordinate the activity of cells in response to 

salinity (for a review Huang et al. (2024), Shrout and Nerenberg (2012)). This co-

operation, important in saline conditions where the microbial diversity is limited, 

results, for instance, in synthesis and sharing of fundamental and protective 

biomolecules (e.g., vitamins or compatible solutes) among the microorganisms, or 

promotion of EPS production (B. Chen et al., 2024; García-Roldán et al., 2024; Li et 

al., 2023; Shrout and Nerenberg, 2012; Wang et al., 2024; Zhou et al., 2024). 

Therefore, biofilm reactors represent an optimal choice for the denitrification of saline 

wastewaters, creating a protective environment, retaining the microorganisms in the 

system and ensuring stable process performances (Z. Huang et al., 2024; Zhao et 

al., 2019). 

2.2.1 Biofilm reactor designs used for denitrification under salinity stress 

In general, biofilm reactors adopt different types of high surface materials, also called 

biofilm carriers, to facilitate the growth of biofilm. Biofilm reactors present some 

advantages if compared to conventional activated sludge processes, such as high 
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removal rates and low hydraulic retention times (HRT), i.e., lower volume 

requirements, high biomass retention and concentration, and low excess sludge 

production (Di Capua et al., 2015; Huang et al., 2019; Zhao et al., 2019). On the other 

hand, some of the disadvantages associated with biofilm reactors are prolonged 

start-up times for biofilm development, risk of limited mass transfer, as well as high 

operational costs to control the hydrodynamics for optimal conditions (Di Capua et 

al., 2015; Rittmann et al., 2018; Wu et al., 2021). Such aspects need careful attention 

during the selection of a biofilm technology, especially from an economic perspective. 

Heterotrophic, autotrophic and mixotrophic denitrification (Table 2), have been 

studied in various type of biofilm reactors under salinity stress showing different 

performances in terms of nitrogen volumetric loading rate (NVLR) capacity and 

removal efficiency (NRE) at different salinity levels. The highest NVLR (13.2 gN/L/d) 

and lowest HRT (~0.7 h) were reached for heterotrophic denitrification with a FBBR 

(Vredenbregt et al., 1997), proving its high-rate treatment capacity and high (>90%) 

removal efficiency. Also, MBBRs enabled generally higher NVLR (1.4-3.5 gN/L/d) 

with NRE >70% for heterotrophic denitrification (Dupla et al., 2006; Labelle et al., 

2005; Shelly et al., 2021), if compared to the majority of the other studies. For 

autotrophic denitrification under salinity stress, the most used reactors have been the 

S0 packed bed and up flow columns. The highest NVLR reached was 1.2 gN/L/d with 

low HRTs (1-4 h), but NRE was around 20% (Y. Li et al., 2024). The studies using 

mixotrophic denitrification with S0 as carrier and addition of organics showed 

improved NREs, if compared to the sole autotrophic denitrification, at NVLR up to 1.9 

gN/L/d (Aminzadeh et al., 2010). 

 

In general (Table 2), when the source of microorganisms was a municipal WWTP 

sludge, the best denitrification performances were obtained in the salinity range 1-

3.5%. Contrarily, when the biomass had a saline history, NRE above 70% were 

obtained at salinities of 6-7% for heterotrophic denitrification, with high (24 h) HRT at 

low NVLR (0.02-0.15 gN/L/d) in sequencing batch biofilm reactors (Feng et al., 2023; 

Wang et al., 2020). For autotrophic and mixotrophic denitrification, the best 

denitrification performances were obtained when salinity ≤3.5% even with biomass 

with a saline history, showing the higher tolerance to salinity of heterotrophic 

denitrifying biofilms. Nevertheless, the highest salinities tested for denitrification have 

been reported for reactors without biofilm carriers. For example, in expanded granular 

sludge bed reactor studies, tested salinities reached 11.6 and 14.5%, with 

NREs>95%, high NVLRs but also high (22-24 h) HRTs (Liao et al., 2013; Miao et al., 
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2015). The highest salinity tolerance (14.5%) (Liao et al., 2013) was obtained mainly 

with NaNO3 and CH3COONa, indicating that inhibition by chloride and sulphate was 

not present, while the study with the second highest salinity (11.6% NaCl) used 

biomass from a reactor treating highly toxic wastewater (Miao et al., 2015). 

Nonetheless, granular sludge has been shown of forming a protective environment 

for bacteria from salinity stress (Corsino et al., 2018), thus representing an interesting 

option for saline wastewater treatment but with long startup times for the granules 

formation that need improvements (Han et al., 2022). Also, in a study using a 

continuously stirred tank reactor with a biomass coming from a municipal WWTP 

(Osaka et al., 2008), a NRE of 99% was reached at salinity (NaCl) of 10%, with an 

HRT of 48 h and after a gradual salinity increase lasted for more than 200 days of 

operation. 

 

Overall, the main difference between biofilm and floc/granular sludge reactor studies 

here reported can be found in the lower HRTs tested for biofilm reactors. Regardless 

of the reactor type, the inorganic ions forming salinity and the source of the 

microorganisms are crucial aspects in saline wastewater treatment that need to be 

considered for the process design. Further research is needed to investigate the best 

performing reactor designs and the carrier typology to optimise the process under 

salinity stress. 
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2.2.2 Biofilm carrier selection for saline conditions 

An important aspect of biofilm reactors is the selection of the biofilm carrier. Its 

material and surface properties (surface area, roughness, porosity, hydrophobicity, 

charge), as well as the filling fraction in the reactor affect the biofilm formation, growth 

and process performance (Morgan-Sagastume, 2018). To date, many materials are 

being used and studied as carriers, such as inert inorganic (granular activated carbon 

(GAC), sand, zeolite) or organic (polypropylene (PP), polyethylene (PE) etc.), 

reactive inorganic (S0) and organic (vegetal wastes, polybutylene succinate) that act 

also as electron donor, as well as with chemically modified surfaces, with their related 

strengths and weaknesses in terms of microbial attachment, mechanical resistance 

and protected surface area (Zhao et al., 2019). Ideally, a biofilm carrier should have 

a large specific area for the biofilm attachment but at the same time limit clogging due 

to excessive biofilm growth, to guarantee an adequate biofilm-liquid interface and 

efficient mass transfer, as well as presenting resistance to abrasion, mechanical 

stress and biodegradation together with affordable costs (Morgan-Sagastume, 2018). 

Therefore, the active biofilm surface area and the biofilm thickness, both determined 

also by the carrier structure, play key roles for the process performance (Morgan-

Sagastume, 2018; Zhao et al., 2019). 

 

Under saline conditions, carriers favouring thick biofilms could improve the tolerance 

to salinity. Thick biofilms have shown higher tolerance to inhibition than thin biofilms 

(Piculell et al., 2016). In a thick biofilm, the inner layers are less exposed to inhibitors, 

making the biomass resilient to sudden changes in the external conditions (Piculell, 

2016). On one hand, thick dense biofilms provide more protection and more biomass 

with a higher removal potential than thinner biofilms, on the other, however, the 

substrate diffusion is limited for the deeper layers (Piculell, 2016). The latter can 

cause endogenous activity and lower adhesion capacity of the microorganisms in 

these layers, reduce the biofilm surface area resulting in lower removal performance 

and biofilm detachment (Boltz and Daigger, 2010; Huang et al., 2019). Nonetheless, 

thick biofilms can also present a porous structure, which could favour the substrate 

mass transfer from the liquid to the deeper layers but also the penetration of 

inhibitors. To control the biofilm thickness and density the adjustment of the hydraulic 

shear forces, e.g., via mixing velocity, and of the organic loading rate are effective 

strategies (Dupla et al., 2006; Morgan-Sagastume, 2018), while the biofilm porosity 
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has been reported of depending on the microorganisms’ biomass yield (Van 

Loosdrecht et al., 1997).  

 

Also, the carrier’s structure should be considered. For instance, carriers with a porous 

structure could represent an option, given their high surface area (>1000 m2/m3), 

where the biofilm can grow in the pores protected from external stressors and 

inhibitors (Raj Deena et al., 2022; Zhang et al., 2009). Moreover, such carriers have 

usually the advantage of quick biofilm formation. Nonetheless, due to the clogging of 

the pores by the biofilm during the reactor operations, the active surface area is 

usually lower than the initial one, resulting in lower biofilm-liquid interface and thus, 

lower mass transfer than expected (Morgan-Sagastume, 2018). 

 

As for the carriers used in denitrification studies under salinity stress (Table 2), no 

direct conclusions can be drawn for the best performing ones. On one hand, carriers 

used for MBBRs that present thick biofilms and high biomass quantity per single 

carrier have shown high removal rates. On the other hand, sand, with a lower surface 

area than many MBBR carriers, was used in the best performing reactor (FBBR) 

(Vredenbregt et al., 1997), possibly suggesting that other factors rather than the 

carrier played a more important role. S0 is the most used carrier for autotrophic 

denitrification under salinity stress and present the advantage of acting also as 

electron donor, but the denitrification rates could be improved with S2O3
2- as electron 

donor (Di Capua et al., 2019).  

 

Research focusing on biofilm carrier optimisation for denitrification under salinity 

stress is limited. An optimal carrier should provide a protected environment for a thick 

and microbially diverse biofilm, whose thickness should be controlled to guarantee 

an effective substrate removal, and be characterised by a suitable material density to 

avoid the effect of salinity increased buoyancy. Thus, further research is needed 

about the carrier selection under salinity stress. 

2.2.3 Biofilm reactors for denitrification: MBBR vs FBBR 

MBBR and FBBR are among the most used biofilm reactors for denitrification (Di 

Capua et al., 2015; Ødegaard, 2006; Wu et al., 2021). Their comparison is reported 

in Table 3, where their operational differences are summarised.  
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Table 3.        Comparison of MBBR and FBBR technologies. 

 

 

 

 

Operating mode 

 

Biofilm carriers suspended and moved by a 
mechanical mixer  

 

Fine carrier material bed fluidised by a 
high recirculation flow 

Common carriers Plastic or foam, various dimensions (0.5-5 
cm) and shapes (chips, cylindrical, cubes or 
disk), hollow or porous (Morgan-Sagastume, 
2018; Raj Deena et al., 2022). 

GAC, zeolite, sand, lava rock, plastic, 
in fine grains (<1 cm), porous or not 
(Eldyasti et al., 2012; Papirio et al., 
2013). 

Benefits Simple operating conditions, compactness 
and flexibility, high biomass quantity  

retention, no recirculation, fully mixed 
conditions, low excess sludge production, no 
backwash (McQuarrie and Boltz, 2011; 
Ødegaard, 2006). 

Low HRTs and small reactor volume, 
biofouling control, substrate toxicity 
dilution, (semi)fully mixed conditions, 
low excess sludge production,  

no backwash (Di Capua et al., 2015; 
Özkaya et al., 2019). 

Limitations Substrate diffusion limitations for thick 
biofilms, biofouling and clogging of carriers,  

necessity to control biofilm thickness 
(McQuarrie and Boltz, 2011; Ødegaard, 
2006). 

Pumping energy cost for fluidisation, 
reactor size limitations 
(height:diameter ratio constraint), 
carrier deterioration due to strong 
friction forces, challenging biomass 
monitoring (Di Capua et al., 2015; 
Özkaya et al., 2019). 

 

As seen from Table 2 and 3, FBBRs can guarantee high removal rates and low HRTs. 

The dilution of the influent created by the internal recirculation makes the FBBR a 

suitable reactor for reducing the toxicity of the influent, such as metals in mining 

wastewaters (Papirio et al., 2013). Therefore, it could also provide a high-rate 

denitrification technology for saline wastewater. Moreover, the FBBR is suitable for 

slow growing biomass, such as autotrophic denitrifiers (for a review Özkaya et al. 

(2019)). High nitrogen removal rates have been achieved with both non-porous sand 

(12 gN/L/d)  for heterotrophic (Rabah and Dahab, 2004) and porous GAC (3.2 gN/L/d) 

for autotrophic (Zou et al., 2016) denitrification, respectively. Carriers with different 

surface areas (blast plastics, zeolite and lava rock), have shown similar nitrogen 
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removal performances, suggesting that the large surface area of porous carriers 

decreases due to the clogging of the pores by the biofilm (Eldyasti et al., 2012). An 

advantage of using porous carriers like GAC is given by its adsorption capacity of 

toxic pollutants or substrate for the attached microbes (Dutta et al., 2014), but the 

possible inhibition of the carrier on the microorganisms (Kowalski et al., 2019; 

Morgan-Sagastume, 2018), as well as their abrasion due to high friction (Özkaya et 

al., 2019) should also be considered. Eventually, the carrier material determines the 

recirculation flow required for fluidisation, and, hence, influences the cost of the 

process (Papirio et al., 2013). Overall, the FBBR carrier selection has shown of 

affecting the reactor operation more than the denitrification rate, but the choice of the 

carrier needs further investigation due to the limited literature about the use of FBBR 

in saline conditions.  

 

The MBBR is a well-known reactor technology used to treat many wastewaters from 

different industrial sectors like textile, pharmaceutical, pulp and paper etc. (Gupta et 

al., 2022). The MBBR presents an easier and cheaper operation mode than the 

FBBR, with mixing provided by a mechanical mixer, but it requires more control for 

the clogging of the carriers and the biofilm thickness. The larger dimensions, 

compared to FBBR carriers, should enable higher biomass retention and thicker 

biofilms, but are also more prone to clogging due to the lower shear stress present in 

the MBBR. For denitrification under non-inhibitory conditions, PE carriers have shown 

higher denitrification rates than other polymeric material carriers (Yuan et al., 2015), 

possibly due to their shape, surface area and efficient mass transfer, while under 

toxic conditions (naphthalene removal), porous polyurethane foam carriers showed 

faster removal kinetics than PE or PP carriers (Sonwani et al., 2019). Therefore, the 

best performing carrier selection strongly depends on the wastewater treated as well 

as on the biological process employed. Under saline conditions, different MBBR 

carriers have been compared for nitrogen removal at constant 1% (Zan et al., 2022), 

2.8% (Dupla et al., 2006) and 3% salinity (Tadda et al., 2021), but knowledge about 

carriers at higher salinities characterizing industrial wastewaters is needed. 

 

In summary, MBBR and FBBR are known high-rate treatment technologies that could 

provide improved salinity tolerance. Both reactors have been used for denitrification 

under salinity stress (Table 2), but a systematic analysis of the optimal reactor design 

as well as of the optimal carrier selection under salinity stress is missing, requiring 

further investigation. 
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2.2.4 Salinity inhibition modelling in biofilm reactors 

Modelling is an important aspect not only for the operation and prediction of the 

bioprocess, but also for its optimisation (Rittmann et al., 2018). The inclusion of 

salinity inhibition on denitrification in biofilm models would enable, for example, 

prediction of its behaviour at a certain salinity concentration and its optimisation 

accordingly. 

Biofilm models are characterised by higher complexity than activated suspended 

sludge models, since they need to include mass transport phenomena, such as 

diffusion of dissolved matter from the bulk phase to the biofilm layer. Usually, 1D 

models represent sufficiently well biofilm dynamics, enabling shorter computational 

times and requiring less input parameters to be determined (Rittmann et al., 2018). 

A further simplification consists in considering apparent kinetics for the biofilm 

process, which are based only on observed macro-measurements in the bulk phase, 

and include phenomena like diffusion in adapted kinetic parameters (μmax, Ks etc.) 

(Plattes et al., 2006; Y. Wang et al., 2016).  

Salinity inhibition on nitrogen removal rate is usually represented by non-competitive 

inhibition functions, like Hill’s (Carrera et al., 2023; Lin et al., 2021; Mariángel et al., 

2008; Zuo et al., 2021), which correlates the salinity concentration with the decrease 

in nitrogen removal rate. This function can then be implemented in a time-dependent 

biokinetic model to reproduce the kinetics of nitrogen removal and intermediates 

accumulation, as done for granular sludge (Carrera et al., 2023) and sludge flocs 

(Zuo et al., 2021). Nevertheless, there are no reports about modelling salinity 

inhibition on biofilms, possibly because of its complexity. 

Biofilm inhibition modelling has been reported for some substances, such as aniline, 

by using a model that considers the diffusion mechanism (Gheewala et al., 2004). 

Such approach, which represents more accurately the real phenomena but is also 

complex to be implemented in time dependent models, is challenging for the 

simulation of salinity inhibition, considering the possible formation of salinity gradients 

in the biofilm, the possible precipitation of salts on the carrier surface and the specific 

toxicity of different ions. Simplified approaches that include the mass transfer in 

apparent parameters (half-saturation and half-inhibition constants) has also been 

used for substrate inhibition on attached biomass nitrification (Carrera et al., 2004). 

This method would simplify the inclusion of salinity inhibition in biofilm models, 

starting from simulating the inhibition kinetics, and is, therefore, relevant for the 

reactor optimisation under salinity stress. 
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2.3 Denitrification of wet flue gas scrubber wastewater 

Wet scrubbing is one of the most established and flexible post-combustion 

technologies used in many industrial sectors to remove harmful pollutants from flue 

gases, like SO2, known as flue gas desulphurisation (FGD) process (Córdoba, 2015; 

J. Zhao et al., 2021; M. Zhao et al., 2021), or simultaneously NOx and SO2 (M. Zhao 

et al., 2021). In these systems, flue gases are washed with a solution, such as CaO, 

seawater, NaOH or Mg(OH)2, which adsorbs the pollutants from the gaseous to the 

liquid phase, generating a wastewater (Córdoba, 2015; Lecomte et al., 2017). 

2.3.1 Scrubber wastewater and common treatment methods 

Wet scrubber wastewater has a complex matrix characterised by high salinity and 

the frequent presence of nitrogenous and sulphurous compounds, heavy metals and 

polyaromatic hydrocarbons (Córdoba, 2015; Gingerich and Mauter, 2020; Hu et al., 

2023). The volume and composition of scrubber wastewater depends on flue gas 

composition, on the scrubber type (scrubbing solution, source of water, operation 

mode, heat recovery) and on the flue gas treatments before the scrubber (Gingerich 

and Mauter, 2020; Hu et al., 2023; Parsons et al., 2016; Pöyry, 2016). For instance, 

in 2014 in only the United States, 210 million m3 of FGD wastewater was generated 

by coal fired power plants (Gingerich et al., 2017), even though the transition to other 

forms of energy indicates a possible decreasing trend of FGD wastewater production. 

In marine transportation sector, it is estimated that ships equipped with scrubbers 

discharge worldwide around 10 billion m3 of scrubber wastewater in a year (Osipova 

et al., 2021). Therefore, scrubber wastewaters need proper treatment before 

discharge, as they do pose risks for human health and the aquatic environment 

(Córdoba, 2015; Gingerich et al., 2017; Osipova et al., 2021; Teuchies et al., 2020; 

Ytreberg et al., 2022).  

Currently, physical-chemical treatments (e.g., oxidation, flocculation, sedimentation) 

are the most employed for scrubber wastewater (Córdoba, 2015; EPA, 2011; 

Gingerich et al., 2018; Hu et al., 2023; Lecomte et al., 2017; Shuangchen et al., 

2016). Alternatives to the treatment have also been reported, such as the 

recirculation of the effluent in the same scrubber after solids separation or injection 

to the boiler (Cordoba and Staicu, 2018; Gall et al., 2022). These methods would 

notably reduce the amount of wastewater to be managed, but could cause technical 
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problems to the scrubber operation, as the scrubbing solution becomes more 

concentrated, or to the boiler, where it could cause fouling and corrosion. In smaller 

power plants as well as in other sectors (e.g., municipal sludge incineration), where 

the scrubber wastewater volumes are small, it is common to convey the wastewater 

directly to an existing WWTP (Pöyry, 2016). This choice mainly depends on the 

scrubber effluent composition, effectiveness of the existing treatment plant in 

removing the pollutants in the flue gas scrubbing wastewater and environmental 

requirements.  

2.3.2 Biological nitrogen removal under saline conditions 

Nitrate and nitrite, known contributors to eutrophication of water bodies, are 

commonly present in scrubber wastewaters from many industrial sectors, with 

increased concentrations in the case of NOx-SO2 scrubbers. To reduce the overall 

NOx emission load to the environment, their removal from the water phase is 

important.  

The common physical-chemical treatment-chains for scrubber wastewaters seldom 

target dissolved pollutants, such as nitrate. To improve their removal, biological 

treatments, also suggested by the US Environmental Protection Agency (EPA, 2020, 

2015), could play an important role in complying with the emission regulations, 

representing cost-effective and sustainable solutions (Z. Huang et al., 2024). Multiple 

biological approaches for scrubber wastewater can be found in literature, such as 

biological S0 recovery (Blázquez et al., 2019; Mora et al., 2020) and Se0 recovery 

(Cordoba and Staicu, 2018; Gingerich et al., 2018), or as a sulphur source for the 

treatment of municipal sewage in the Sulphate Reduction, Autotrophic Denitrification 

and Nitrification Integrated process (Jiang et al., 2013). 

Usually, as showed in Figure 2, NO3
-/NO2

- co-occur with high concentrations of 

inorganic ions like chloride, sodium or magnesium, and sulphate, which contribute to 

the salinity of the wastewater. Thus, bioprocess inhibition, due to the composition of 

the wastewater, and the lack of suitable energy sources for the biological treatments 

represent the two main challenges (Cordoba and Staicu, 2018; Gingerich et al., 2018, 

2017), also for denitrification. 
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Figure 2.  Nitrate and nitrite concentrations found in wet flue gas scrubber wastewaters and co-
occurring concentrations of other ions. Number of datasets: 23, of which 18 are from FGD 
(wet lime-gypsum) scrubbers, 4 from NOx-SO2 scrubbers and 1 not specified. When a 
range of the concentration values was reported, the mean value of that range is shown in 
the table. * Refers to the element. References: (This study; Ahmed et al., 2024; Bogacki et 
al., 2018; Brown et al., 2012; Chen et al., 2023; Chin et al., 2023; Fang et al., 2018; 
Galkaduwa et al., 2017; Gall et al., 2022; Huang et al., 2013, 2012; Iskra et al., 2020; Jo et 
al., 2016; Koenig and Liu, 2004; Ma et al., 2019b, 2019a; Martin et al., 2021; Morita et al., 
2007; Riffe et al., 2008; Solińska and Bajda, 2022; Vendrup and Sund, 1994; Wei et al., 
2017). 

The co-presence of heavy metals as Cr, Hg or V could have adverse effects on 

microbial metabolism, while other trace metals (e.g. Co, Fe, Ni, Zn) could be 

beneficial to microorganisms’ activity (Cordoba and Staicu, 2018). Nonetheless, at 

real scale, when the biological treatment is located after chemical precipitation, where 

most of the heavy metals are removed, the main inhibitor is considered to be salinity 

(Yan et al., 2019). Table 4 shows denitrification studies, both autotrophic and 

heterotrophic, on scrubber wastewater reported in literature, where the majority 

focused on FGD wastewater. All of them were performed under high salinity stress, 

with high concentrations of chloride, sulphate and sodium. Moreover, most of them 

needed to add a suitable electron donor for denitrification. Alternatively, some of them 

used electron donors internal to the process (S2-), whose production, however, 

required the addition of an external organic. Similarly, in real applications like the 

Envirogen FBBR Technology (Togna, n.d.) and ABMet technology by Veolia (Veolia 

Water Technologies, n.d.), where both nitrate and selenate are removed, carbon 

addition is required. 
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2.3.3 Scrubber wastewater denitrification in pulp mills 

Pulp industry must deal with SO2 and NOx emissions control in flue gases (Suhr et 

al., 2015), especially from the recovery boiler where the process’ chemical solution 

(white liquor) is recovered from the spent one (black liquor). The flue gases are 

characterised by high SO2 and dust content, and by temperatures <250 °C, often 

making the use of selective catalytic reduction for NOx removal challenging (Valmet, 

2017). For this reason, scrubbers removing simultaneously NOx and SO2 are an 

attractive solution. In these systems, NO solubility is increased by adding oxidisers 

as ClO2 (Johansson et al., 2021a) or NaClO (Flagiello et al., 2023), as well as 

compounds like Na2SO3 (Schmid et al., 2022), while Na2S2O3 addition can prevent 

the fast oxidation of SO3
- to SO4

2- (Schmid et al., 2023). Moreover, these chemicals 

are employed in the pulping and bleaching processes and, hence, easily available on 

site (Johansson et al., 2021b). Eventually, the generated wastewater is high in NO3
-

/NO2
-, SO4

2-, Na+ and Cl-, while it is low in heavy metals, since wood contains low 

amounts of them. A possible solution proposed for managing this wastewater is to 

treat it at the existing WWTP of the pulp mill (Gall et al., 2022). As a pretreatment, a 

case study (Myrberg, 2024) suggested that SO4
2- should be removed, for example 

via precipitation with lime, to avoid possible settling issues in the activated sludge 

basin.  

In general, the overall pulp mill wastewater is low in nutrients (N and P), with common 

BOD:N:P ratios of 100:(1-2):(0.15-0.3) (Cabrera, 2017). Thus, NH4
+ and PO4

3- are 

usually added to support the biological treatment, which typically consists of an 

aerobic activated sludge process (Ashrafi et al., 2015; Cabrera, 2017). Therefore, the 

existing WWTP is not optimised for the reduction of NO3
-/NO2

- that are introduced 

with the scrubber wastewater. Moreover, the daily scrubber wastewater production is 

estimated to be 100-1000 times lower than the overall pulp mill wastewater, which is 

around 104-105 m3/day (Suhr et al., 2015), indicating that it would not fulfil the N 

requirement of the existing aerobic biological treatment. In support of this, a lab-scale 

study showed that NO3
- and NO2

- could only partially replace conventional N 

supplements (e.g., urea) to support aerobic COD removal (Keskinen, 2021). Hence, 

a pre-denitrification treatment could represent a sustainable option to remove NO3
-

/NO2
- from the scrubber wastewater prior to the mill’s WWTP, avoiding modifications 

to the existing plant or dilution of NOx
-.  
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To support the denitrification process, some waste streams rich in organic 

compounds generated in pulp mills could be potentially suitable as inexpensive 

electron donors. For instance, evaporator foul condensate is produced during the 

chemical recovery process (Figure 3), when black liquor is concentrated in 

evaporators, prior to the recovery boiler, and the resulting vapour is condensed (Tran 

and Vakkilainen, 2008). Such stream is rich in methanol and other organics, as well 

as NH4
+ (Badshah et al., 2012; Rintala and Puhakka, 1994). Given the high impurity 

of the methanol and to reduce the organic load in the WWTP, foul condensate is 

usually treated by stripping and burning (Suhr et al., 2015), but some studies have 

successfully treated it with biological methods for COD removal (Dias et al., 2005), 

volatile fatty acid (Eregowda et al., 2021) or methane production (Badshah et al., 

2012). Thus, foul condensate could potentially serve as electron donor for 

heterotrophic denitrification. Similarly, autotrophic denitrification could be facilitated 

by the S-compounds in the same scrubber wastewater, such as exceeding SO3
2- and 

S2O3
2- from the scrubbing process, also easily available in the mill. Therefore, the 

potential of denitrification in biofilm reactors for saline pulp mill streams treatment, 

supported by electron donors found on site, requires further investigation. 

 

Figure 3.  Simplified process flow diagram of foul condensate treatment and possible fates of 
scrubber wastewater in pulp mills. 
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3 MATERIALS AND METHODS 

In this chapter, a summary of the designs, calculations, modelling and analytical 

methods of the experiments is presented. More detailed descriptions of the materials 

and methods used are reported in Publications I, II, III and their related 

supplementary materials. 

3.1 Source of denitrifying microorganisms 

All the microorganisms used in this work had a non-saline history. The heterotrophic 

biomass used in the experiments of Publication I was enriched from the denitrification 

compartment sludge of a Finnish municipal WWTP (Helsinki). The autotrophic 

microorganism used in Publication I (T. denitrificans DSM12475) was purchased from 

Leibniz-Institute DSMZ (Germany) and originated from domestic sewage lagoons. 

Both heterotrophic enrichment and autotrophic pure cultures were maintained as 

reported in Publication I, with methanol and thiosulphate as electron donors, 

respectively. The same cultures were used in Publication II as inocula for the 

heterotrophic FBBR and the autotrophic FBBR. In Publication III, the heterotrophic 

biomass was enriched from a denitrifying sludge of an Italian municipal WWTP (Lavis, 

Italy) and maintained as in Publication I prior to be inoculated in the MBBRs. 

3.2 Experimental overview 

The summary of the experimental designs conducted in this work is shown in Figure 

4. In the first set of experiments (Publication I), a series of batch tests were performed 

to study the effects of inorganic ions (Na+, Cl−, SO4
2− and K+), commonly present in 

saline industrial wastewaters, on both methanol-driven heterotrophic (enriched mixed 

culture) and thiosulphate-driven autotrophic denitrification (T. denitrificans). Pairs of 

ions were added as salts at increasing concentrations and the inhibitory effects were 

observed on nitrate removal rate and nitrite accumulation. Modified Hill’s inhibition 
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function was fitted for each salt to compare the inhibition levels, and the data were 

analysed to identify the ion with the highest effect on denitrification.  

Next, the performance and tolerance of methanol-driven (HD) and thiosulphate-

driven (AD) denitrification were studied in two continuous flow FBBRs filled with GAC 

(Publication II) by evaluating nitrogen removal rates and efficiency, denitrification 

kinetics and biomass quantity and microbial community changes. Nitrogen loading 

rate and salinity, given by multiple inorganic ions, were gradually increased in a 

simulated saline wastewater and, once inhibition was met, the reactors were 

recovered by decreasing salinity concentration. Then, in the methanol-driven FBBR, 

the suitability of pulp mill foul condensate as energy and carbon source was 

investigated, aiming at evaluating its potential as supplement for denitrification. 

 

The denitrification process showing the highest nitrate removal rate at the highest 

salinity in FBBRs (heterotrophic) was then tested in two MBBRs (Publication III). 

Methanol-driven denitrification was studied with a hollow-body (K5) and a porous-

body (M30) carrier, by observing nitrogen removal rates and efficiencies, 

denitrification kinetics, biofilm quantity, development and microbial community 

dynamics under increasing nitrogen loading rates and multi-ionic salinity in a 

simulated wastewater. The aim was to obtain the highest nitrogen removal efficiency 

in the MBBR process under salinity stress via carrier selection at different salinities. 

Eventually, the performances of FBBRs and MBBRs, as well as the carriers used, 

were compared to outline the differences of the two biofilm reactor systems for 

denitrification of saline wastewaters. Also, the salinity inhibition effect on 

denitrification kinetics in the MBBRs biofilm was introduced in an existing biofilm 

model in Sumo©22 software, as described in Section 3.3. 

 

To assess the potential of denitrification in removing nitrogen from scrubber 

wastewater, real NOx-SO2 scrubber wastewater from pulp mill was chemically 

characterised and tested. First (Publication I), batch tests with suspended biomass 

were run both for heterotrophic and autotrophic denitrification, and methanol and 

thiosulphate were added as electron donors, respectively. Then (Publication III), 

heterotrophic denitrification was tested in two lab-scale MBBRs (carrier filling fraction 

25%), one with K5 and the other with M30 colonised carriers, in a semi-batch mode.  

 

In all the tests, pH was maintained in neutral range, temperature was controlled at 30 

or 35 °C and anoxic conditions were created by N2 purging. 
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Figure 4.  Summary of the experiments performed in this work. 
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3.3 Modelling of salinity effect on denitrification kinetics in MBBR 

At each salinity concentration tested in the MBBRs, the reactors were temporarily 

operated in batch mode to perform a nitrogen uptake rate (NUR) test. The specific 

denitrification rates (NOx
--N/gVS/d) calculated for the whole reactor 

(attached+suspended biomass) were then fitted with modified Hill’s inhibition 

function, to obtain the salinity parameters (KI and n) to be used in the modelling, for 

each of the MBBRs. The existing biofilm model for MBBR in Sumo©22 (Dynamita, 

France) software was used to simulate the denitrification kinetics in the two MBBRs 

(K5-MBBR and M30-MBBR) in the NUR tests. Only methanol-driven denitrification 

process was considered in the model. To include the inhibitory effect of salinity on 

the denitrification kinetics an inhibition factor (μS-inhib) was implemented in the nitrate 

removal rate of the biokinetic model “SUMO 4N”, which incorporates the four steps 

of denitrification, allowing the heterotrophic biomass to grow with NO3
-, NO2

-, NO and 

N2O as electron acceptors (Hiatt and Grady, 2008). The resulting equation system is:  
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where μT (1/d) is the specific growth rate determined at 30 °C, X (gCOD/L) is the 

active biomass, fCOD,1 and fCOD,2 are COD-N conversion coefficients, KNO3 and KNO2 

(mgN/L) are the half-saturation constants for nitrate and nitrite, respectively. I (salinity 

concentration, g/L) was a new input parameter. 

 

To simulate nitrite accumulation, KNO2 was calibrated accordingly. The initial 

conditions of biofilm thickness (L) and specific surface area (SSA) in the carriers were 

estimated by microscopy and visual observations or calibrated. Other parameters 

were set as described in Publication III.  

 

To verify the consistency of the model under different biofilm conditions, each salinity 

concentration was simulated under the initial conditions of each NUR test, by 

modifying I to the simulated salinity concentration and inserting the KNO2 value 

calibrated for that salinity concentration. This resulted in five calculated denitrification 

rates, one for each initial conditions of the NURs, for each salinity concentration. 
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Eventually, a sensitivity analysis of the parameters (L, SSA, KI and n) on the model 

output was conducted. 

3.4 Analytical methods 

The main analytical methods used are summarised in Table 5. 

 

Biomass quantity measurements and microbial community characterisation were 

conducted for both suspended and attached biomass in FBBRs and MBBRs. The 

detailed sampling, detachment and analytical procedures are reported in subsection 

2.4.3 and 2.5 (Publication II) and 2.5.2 and 2.7 (Publication III). 

Table 5.  Main analytical methods used in the experimental part of this work. 

Analyses Instrument/Method Publication 

NO3
-, NO2

-,  Ion chromatography (Dionex Integrion, Thermo Fisher Scientific 
Inc., USA); Hach cuvette tests (LCK339, LCK340, LCK343)+ 
spectrophotometer (HACH LANGE DR 3900, Hach Company, 
USA). 

I and II; III 

SO4
2-, S2O3

2- Ion chromatography (Dionex Integrion, Thermo Fisher Scientific 
Inc., USA) 

I and II 

NH4
+ HACH cuvette test (LCK 303)+ spectrophotometer (HACH LANGE 

DR 3900, Hach Company, USA). 
II and III 

CH3OH Gas chromatograph equipped with a flame ionisation detector 
(GC-2010, Shimadzu Co., Japan) 

I and II 

Dissolved organic 
Carbon (DOC) 

TOC-VCPH/CPN analyser (Shimadzu Co., Japan); TOC/TN 
analyser (FORMACS™ HT-I, Model 2CA17910, Skalar, 
Netherlands). 

I and II; III 

Biomass as C5H7O2N Digestion+ NO3
--N measurement with HACH LCK 339+ 

spectrophotometer (HACH LANGE DR 2800, Hach Company, 
USA). 

II 

Biomass as volatile 
solids (VS) 

Gravimetric analysis after heating at 550 ⁰C. III 

Biofilm observation Optical microscopy (Biostar BM 45, Optech, UK) with Plan 
40x/0.65 objective 

III 

Microbial community DNA extraction and 16S rRNA gene sequencing II and III 

3.5 Calculations and data analyses 

Calculations, models and analyses performed with the data of the experiments are 

summarised in Table 6. 
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Table 6.        Summary of calculations, models and data analyses used in this work. Unit 
conversion factors are not included in the equation/method. 

Parameter/model Equation/method Publication 

Nitrate removal rate (NO3
-
RR) 

(mg/L/h) 

Linear regression of steepest part in NO3
- concentration 

time profile 
I and III 

Osmotic pressure (OP) (atm)  OP= i∙M∙R∙T 

i: van’t Hoff factor, M: conc of the salt (mol/L), R: ideal 
gas constant (0.082 L∙atm∙mol-1∙K-1), T: temperature (K) 

I, II and III 

Modified Hill’s inhibition function NO3
-
RR = NO3

-
RRmax∙ 

KI
n

KI
n
+I

n  

NO3
-RR: nitrate removal rate (mg/L/h), KI (or IC50): half-

inhibition constant (g/L), n: tuning parameter (-) 

I and III 

Hydraulic retention time (HRT) (h) HRTFBBR= 
VFB

Qin

  ;  HRTMBBR= 
VMBBR

Qin

 

Qin: inflow (L/h), VFB: volume of fluidised bed (L), VMBBR: 
Volume of the MBBR (L) 

II; III 

Nitrogen volumetric loading rate 
(NVLR) for FBBR and MBBR 
(gN/L/d) 

NVLRFBBR, NVLRMBBR = 
[NO3 in

-
-N]

HRTFBor HRTMBBR
  II; III 

Nitrogen surface loading rate 
(NSLR) for MBBR (g/m2/d) 

NVLRMBBR

f·PSA
 

f: carrier volumetric filling fraction (25%), PSA: 
protected surface area of the carrier (m2/m3) 

III 

Nitrogen removal efficiency (NRE) 
(%) NRE=

[NO3 in
-

-N] -([NO
3 out

-
-N]+[NO

2 out

-
-N])

[NO3 in
-

-N]
 ∙100 

II and III 

Nitrogen removal rate, volumetric 
(NVRR, gN/L/d) or surface (NSRR, 
g/m2/d) 

NVRR, NSRR = NVLR or NSLR · NRE II and III 

Modified Stover-Kincannon (S-K) 
kinetic model 

HRT

Nin-Nout

=
KB

Umax

·
HRT

Nin

+
1

Umax

 

Umax: maximum nitrogen removal rate (g N/L/d); KB: 
saturation constant (g N/L/d) 

II and III 

Analysis Method Publication 

Goodness of fitting Coefficient of Determination (R2); Thiel’s inequality 
coefficient (TIC) 

I, II and III; 
III 

Variable importance Partial Least Square Regression and Random Forest 
Regression 

I 

Reactor performance difference 
significance  

Mann-Whitney U test (α=0.05) III 

Sensitivity of the model Sensitivity Analysis III 

Microbial community changes Principal coordinate analysis (PCoA) and Permutational 
analysis of variance (PERMANOVA) (α=0.05), 
Spearman Correlation 

II and III 
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4 RESULTS AND DISCUSSION 

This work revealed the inhibition of inorganic ions and the potential of biofilm reactors 

in providing improved tolerance to multi-ionic stress for high-rate denitrification, such 

as for the treatment of NOx-SO2 scrubber wastewater. The optimisation of the biofilm 

process can be achieved via carrier selection as well as suitable electron donor 

addition, based on the salinity concentration. Moreover, the successful 

implementation of an apparent inhibition factor to an existing biofilm model lays the 

foundation for a simplified approach in biofilm process inhibition modelling. 

4.1 Tolerance of heterotrophic and autotrophic denitrification to 
inorganic ions 

In the first step of the research (Publication I), the inhibition of inorganic ions on 

denitrification activity, added in pairs as salts (NaCl, KCl, Na2SO4 and K2SO4), was 

investigated in batch tests to identify the most inhibitory ones, among those 

characterizing industrial saline wastewaters. Previous reports have mainly used NaCl 

to study salinity inhibition on denitrification, as also noted by Macêdo et al. (2019), 

and few used Na2SO4 or Na3PO4 (Koenig and Liu, 2004; R. Wang et al., 2016), while 

the knowledge about single ions inhibition, like chloride, is limited. Then, in the FBBR 

(Publication II) and MBBR (Publication III) studies, a mix of salts (KCl and Na2SO4) 

was tested on both heterotrophic and autotrophic denitrifying biofilms to simulate 

industrial streams rich in sodium and sulphate, with the presence of chloride. 

4.1.1 Inorganic ions inhibition in batch bioassays 

For each ion pair tested, methanol-driven denitrification by an enriched mixed culture 

showed higher tolerance than thiosulphate-driven denitrification by the pure culture 

of T. denitrificans (Figure 5). This can be explained by the likely presence of various 

salt-tolerant genera in the mixed culture, as reported by Macêdo et al. (2019), while 

in the pure culture, denitrification activity ceased when the salinity tolerance threshold 
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of T. denitrificans was reached. For heterotrophic denitrification, the IC50 observed in 

this study for Na+ as NaCl (4.3±0.3 g/L) and Na+ as Na2SO4 (7.9±0.5 g/L) were 

comparable to other studies using mixed cultures with non-saline history (R. Wang et 

al., 2016; Zhao et al., 2013). On the other hand, Mariángel et al. (2008) obtained 50% 

inhibition at 18 g/L Na+(as NaCl) with a culture from a long-term enrichment under 

saline conditions. For autotrophic denitrification by the strain T. denitrificans 

(DSM12475), inhibition by inorganic ions was studied for the first time in this work. 

For a general comparison, Claus and Kutzner (1985) and Koenig and Liu (2004) 

observed higher salinity tolerance for T. denitrificans enriched from soil (35% 

inhibition at 12 g/L Na+(as NaCl)) and tidal flats (10% inhibition at 12 g/L Na+(as 

Na2SO4)), respectively, while Na+ IC50 of both salts was <5 g/L in this study. Thus, in 

closed batch systems, the history of the biomass is the key factor in the observed 

salinity tolerance of the process. 

 

The same inhibition level was caused by different concentrations of the ion pairs and 

OP levels, indicating that both the specific toxicity of the salt ions and the osmotic 

pressure played roles in denitrification inhibition (Figure 5). It was observed that the 

tested chloride salts were more inhibitory than sulphate salts (Publication I), and 

when discerning the effects with variable importance analyses, Cl- resulted the most 

inhibitory for both heterotrophic and autotrophic nitrate removal among the ions 

(Publication I). Such results were promising for the treatment of saline wastewaters 

where Na+ and SO4
2- are the main inorganic ions. Therefore, when dealing with 

inhibition by salinity, the identification of the main inorganic ions is of key importance 

for predicting the limits of the selected process.  

Nitrite accumulation differed between the methanol-driven mixed culture and the T. 

denitrificans culture, with NO2
- concentration peak decreasing with increasing ions 

concentrations in the heterotrophic process, while in the autotrophic process it rather 

had a downward opening parabola-like trend (Publication I). Eventually, in almost all 

the cases with accumulation, nitrite was consumed by more than 95%. Therefore, by 

observing overall nitrite accumulation and removal, it can be inferred that nitrite 

reduction step was less affected by salinity than nitrate reduction step, as in other 

reports (Chen et al., 2022; Mariángel et al., 2008; Zeng et al., 2020; Zhao et al., 

2013). Moreover, it can be speculated that different accumulation mechanisms 

underlay in the two cultures. In the T. denitrificans pure culture, nitrite reduction step 

was inhibited at the low concentrations of ions resulting in NO2
- accumulation. At 

increasing concentrations of the ions, nitrate reduction step became more inhibited 
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than nitrite reduction, resulting in lower accumulation of NO2
- but slower nitrate 

removal. Thus, the whole denitrification process was inhibited. In the heterotrophic 

mixed culture, the tolerance of certain microorganisms might be the reason for NO2
- 

accumulation decrease. Under non-inhibitory conditions, nitrate respirators grew 

faster than the true denitrifiers resulting in NO2
- accumulation (Glass and Silverstein, 

1998). At increasing salinity concentrations, the true denitrifiers were likely less 

inhibited than nitrate respirators and grew during the extended lag-phase, resulting 

in slower nitrate removal rates but also lower NO2
- peaks. Despite the high 

accumulation (850-1000 mg NO2
-/L), denitrification inhibition by NO2

- (Philips et al., 

2002) was low or absent, considering also that it was eventually consumed in the 

tests. Such outcomes are favourable for the treatment of saline wastewaters, where 

NO2
- usually accumulates with increasing salinity (Section 2.1.2). 

4.1.2 Improved salinity tolerance in biofilm reactors 

In biofilm reactors, methanol-driven denitrification was active at 8.1% salinity (OP ~44 

atm) in the FBBR (Publication II) and 9.5% (OP ~51 atm) in the MBBR (Publication 

III). Thiosulphate-driven denitrification showed lower tolerance, being strongly 

inhibited at 6.9% salinity in the FBBR (Publication II). Nonetheless, in the batch 

bioassays (Publication I), autotrophic denitrification activity ceased at 4.7% salinity 

and OP 24 atm (Na2SO4), while it was still active in the FBBR at 5.6% and OP 30 

atm, showing the improved tolerance in a continuous flow biofilm reactor system. The 

biofilm system provides a protective environment that allows the attached 

microorganisms to tolerate higher salinities than the suspended ones. In particular, 

the EPS matrix plays a key role in this, forming a gel-like diffusion barrier that protects 

from the high osmotic pressure and the toxicity of the ions. Not only does the EPS 

matrix hinder diffusion of salt ions in the biofilm (Siegrist and Gujer, 1985), but it also 

repels (e.g., Cl-) and adsorbs (e.g., Na+) some ions (Sudmalis et al., 2020), ensuring 

a less saline and more stable microenvironment with less fluctuations in ions 

concentrations than the liquid phase. This resistance of biofilm systems, if compared 

to suspended biomass reactors, can be extended also to other biological processes 

under salinity stress (e.g., COD removal (Hasanzadeh et al., 2020)) as well as to 

different inhibitors, such as toxic organic compounds (Zhang et al., 1995).  

The salinities tolerated in this study, at which denitrification was still active, were 

among the highest reported in literature for methanol-driven and thiosulphate-driven 

denitrification (Table 7). This comparison demonstrates that MBBR and FBBR could 
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provide improved salinity tolerance to the process, considering also that the 

microorganisms in this work did not have a saline history. Moreover, it also suggested 

that when treating saline wastewaters dominated by Na+ and SO4
2- (>10 g/L), with 

lower concentrations of the highly toxic Cl- (<10 g/L), higher overall salinities can be 

tolerated by the microorganisms. 

As a result of partial salinity inhibition, NO2
- started to accumulate in the effluent of 

the continuous flow biofilm reactors, contrarily to what observed in the batch 

bioassays, especially for methanol-driven denitrification. Such behaviour is possibly 

due to the enrichment of a stable community in the biofilm (see Section 4.2.3), 

capable of nitrite reduction, which was inhibited by the increasing salinity. 

 

Overall, the selection of heterotrophic or autotrophic denitrification for the treatment 

of saline wastewaters depends on the salinity concentration of the process and on 

the most easily available electron donor. In general, heterotrophic tolerates higher 

salinities (Table 2, 7) than autotrophic, whose tolerance can be improved by using 

biofilm reactors. When available, S2O3
2- guarantees higher rates to autotrophic 

denitrification as electron donor, but S0 and S2- seems to be more common, given 

also their presence in industries generating saline wastewaters (e.g., oil and gas 

industries) as well as elemental sulphur being environmentally and operationally safe 

(Di Capua et al., 2019; Panagopoulos, 2022). For heterotrophic denitrification, 

mixtures of organics as electron sources seems preferable to single electron donors, 

as they could further improve the process tolerance to salinity stress (Choi et al., 

2025; Zhang et al., 2020). 
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4.2 Denitrification under salinity stress in biofilm reactors: FBBR vs 
MBBR 

The performance of denitrification under salinity stress in FBBR and MBBR was 

compared. Methanol-driven heterotrophic (HDFBBR) and thiosulphate-driven 

autotrophic denitrification (ADFBBR) were tested separately in FBBRs filled with GAC 

(Publication II). Then, methanol-driven denitrification, which had an overall better 

performance in FBBR than autotrophic, was also tested in MBBRs by comparing two 

different plastic biofilm carriers (hollow-body (K5-MBBR) and porous-body (M30-

MBBR)) (Publication III). 

4.2.1 Reactors’ denitrification performances 

In FBBRs (Publication II), methanol-driven denitrification showed higher nitrogen 

removal performance at higher salinities than thiosulphate driven (Figure 6a and b), 

as can also be extrapolated from Table 7 for other studies. Nevertheless, 

thiosulphate-driven denitrification showed the highest denitrification capacity among 

other S-driven denitrification reactor studies. When using foul condensate as electron 

donor in the HDFBBR, its denitrification performance improved and achieved NRE 

>97% at NVLR around 2.5 gN/L/d and 6.8% salinity. After inhibition at 6.9% salinity 

for autotrophic and at 8.1% for heterotrophic denitrification, it required 17 and 5 days 

to recover NRE to >90%, respectively, facilitated by the biomass stored in the biofilm.  

 

In methanol-driven denitrification in MBBRs (Publication III), both K5-MBBR with 

hollow-body carrier and M30-MBBR with porous-body carrier showed NRE>96% at 

5.5% salinity (Figure 6c and d). In the K5-MBBR, volumetric nitrogen removal rate 

and surface removal rate were higher than in M30-MBBR, as also showed for the 

specific denitrification rate in the NUR batch tests (Figure 10). At 7.5% and 9.5% 

salinity, M30-MBBR had significantly (p<0.05) higher NRE than K5-MBBR and 

responded faster to the salinity increment. At the highest salinity (9.5%), M30-MBBR 

had also more stable NRE (89.5±1.6%) than K5-MBBR (80.9±6.5%) at NVLR up to 

1.4 and 1.6 gN/L/d, respectively.  
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When comparing the MBBRs’ nitrogen removal performances with the HDFBBR 

(Figure 6), higher volumetric rates were reached when using the FBBR, possibly due 

to the enhanced contact area between biofilm growing on the GAC and the liquid 

phase (Nelson et al., 2017). On the other hand, higher salinity tolerance was shown 

by the MBBRs and was likely linked to the thick biofilm structure, with differences in 

the removal rates and stability of the process based on the biofilm carrier, as 

explained later in Section 4.2.2.  

 

S-K model returned the highest maximum denitrification rate (Umax) for K5-MBBR at 

5.5% salinity (Figure 7a), while at 9.5%, M30-MBBR showed a higher removal rate 

potential. Umax for HDFBBR at 6.8% salinity was comparable to the MBBRs at 9.5% 

salinity, suggesting that its potential was not yet reached at the tested NVLR, while 

the ADFBBR’s denitrification capacity was close to the tested conditions and the 

lowest among the reactors. Thus, it was shown that both MBBR and FBBR could 

provide high-rate treatment technologies for denitrification of saline wastewaters. 

 

Figure 6.  FBBRs and MBBRs nitrogen removal performances comparison at different salinities. a.) 
Heterotrophic FBBR (HDFBBR), b.) Autotrophic MBBR (ADFBBR), c.) Heterotrophic 
MBBR with hollow-body carrier (HD K5-MBBR), d.) Heterotrophic MBBR with porous-body 
carrier (HD M30-MBBR). The legends show the salinity conditions in the tested temporal 
order. Periods of recovery were not included. 
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Figure 7.  Maximum denitrification rate from the S-K model (Umax) (a) and biomass concentration (b) 
for all the biofilm reactors tested. a) error bars represent standard error resulting from the 
model fitting, b.) only the highest concentration for each salinity condition is shown. *gVS 
or gC5H7O2N. 

4.2.2  Role of biofilm carriers in reactor performance and biomass protection 

Biomass retainment was considerably different in the FBBRs and MBBRs (Figure 

7b). Considering the conditions with the highest biofilm biomass concentrations, the 

values in the MBBR (gVS/L) were around 45 times those in the FBBR (gC5H7O2N/L), 

explaining the superior performance of MBBRs. The concentration difference was 

such that it indicated the higher biomass retention capacity as biofilm for the MBBR, 

despite the different biomass determination method used for the reactors and the 

difficulty in detaching all the biofilm from GAC. For instance, when calculating the 

heterotrophic biomass quantity per protected surface area of the reactor carriers, this 

resulted in biofilm densities of 8·10-7 gC5H7O2N/m2, 20 gVS/m2, 2.8 gVS/m2 for the 

HDFBBR, K5-MBBR and M30-MBBR, respectively. Hence, the hollow-body carrier in 
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the MBBR showed the highest biofilm density, resulting also in the highest 

denitrification rate capacity and activity per single carrier.  

 

At 7.5% salinity, in the K5-MBBR with the hollow-body carrier, the biofilm started to 

visually detach as regular segments from the plastic (Figure 8a), possibly due to 

biofilm shrinkage and expansion caused by osmotic pressure variations (Liu et al., 

2020) as well as salts electrostatic interferences with biofilm-surface cohesion (Chen 

and Stewart, 2000; Simões et al., 2005). The biofilm growing in the large hollows of 

the hollow-body carriers was more exposed not only to substrate, showing higher 

removal rates at 5.5% salinity, as reported at 2.8% salinity by Dupla et al. (2006), but 

also to salinity, resulting in higher inhibition (lower NRE) and detachment. In the 

porous-body carrier, the detachment was not microscopically so evident and possibly 

involved mainly the outer layer of biofilm, while the biofilm growing in the pores 

remained mostly undisturbed and less exposed to substrate and salinity (Figure 8b), 

resulting in lower inhibition and a more stable removal efficiency at 9.5% salinity. 

 

Therefore, the exposure of the biofilm to the inhibitors in the liquid phase becomes a 

crucial aspect for the choice of the carrier. Such exposure depends on the biofilm 

structure (density, porosity and thickness) as well as on the carrier structure and 

shear stress. In the porous GAC used in the FBBR, the micropores could store and 

provide a protective environment for the microorganisms against salinity, but the 

amount and thickness of the biofilm is limited by the small-sized grains as well as the 

high friction forces (Özkaya et al., 2019). GAC had also two side effects in the FBBRs. 

First, it interfered with the activity of the autotrophic biomass before the attachment 

(Publication II, Supplementary Materials), resulting in a longer startup time for 

ADFBBR than HDFBBR. Then, in both FBBRs, GAC adsorbed some S2O3
2- from the 

liquid phase, which could have a beneficial effect for the removal of other pollutants 

than N compounds from industrial wastewaters.  

 

The PE carriers used in MBBRs, had a visually thicker biofilm than GAC, enabling 

higher denitrification rates but also protection against salinity, with higher protection 

in the pores of M30-MBBR carriers. Such observations lay the foundation for the 

optimisation of denitrification in MBBRs under salinity stress via carrier selection 

based on the salinity concentration, with hollow-body carriers showing more 

suitability for high-rate denitrification at salinities <7.5%, and porous-body carriers 

providing more stable removal performance at higher salinities.  
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Figure 8.  Differences in biofilm detachment and exposure to substrate and salinity in the hollow-
body biofilm carrier (a.) and the porous-body biofilm carrier (b.). On the left, microscopic 
pictures (40x) of the two carriers at 7.5% salinity, on the right a scheme illustrating the 
exposure of the biofilm to salinity and substrate. 

Part of the biomass in the reactor was also suspended in the liquid phase. In both 

MBBRs with a mature biofilm, the suspended biomass was <6% of the total biomass, 

and the main denitrification activity was demonstrated to be mainly in the biofilm 

(Publication III, Supplementary materials). For the HDFBBR, the suspended biomass 

was in all the measurements ≥49% of the total biomass in the reactor, indicating that 

it likely played an important role in denitrification. Such observation would require 

considering also the liquid phase volume in the rate calculation of the FBBR, which 

is usually calculated based on the volume of the fluidised bed. For example, in the 

best removal performance of HDFBBR at 6.8% salinity, this would result in a reactor 

HRT of 6.2 h and a volumetric removal rate of 0.9±0.1 gN/L/d, against the fluidised-

bed-based values of 2.2 h and 2.4±0.1 gN/L/d. Thus, in this study, the MBBR would 

outperform the FBBR for denitrification under salinity stress. 
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4.2.3 Microbial community dynamics with salinity changes 

Methanol-driven denitrifying communities were characterised by a certain stability in 

both MBBRs and FBBR (Figure 9a, c and d). Despite the loss of some genera at 

5.5% salinity in the MBBRs, the main denitrifying genera (Methylovorus, Paracoccus, 

Hyphomicrobium, Proteiniphilum etc.) continued to dominate the biofilm community 

up to 9.5% salinity, and the changes were due to other less abundant genera. 

Similarly, in the HDFBBR, no major changes due to salinity were observed in the 

biofilm methanol-driven community (Methylovorus, Paracoccus, Aquamicrobium, 

Proteiniphilum etc.). Possibly, the higher presence in the MBBRs of Hyphomicrobium 

and Paracoccus, both salt-tolerant genera (Labbé et al., 2003; Osaka et al., 2008; 

Rissanen et al., 2016), contributed to the higher salinity tolerance than in HDFBBR, 

together with the higher biomass retention. When foul condensate was used as 

electron donor in the HDFBBR, resulting in improved NRE, Pseudomonas and 

Paracoccus relative abundances increased. Interestingly, no microbial genera 

present in the foul condensate were enriched, and, in addition to methanol, other 

organic compounds in the foul condensate (acetone, dimethyl sulphide, dimethyl 

disulphide, methanethiol and ethanol) were also consumed (Publication II, 

Supplementary materials). Therefore, the complex mixture of electron donors in the 

foul condensate stimulated the community and promoted denitrification under salinity 

stress, similarly to what observed for sludge fermentation liquid (Zhang et al., 2020). 

Overall, the stability of methanol-driven denitrification, reported also by others and 

likely due to the limited number of methylotrophs tolerant to hypersaline conditions 

(Labbé et al., 2003; Osaka et al., 2008; Rissanen et al., 2016), is a possible 

advantage for the stability of the process in industrial applications. 

 

In ADFBBR, after the inoculation of a pure culture of T. denitrificans, more genera 

became enriched, likely from tap-water, during the operations (Figure 9b). Despite 

the presence of other S-utilising capable genera like Paracoccus and Pseudomonas 

(Chen et al., 2013; Cui et al., 2019), T. denitrificans had the main role in autotrophic 

denitrification, and when it was inhibited at 6.9% salinity, the whole process declined. 

The denitrification activity was then recovered, showing the resilience of the system, 

but the central role in denitrification of only one microorganism (T. denitrificans) is a 

disadvantage in terms of process performance and stability. 

 

In the suspended phase, microbial communities were similar to those in the biofilm 

(Figure 9). Therefore, biofilm acted as a source of biomass for the liquid phase, 
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facilitating also the recovery of the ADFBBR by retaining and protecting T. 

denitrificans. Such protection of the community in the biofilm was also seen in the 

MBBRs, where the quantity of suspended biomass was considerably lower than in 

the biofilm (Figure 7b). 

 

 

1 2.1 8.1 6.8 6.8 (+FC) 2.1 8.1 6.8 6.8 (+FC)

0 36 58 78 93 106   36 58 78 93 106

Inoc GAC Liquid (L)  

Salinity %

Day

34  28 27 28 34 26  25 38 25 26 23

0.71  0.7 0.73 0.71 0.7 0.75  0.59 0.77 0.66 0.73 0.78 Simpson

Tot. genera

0

20

40

60

80

100

R
e
la

ti
v

e
 A

b
u

n
d

a
n

c
e
 %

 Proteiniphilum  Castellaniella

 Moheibacter  Methylovorus

 {Rhizobiaceae} UG  Thauera

 Aquamicrobium  Pseudomonas

 Paracoccus  Others

a.

1 2.3 6.9 5.6 2.3 6.9 5.6

0 58 71 86 106 58 71 86 106

Inoc GAC Liquid (L)  

Salinity %

Day

3  38 43 37 28 20 34 28 29

0.002  0.64 0.79 0.68 0.6 0.51 0.8 0.68 0.59 Simpson

Tot. genera

0

20

40

60

80

100

R
e
la

ti
v
e
 A

b
u

n
d

a
n

c
e
 %

 Moheibacter  {Comamonadaceae} UG

 {Rhizobiaceae} UG  Aquabacterium

 Aquamicrobium  Thiobacillus

 Paracoccus  Pseudomonas

 Castellaniella  Others

b.



 

48 

 

 

Figure 9.  Microbial community dynamics in terms of relative abundance changes at different salinity 
conditions in the biofilm reactors. a.) Heterotrophic FBBR (HDFBBR), b.) Autotrophic 
MBBR (ADFBBR), c.) Heterotrophic MBBR with hollow-body carrier (HD K5-MBBR), d.) 
Heterotrophic MBBR with porous-body carrier (HD M30-MBBR). The genus “Others” refer 
to the sum of genera below 2.5% relative abundance. Modified from Publications II and III. 
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4.2.4 Modelling of salinity inhibition on denitrification kinetics in biofilm 

The inhibited denitrification rate, measured in the NUR batch tests at different 

salinities with the two MBBRs, was modelled by adding an apparent inhibition factor 

μinhib for nitrate removal rate, which incorporates mass diffusion phenomena but is 

based on bulk concentration measurements (Plattes et al., 2006). Similarly, nitrite 

accumulation was simulated by calibrating an apparent KNO2, as done by Y. Wang et 

al. (2016). 

 

The model reproduced well the denitrification rates observed in the tests when the 

biofilm was mature (5.5-9.5% salinity) (Figure 10). In the tests at 1 and 2.7% salinity, 

the suspended biomass had still an important role in denitrification and the model 

showed its limits in discerning between biofilm and biomass contribution and 

inhibition, as suggested by the consistency test. The sensitivity analysis (Figure 10) 

showed that the half-inhibition constant KI had significant influence (S>0.25) in both 

reactors at 9.5% salinity. With the porous-body carrier (M30-MBBR), the influence of 

biofilm thickness (L) and specific surface area (SSA) were higher than KI, suggesting 

that in the modelling of high surface area carriers these parameters play a more 

important role. The determination of these parameters was possible for the hollow-

body carrier also considering the detachment of biofilm due to salinity. However, for 

the porous carrier, the values were assumed (SSA) and calibrated (L) due to the 

challenge in their determination. (Publication III) 

 

The half-inhibition constant KI, obtained from the modified Hill’s model from the NUR 

tests, includes also the protective effect of the biofilm, resulting in overall higher 

values (Figure 10) than observed for the suspended biomass tests (Figure 5), where 

it depended only on the microorganisms. The stability of the methanol-driven 

denitrifying community made possible to assume that kinetic and salinity parameters 

did not change during the reactors’ operation, and hence, the same values were 

adopted in all the NUR tests simulations. 

 

Overall, this is the first report of salinity inhibition modelling in biofilm reactors with 

different carrier typologies. The implementation of an apparent inhibition factor and 

an apparent half-saturation constant showed promising results for predicting salinity 

inhibition on an established denitrifying biofilm on MBBR carriers. Limits of such 

approach are the difficulty of discerning between biofilm and suspended biomass 

inhibition and representing inhibitory processes internal to the biofilm. Further 
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research is required to develop inhibition functions targeted to NO2
- and N2O 

reduction steps, as well as biomass detachment due to salinity, before modelling 

continuous flow operation. 

 

Figure 10.  Results of the denitrification rate (DR) inhibition modelling with Sumo©22 software, input 
parameters and sensitivity analysis results for the two reactors (K5-MBBR and M30-
MBBR). “Model test” refers to the consistency test. Modified from Publication III. 

4.3 Potential of pre-denitrification of saline wastewaters: case of 
NOx-SO2 scrubber wastewater in pulp mills 

The potential of autotrophic and heterotrophic denitrification for the treatment of 

scrubber wastewater in pulp mills was evaluated by testing real NOx-SO2 scrubber 

wastewater for both suspended and attached biomass.  
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In the batch test with suspended biomass, both autotrophic and heterotrophic 

denitrification were initially inhibited by the scrubber wastewater, if compared to the 

control conditions, but eventually removed all the nitrate (Figure 11a). In the semi-

batch test for heterotrophic denitrification in the MBBRs (Publication III), the biofilm 

was gradually exposed to wastewaters coming from the three different stages of the 

NOx-SO2, starting from the less concentrated (stage III) and ending with the most 

concentrated (stage II). Regardless of the carrier (K5 or M30), stage II wastewater 

(1.9 Cl-, 27 Na+, 50 SO4
2-, 0.4 K+ g/L) was the most inhibitory, but the biomass 

remained active and eventually NOx
--N was removed in all the wastewaters (Figure 

11b). The main inhibitor, as reported by Koenig and Liu (2004) for FGD scrubber 

wastewater, was likely salinity, given the low concentration of metals (Publications I, 

III). In a real case, the effluents from the scrubber stages would be mixed and stage 

II wastewater share would be the highest. Unexpectedly high concentrations of DOC 

(~2 g/L) were measured in stage II wastewater (Publication III), possibly coming from 

impure scrubbing chemicals rather than the flue gases. These could provide a multi 

electron donor source in addition to methanol, but their presence is unpredictable and 

the affinity and possible inhibition of the organic compounds for denitrification were 

not investigated separately.  

 

In both suspended biomass and biofilm tests with the real scrubber wastewater, 

methanol or thiosulphate were added as external electron donors and supported 

denitrification. In view of a more sustainable approach that could enable savings on 

chemical addition costs, evaporator foul condensate was added (12-15% v/v), 

replacing pure methanol, as electron donor in the influent of the HDFBBR test with 

simulated scrubber wastewater (Publication II). Not only foul condensate supported 

denitrification, but it also promoted it (Section 4.2.3), reducing NO2
- accumulation in 

the effluent (Figure 11c). Moreover, in the same system, also S2O3
2- was partially 

removed via adsorption and bio-oxidation, thus achieving the removal of multiple 

pollutants (Publication II). 
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Figure 11.  Potential of scrubber wastewater denitrification in pulp mills: a.) Real scrubber wastewater 
batch test with suspended biomass for both heterotrophic (HD) and autotrophic (AD) 
denitrification with addition of electron donor, b.) Real scrubber wastewater semi-batch 
test with attached biomass on two different carriers (K5 and M30) in MBBRs for HD 
(arrows indicate re-addition of substrates), c.) Results of denitrification of simulated 
scrubber wastewater with real foul condensate supplementation as electron donor from 
the heterotrophic FBBR at 6.8% salinity. Modified from Publications I, II and III. 
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The results obtained are promising for an integrated NOx removal system from flue 

gases (scrubber) produced by the recovery boiler and the consequently generated 

wastewater (pre-denitrification reactor). The foul condensate generated by the 

evaporation of the black liquor, during the same chemical recovery process, could 

act as electron donor for the denitrification of the scrubber wastewater (Figure 12). 

The implementation of a specific pre-denitrification system for the N-laden scrubber 

wastewater prior to the overall pulp mill wastewater treatment, not optimised for NOx
- 

removal (Ashrafi et al., 2015), could present a more favourable solution than 

modifying the existing plant or just diluting the NOx
- concentration with the overall 

wastewater (Publication II). As demonstrated in this study, a high rate treatment 

performance providing improved tolerance to inhibition could be achieved for 

example by an MBBR, a known technology in pulp mills (Matheus et al., 2021). The 

NH4
+ present in the foul condensate (and occasionally in the same scrubber 

wastewater depending on urea addition in the recovery boiler) would serve as 

assimilatory N source for the biomass in the pre-denitrification treatment, while P 

would need to be supplemented. Eventually, based on the salinity level expected in 

the scrubber wastewater, the biofilm carrier could be selected accordingly, but further 

research at pilot scale is required to assess the technical and economic feasibility of 

the NOx-SO2 scrubber wastewater pre-treatment process. 

  

Figure 12.  Simplified process flow diagram of a possible NOx air-water integrated treatment in pulp 
mills. 
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4.4 Operational implications for biofilm reactors and potential 
limitations of this study 

The potential of the FBBR and MBBR in treating saline wastewaters was 

demonstrated in this study, in terms of tolerated salinity, loading rates and stability of 

the process. In general, salinity inhibition causes a predictable decrease in the 

denitrification rate (Hill’s function). Thus, when the inhibition causes the accumulation 

of NOx
- in the effluent, increasing the reactor’s HRT could represent a stabilization 

measure to obtain complete nitrogen removal, requiring, in turn, controlling the 

influent flow rate and increasing the treatment system space footprint, e.g. with 

equalisation tanks. 

 

The knowledge of the influent wastewater’s salinity range becomes a key factor for 

the selection of the biofilm carrier typology in MBBRs and its optimisation. Hollow-

body carriers could be optimal for wastewaters with moderate salinity and high 

substrate loading rates (e.g., food and mariculture industries), while porous-body 

carriers could guarantee protection against higher salinities with more stable 

substrate removal (e.g., petrochemical, oil and gas industries, desalination plants) 

(Publication III). Despite demonstrating the high-rate treatment solution offered by 

biofilm reactors in this study, the potential deterioration of the process’ denitrification 

performance remains to be determined on the long term (6-12 months) prior to real 

scale application. Key aspects like the phenomena of biofilm detachment and 

denitrification intermediates accumulation due to salinity require mechanistic and 

mathematical formulations for the comprehensive understanding, modelling and 

prediction of the process.  

 

Moreover, the selection of the carrier affects also the operational parameters such as 

the number of pieces as well as mixing velocity (i.e., material costs and energy 

consumption) to keep the carriers adequately distributed in the reactor volume. For 

example, to achieve similar volumetric removal rates, more pieces of the porous-body 

carrier were needed if compared to the hollow-body carrier. On the other hand, the 

movement of the hollow-body carriers was more affected by the highly saline (9.5%) 

water buoyancy, which caused the carriers to distribute mainly in the upper part of 

the reactor. In this case, the use of an increased density plastic represents a possible 

solution for adequate mobility (Publication III). Nonetheless, regardless of the carrier, 

to guarantee a sufficient nitrogen removal performance together with adequate 
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salinity tolerance, the amount and thickness of the biofilm should be controlled at an 

optimal value, for example via mixing velocity.  

As for the attached biomass determination, in Publication III, the AVS/ATS ratio in 

both MBBR carriers was averagely 0.32-0.35, indicating the high presence of 

inorganic precipitates, such as calcium carbonate and phosphate (Gonzalez-

Martinez et al., 2015; Goode and Allen, 2011). Thus, to avoid large overestimations 

of the biomass, it is suggested that in multi-ionic hypersaline wastewaters, AVS 

should be preferred to ATS, which is commonly used with biofilm carriers. However, 

the challenges of this approach became most evident in this study when detaching 

the biofilm from the pores of the porous-body carrier, leaving room for some 

uncertainty in the AVS determination (Publication III, Supplementary Materials). 

 

In the case of the FBBR, high removal rates and a compact volume are among the 

main strengths. Theoretically, at the same influent flow rate, the FBBR requires lower 

reactor volumes than the MBBR, given the highly efficient mass transfer in a smaller 

volume. However, in this study, the suspended biomass quantity was comparable 

with the attached one in the FBBR, possibly playing an important role in the removal 

process. Thus, the role of the suspended biomass should always be determined for 

more accurate rate calculations and consequent dimensioning. Also, given the 

difficulty in detaching the whole biofilm from the pores, the determination of the 

attached biomass quantity on the GAC was subjected to uncertainty (Publication II). 

The possible underestimation of attached biomass is crucial to be addressed for 

accurate biofilm specific activity and salinity inhibition function determination, 

especially when dealing with highly porous carriers. 

 

The functional but limited biofilm quantity and thickness, if compared to MBBR, might 

restrain the FBBR process’ tolerance to salinity, but, in turn, the clogging problem of 

the carriers is better controlled. On the other hand, to guarantee the fluidisation of the 

carrier bed, a high recirculation flow rate is required. For instance, in this study, the 

recirculation flow was >100 times the influent flow rate, highlighting the pumps’ 

energy requirement for real scale applications. Moreover, abrasion of GAC, as 

suggested by the blackish residue in the effluent, was observed in the FBBR 

(Publication II). This aspect must be considered on the long term for real scale 

reactors where the recirculation flow is considerable, as the GAC might require 

replacement and the effluent purification from the solid residue. 
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Eventually, methanol-driven denitrification demonstrated a certain stability in the 

process of both FBBR and MBBR, showing stable NREs under moderate salinity 

inhibition and in many cases recovering promptly after stronger inhibition with all the 

carriers tested (Publication II and III). On one hand, as suggested by Kruglova (2018), 

possible overlooked changes in the microbial community due to salinity could result 

in a misinterpretation of the data, such as in the linkage carrier-salinity-NRE or the 

stability of denitrification in this study. On the other, although the continuous flow 

reactors tests were not duplicated in this study, the denitrifying microbial community 

composition at genus level, as also indicated by PCoA and Permanova analyses, did 

not change significantly during the reactor operations (HDFBBR or MBBRs) and 

among different reactors (K5-MBBR and M30-MBBR). Therefore, it can be assumed 

that the different reactor performances were likely due to operational factors, such as 

the carrier typology, rather than shifts in the microbial community. Such community 

stability can be beneficial for the stability of the process itself and an advantage of 

using methanol-driven denitrification. Thus, in real scale applications, where the 

environmental conditions might fluctuate more than in a controlled laboratory-scale 

reactor, the stability of the denitrifying community under salinity stress should be 

monitored to better understand the causes of a possible deterioration in denitrification 

performance. 
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5 CONCLUSIONS 

This study performed a systematic analysis on autotrophic and heterotrophic 

denitrification under salinity stress to develop biofilm reactors for the treatment of 

saline wastewaters. The tolerance of methanol-driven and of thiosulphate-driven 

denitrification to single ions and to multi-ionic stress was revealed on suspended 

microorganisms and biofilm. FBBR and MBBR were studied for an improved salinity 

tolerance and their denitrification performance compared to achieve the process 

optimisation via reactor, biofilm carrier and electron donor selection. Also, a possible 

strategy to model denitrification kinetics under salinity inhibition in biofilms was 

proposed. 

 

Methanol-driven denitrification by an enriched mixed culture shows higher tolerance 

to all the pairs of ions tested (NaCl, Na2SO4, KCl and K2SO4) than thiosulphate-driven 

denitrification dominated by T. denitrificans, with both the specific toxicity of the salt 

ions and the osmotic pressure playing roles in inhibition. Chloride ion has the highest 

inhibitory effect on denitrification, demonstrating potential for treatment of saline 

wastewaters where Na+ and SO4
2- are the main inorganic ions. 

 

In the biofilm reactors, heterotrophic denitrification shows superior removal rates at 

higher salinity (2.4 gN/L/d at 6.8%) than autotrophic (1.2 gN/L/d at 5.6%). 

Thiosulphate-driven denitrification has potential for the treatment of saline 

wastewaters, also recovering from inhibition, but the stability of the process should 

be improved, for example by testing mixotrophic denitrification in MBBR. Thus, a 

methanol-driven nitrogen removal process is preferrable to a thiosulphate-driven one, 

when methanol is easily available. Nevertheless, the salinities tolerated by the 

process in both FBBR and MBBR are among the highest reported in literature for 

both methanol- (up to 9.5%) and thiosulphate- (5.6%) driven denitrification, showing 

that biofilm reactors provide a protective environment for the microorganisms and 

represent a valid strategy for improved process’ tolerance, enabling a startup with 

microorganisms with non-saline history.  
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For methanol-driven denitrification, the MBBR provides higher salinity tolerance, 

reaching ≥70% nitrogen removal efficiency at 9.5% salinity, while it remains ≥58% in 

the FBBR at 8.1% salinity. The FBBR has higher volumetric nitrogen removal rates 

(2.4 gN/L/d) than the MBBR (up to 1.6 gN/L/d), but the potential denitrification 

capacity of the MBBR is higher, due to higher biomass retention. Eventually, in both 

reactors, the main methanol-driven denitrifying community remains stable in the 

biofilm even at the higher salinities, providing stability to the process. Overall, 

considering also the simpler operational mode, the MBBR provides a more robust 

design for denitrification under salinity stress than the FBBR. 

 

The GAC in FBBR provides protection to the biofilm within the pores, but the retained 

biomass quantity and biofilm thickness are limited, and the abrasion of the carrier 

must be considered on the long-term. The PE carriers in the MBBRs enable higher 

biofilm quantity and thickness than GAC. The hollow-body carrier allows high-rate 

denitrification at salinity <7.5%, with a more exposed biofilm in the large cavities, 

while the porous-body carrier enables more stable nitrogen removal at salinity ≥7.5%, 

with a less exposed biofilm within the pores. Such findings outline the potential of an 

optimised denitrification performance in MBBR by selecting a suitable carrier based 

on the salinity concentration.  

 

The implementation of apparent kinetic inhibition factor and half-saturation constant 

to include salinity inhibition in an existing biofilm model, as proposed in this work, is 

a potential strategy for a simplified approach that enables prediction of denitrification 

process tolerance to salinity. The model reproduced well the denitrification rates at 

different salinities and with both hollow- and porous-body carriers, but to 

comprehensively simulate a continuous flow denitrification process, inhibitory 

functions describing nitrite and nitrous oxide accumulation and reduction, as well as 

the effect of salinity on biofilm detachment need to be included in the model. 

 

In practice, biofilm reactors can be optimised by a suitable carrier selection, and thus, 

can provide a high-rate denitrification technology for saline industrial wastewater 

treatment, such as NOx-SO2 scrubber wastewater in pulp mills. The potential of 

denitrification in treating this wastewater is demonstrated, pointing towards 

continuous flow tests in biofilm reactors as the next research step. Moreover, the use 

of a non-inhibitory waste stream containing a mixture of organic compounds, like pulp 

mill foul condensate, as electron donor for heterotrophic denitrification, enhances the 
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denitrification performance under salinity stress, while achieving a multi pollutants 

removal technology.  

 

In conclusion, this study contributes to the optimisation of biological treatments to 

reduce the nitrogenous emissions from industries to the environment. Methanol-

driven and thiosulphate-driven denitrification have potential for nitrate removal under 

multi-ionic salinity stress, and biofilm reactors represent a valid strategy for their 

improved performance. The observations on biofilm reactors made in this study are 

useful also when dealing with other inhibitors of biological processes. Future 

investigations towards a pilot scale pre-denitrification biofilm reactor should be 

performed on the long-term, focusing on biofilm detachment caused by salinity, which 

could negatively affect the process, and harmful N2O emissions possibly resulting 

from denitrification inhibition, as well as on testing carriers with both pores and 

hollows for a balanced performance in the presence of salinity fluctuations. A cost-

benefit analysis is also required to evaluate the economic feasibility of the pre-

denitrification step, including the benefit offered by using other waste streams as 

supplement, not only in pulp mills but also in other industrial sectors. This would 

enable the cost-effectiveness of the optimised technology for a sustainable mitigation 

of environmental pollution from human activities. 
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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• High content of ions in industrial 
wastewaters pose a challenge for 
denitrification. 

• Batch assays were run with Na+, Cl−, 
K+, SO4

2− and NOx-SO2 scrubber 
wastewater. 

• Single ions inhibited autotrophic and 
heterotrophic denitrification. 

• Cl− had the most important role in 
decreasing denitrification rate. 

• Denitrification has potential for treat
ment of NOx-SO2 scrubber wastewater.  

A R T I C L E  I N F O   
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A B S T R A C T   

Salinity of nitrate-laden wastewaters, such as those produced by metal industries, tanneries, and wet flue gas 
cleaning systems may affect their treatment by denitrification. Salt inhibition of denitrification has been re
ported, while impacts of individual ions remain poorly understood whilst being relevant for wastewaters where 
often the concentration of a single ion rather than the salts varies. The aim of this study was to determine the 
inhibition by inorganic ions (Na+, Cl−, SO4

2− and K+) commonly present in saline wastewaters on denitrification 
and reveal its potential for the treatment of such waste streams, like those produced by NOx-SOx removal 
scrubbers. The inhibitory effects were investigated for both heterotrophic (enrichment culture) and autotrophic 
(T. denitrificans) denitrification in batch assays, by using NaCl, Na2SO4, KCl and K2SO4 salts at increasing con
centrations. The half inhibition concentrations (IC50) of Na+ (as NaCl), Na+ (as Na2SO4) and Cl− (as KCl) were: 
4.3 ± 0.3, 7.9 ± 0.5 and 5.2 ± 0.3 g/L for heterotrophic, and 1–2.5, 2.5–5 and 4.1 ± 0.3 g/L for autotrophic 
denitrification, respectively. Heterotrophic denitrification was completely inhibited at 20 g/L Na+ (as NaCl), 30 
g/L Na+ (as Na2SO4) and 30 g/L Cl− (as KCl), while autotrophic at 8 g/L Na+ (as NaCl), 10 g/L Na+ (as Na2SO4) 
and 15 g/L Cl− (as KCl). In both cases, Cl− addition had the most important role in decreasing denitrification 
rate, while Na+ at 1 g/L stimulated autotrophic denitrification but rapidly inhibited the rate at higher concen
trations. Nitrite reduction was less inhibited by the ions than nitrate reduction and both the osmotic pressure and 
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the toxicity of the single ions played key roles in the overall inhibition of denitrification. Eventually, both 
autotrophic and heterotrophic denitrification showed potential for the treatment of a saline wastewater from a 
NOx-SO2 removal scrubber from a pulp mill.   

1. Introduction 

Nitrate discharge has detrimental impacts on the environment (e.g., 
eutrophication) as well as on human health, and, hence, requires con
trol. Biological nitrate removal is an effective treatment widely 
employed, for example, in wastewater treatment plants and in ground
water remediation (Chan-Pacheco et al., 2021; Rivett et al., 2008). 
Biological treatment represents a cost-efficient management of second
ary pollution and, thus, has potential also for denitrification of industrial 
wastewaters (Park and Yoo, 2009). However, industrial wastewaters, 
like those produced in tanning and food industries (Lefebvre and 
Moletta, 2006), metal industries (Luo et al., 2021), as well as coal-fired 
power plants (Koenig and Liu, 2004), often present challenging condi
tions for denitrifying microorganisms, such as high concentrations of 
nitrate, metals, and high salinity. For instance, wet scrubbers simulta
neously removing NOx and SOx from industrial flue gases transfer the 
pollutants from the gaseous to the liquid phase, thus generating nitrogen 
and sulphur laden liquid waste streams (Gholami et al., 2020) that need 
to be treated. Moreover, the chemicals used in the scrubbing process (for 
a review see Chen et al. (2021)) result in variable concentrations of 
chloride and sodium ions in the generated wastewater. 

Both heterotrophic and autotrophic denitrification have been studied 
for industrial application, such as for wastewaters from agrifood in
dustry (De Lucas et al., 2005), mining industry (Di Capua et al., 2017b), 
fishery industry (Mariángel et al., 2008) and flue gas desulphurization 
(FGD) scrubbers (Vredenbregt et al., 1997; Wei et al., 2017). On one 
hand, heterotrophic denitrification of industrial wastewaters often re
quires supplementation of organic electron and carbon sources, there
fore increasing the costs of the treatment (Park and Yoo, 2009). 
However, many industries produce large quantities of organic waste 
streams that represent potential low-cost carbon and electron sources for 
heterotrophic denitrification. For instance, in kraft pulp mills, evapo
rator condensates contain methanol (MeOH) and other organic com
pounds (Meyer and Edwards, 2014) that can be utilised as carbon and 
electron sources. Methanol supports heterotrophic denitrification (C/N 
= 0.93 g/g) according to the following reaction (1) (Foglar and Brǐski, 
2003): 

1.09 CH3OH + NO3
− + H+ → 0.074 C5H7O2N + 0.463 N2 + 0.72 CO2

+ 2.421 H2O (1) 

On the other hand, autotrophic denitrification obtains electrons for 
nitrate reduction from reduced inorganic sulphurous compounds, and 
does not require addition of organic substrate (Di Capua et al., 2019). 
For instance, the chemolithoautotrophic Thiobacillus denitrificans re
duces nitrate to nitrogen gas by oxidizing thiosulphate (S/N = 3.92 g/g) 
according to reaction (2) (Mora et al., 2014): 

S2O3
2− + 1.16NO3

− + 0.035CO2 + 0.519HCO3
− + 0.11NH4

+

+ 0.124H2O→0.11C5H7O2N + 0.578 N2 + 0.435H+ + 2SO4
2− (2) 

Salinity of industrial wastewaters, which can reach 150 g/L (Lin 
et al., 2021), poses a challenge for both autotrophic and heterotrophic 
denitrification. In a saline environment, Na+ cations interfere with the 
enzyme activity (Lin et al., 2021; Wang et al., 2016) and at high con
centrations they increase internal osmotic pressure of microbial cells, 
leading to the breakage of the cell membrane (Yang et al., 2013). In 
addition, specific toxicity of other ions and their interactions may affect 
the inhibitory effect (Lin et al., 2021; Macêdo et al., 2019). 

Inhibition by salts has been reported for heterotrophic denitrification 
in batch (Macêdo et al., 2019; Mariángel et al., 2008; Wang et al., 2016; 

Zhao et al., 2013) and continuous reactor studies (Dinçer and Kargi, 
1999; Glass and Silverstein, 1999; Luo et al., 2021; Panswad and Anan, 
1999), as well as for autotrophic denitrification in some batch studies 
(Chen et al., 2022a; Claus and Kutzner, 1985a; Koenig and Liu, 2004). 
Most of these studies focus on the inhibition caused by NaCl and only 
few consider the impacts of other salts (e.g., Na2SO4, Na3PO4, MgCl2, 
CaCl2). Therefore, the effects of the single ions, such as Cl− in absence of 
Na+, have not been delineated for denitrification. Since in industrial 
processes other chemicals than NaCl are often present in variable ratios, 
Na+ and Cl− ions concentrations can vary independently from each 
other in the wastewater. For this reason, the focus on the inhibition by 
the single ion is of importance, in view, for example, of a biological 
nitrogen removal process to treat the wastewater from wet flue gas 
cleaning systems. Moreover, to the best of the authors knowledge, the 
potential of autotrophic and heterotrophic denitrification to treat high 
ions content wastewaters from NOx-SO2 removal scrubber has so far not 
been reported. This becomes relevant especially for industries producing 
nitrogenous waste streams, such as pulp mills, where both inorganic and 
organic electron donors for their denitrification would be available. 

The aim of this work was to reveal the effects of inorganic ions (Na+, 
Cl−, SO4

2− and K+) on both heterotrophic (enrichment culture) and 
autotrophic denitrification (T. denitrificans), to better understand the 
limits and the potential of these biological processes for nitrogen 
removal from high ion content wastewaters. T. denitrificans was selected 
as the model microorganism for autotrophic denitrification as also used 
in earlier studies (Di Capua et al., 2017a, 2017b; Zhao et al., 2004; Zou 
et al., 2016). Pair of ions were added as model compounds (NaCl, 
Na2SO4, KCl and K2SO4) in batch tests and the inhibitory effects were 
evaluated on denitrification rate, nitrite accumulation and duration of 
lag phase. The order of importance of the ions in decreasing denitrifi
cation rate was identified with statistical analysis of the data. Moreover, 
denitrification potential was demonstrated with real NOx-SO2 removal 
scrubber wastewater from a pulp mill. 

2. Materials and methods 

2.1. Denitrifying microorganisms: source, cultivation, and growth media 

A heterotrophic denitrifying culture was enriched from a denitrifying 
activated sludge of a municipal wastewater treatment plant (WWTP) 
located in Helsinki (Finland). The most abundant bacterial genera in the 
sludge were identified by Kruglova et al. (2020) as Candidatus Micro
thrix, Trichococcus, Rhodobacter, Hyphomicrobium and Geothrix. During 
the enrichment period of three months the culture was regularly trans
ferred to fresh medium after NO3

− and NO2
− were removed. The final 

growth medium (Table S1) was modified from Zou et al. (2014) by 
addition of ammonia, iron, and yeast extract at pH 7, to overcome 
nutrient limitation (Fig. S1). Nitrate concentration was increased to 2 g/ 
L to simulate a high-nitrate content wastewater. Methanol was supple
mented in excess as electron donor (C/N = 1.3 g/g). During the first two 
months of the enrichment, the pH of the medium was initially buffered 
by Na2HPO4/NaH2PO4 buffer solution and NaNO3 was used as nitrate 
source. Later, KNO3 and K2HPO4/KH2PO4 were used to control the so
dium concentration in the medium (Table S1). 

Autotrophic denitrifying microorganism Thiobacillus denitrificans 
(DSM 12475) was acquired from Leibniz-Institute DSMZ (Germany). 
The pure culture was aseptically incubated for three weeks using the 
growth medium recommended by DSMZ (Leibniz-Institute DSMZ, n.d.), 
to obtain an active culture. Subsequently, the final medium was modi
fied to minimize the concentration of sodium and increase nitrate 

A. D’Aquino et al.                                                                                                                                                                                                                              



Science of the Total Environment 901 (2023) 165940

3

concentration to 2 g/L to simulate a high-nitrate content wastewater 
(Table S1). Thiosulphate and bicarbonate were added in excess to obtain 
a S/N ratio of 4.62 g/g and a C/N ratio of 0.86 g/g, and achieve suffi
cient denitrification and alkalinity, respectively. The pH of final medium 
was around 7.5. Nutrient solution was autoclaved at 121 ◦C for 20 min 
while the other solutions were sterilized by filtration through poly
ethersulfone (PES) membrane (pore size 0.2 μm). T. denitrificans culture 
was maintained by regular transfers to fresh media, once NO3

− and NO2
−

were removed and to avoid S2O3
2− and SO4

2− accumulation. 
T. denitrificans was cultivated in the final medium for three months prior 
to the experiments. 

Both cultures were incubated in 117 mL glass serum bottles with 60 
mL liquid volume, the one with heterotrophs in non-aseptic and the 
T. denitrificans in aseptic conditions. After the addition of the respective 
growth medium, the bottles were sealed with butyl rubber stoppers and 
aluminium crimps and purged for 20 min with N2 to create anoxic 
conditions. After the inoculation (10 % v/v), the heterotrophic deni
trifying enrichment culture and T. denitrificans culture were incubated 
(150 rpm) at 35 ◦C and 30 ◦C, respectively. Incubation temperature for 
T. denitrificans was set to 30 ◦C as at 35 ◦C no growth was observed in 
three weeks of incubation (results not shown). 

2.2. Denitrification inhibition by ions: batch assays with model 
compounds 

The effect of chloride and sodium concentrations on both autotro
phic and heterotrophic denitrification was studied in batch tests in 

serum bottles (total number of assays: 134) with addition of NaCl, 
Na2SO4 and KCl. Each salt was tested at final concentrations of Cl− (as 
KCl) or Na+ (as NaCl or Na2SO4) in the range 1–30 g/L, corresponding to 
molar concentrations of 0.02–1.3 mol/L and to salinity of 0.2–9.2 % (w/ 
w). Growth medium and incubation were as reported in Table S1 and 
Section 2.1. If needed, pH was adjusted to around 7 with 10 M KOH. The 
final working volume of each bottle was 60 mL with 10 % (v/v) inoc
ulum. Both tests with autotrophic and heterotrophic denitrification were 
started between 5 and 7 days after the last culture transfer. 

Positive controls (no addition of salt solution) were used in both 
autotrophic and heterotrophic tests. All the incubations were performed 
in duplicates and sampled until no NO3

− and NO2
− were detected (<100 

mg/L) or until 42 days (1000 h) if NO3
− had not been removed. The 

sampling frequency was increased when the turbidity of the medium 
increased visually. From the start to the end of the incubation, the pH 
remained in the range 6.7–7.8 and 8.2–7.0 for heterotrophic and auto
trophic denitrification, respectively. 

Since high concentrations of K+ and SO4
2− were present in the Cl− and 

Na+ tests (Fig. 1), their possible inhibitory effects were studied in a 
complementary batch test with K2SO4 addition, following the same 
procedures as above. The concentrations tested for heterotrophic deni
trification were 15 and 35 g/L K+, while for autotrophic denitrification 
were 15 and 20 g/L K+, taking into account the potassium already 
present in the media. 

Fig. 1. Effects of ions concentrations on percentage denitrification rate (DR (%)) for heterotrophic (H.D.: a, b, c) and autotrophic (A.D.: d, e, f) denitrification tests 
and fitting with Hill inhibition model. On the top x-axis the osmotic pressure (OP) is reported for H.D. (T = 35 ◦C) and A.D. (T = 30 ◦C). The second and third bottom 
x-axis in each plot refer to the total concentration of the second ion (in salt + growth medium) for heterotrophic (H.D.) and autotrophic (A.D.) denitrification, 
respectively. Two data points (duplicates) are shown for each ion’s concentrations. NS: not significant. * Fitted value. 
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2.3. Source and composition of saline wastewater produced by a 
simultaneous NOX-SO2 removal scrubber system 

Wastewater from a wet cleaning system removing NOx-SO2 from flue 
gases produced in two recovery boilers was obtained from a pulp mill. In 
the NOx-SO2 removal scrubber, NaOH is used as scrubbing agent, while 
ClO2 and sulphurous compounds are added to increase NOx solubility. 
Prior to the scrubber, an electrostatic precipitator is used at the plant to 
remove particles from the flue gases. A wastewater sample (2 L), 
collected from the first of the three stages of the scrubber, was stored in a 
plastic container (prewashed with 1 M nitric acid) for several months at 
4 ◦C. During this period, analysis of samples taken at different fre
quencies showed that concentrations of anions did not change (results 
not shown). 

The composition of the wastewater sample is presented in Table 1. 

2.4. Denitrification batch assays on wastewater produced by a 
simultaneous NOx-SO2 removal scrubber system 

Heterotrophic and autotrophic denitrification of real NOx-SO2 
removal scrubber wastewater was studied in batch assays under non- 
aseptic conditions. Prior to the experiment, the pH of the wastewater 
was adjusted to 7 with 10 M KOH and solids were removed by settling. 
The wastewater supernatant was then added (88 % v/v) to serum bottles 
(60 mL working volume), together with addition (2 % v/v) of additive 
solution. The additive solution contained electron donor in excess 
(MeOH for heterotrophic denitrification (C/N = 1.3 g/g) and S2O3

2− for 
autotrophic denitrification (S/N = 4.64 g/g)), and HCO3

− (C/N = 0.86 g/ 
g) in the test with T. denitrificans. The bottles with the wastewater and 
amendments were purged with N2 for 20 min before inoculation (10 % 
v/v) with heterotrophic enrichment culture or T. denitrificans. Inocu
lated bottles with growth medium were incubated as positive controls. 
The experiment was run in duplicates. Denitrification was monitored by 
sampling every 24–72 h. 

2.5. Analytical methods and calculations 

2.5.1. Sampling and analyses 
At every sampling time, 1 mL liquid sample was taken and filtered 

through 0.2 μm Chromafil Xtra syringe filters (Macherey-Nagel, Ger
many). Before the filtration, samples from the bottles with Cl− concen
tration above 10 g/L were pre-treated with chloride elimination set 

(Hach LCW925) to reduce the Cl− interference with the nitrite mea
surement (Glass and Silverstein, 1999). Samples from the heterotrophic 
denitrification test were stored at −20 ◦C, while the ones from the 
autotrophic denitrification test were stored at +4 ◦C, since at −20 ◦C 
excessive formation of precipitate was observed for samples from 
cultivation after being melted. An additional 0.5 mL sample was taken at 
the beginning and the end of the incubation for pH measurement with 
WTW pH-meter 330i. Concentrations of anions (Cl−, NO2

−, NO3
−, SO4

2−, 
S2O3

2−) in all the filtered samples from the batch tests were analysed via 
ion chromatograph as reported by Hajdu-Rahkama and Puhakka (2022). 
Concentration of MeOH was measured in the samples from the hetero
trophic denitrification tests via gas chromatograph equipped with a 
flame ionization detector according to Kokko et al. (2018). 

2.5.2. Calculations 
Inhibitory effects of the ions on autotrophic and heterotrophic 

denitrification were monitored as denitrification rate, lag phase and 
nitrite accumulation. Denitrification rates (mg/L h−1) were estimated by 
the linear regression tool in Origin 2019b software (100 interpolations 
with R2 > 90, 4 with 72 < R2 ≤ 90), considering the part with maximum 
slope in the plot of NO3

− concentration vs. time. Percentage denitrifica
tion rates (DR (%)) with respect to the average of positive controls were 
calculated. If DR (%) > 0, the time (h) before the steepest part of the NO3

−

concentration curve, approximatively corresponding to the inflection 
point, was considered as the lag phase of denitrification. Stoichiometry 
of denitrification reactions was verified by comparing measured con
centrations of consumed methanol and consumed/produced thio
sulphate/sulphate with theoretical values obtained from Eqs. (1), (2). 

The osmotic pressure (OP) and the ionic strength of the solution, due 
to the main ions in the growth media (Table S1) and the added inhibi
tory salts, were estimated as described by Fritzmann et al. (2007) and 
Belessiotis et al. (2016). 

Modified non-competitive Hill model was adopted to describe the 
effect of sodium and chloride ions concentrations on the percentage 
denitrification rate (DR (%)), as described by Lin et al. (2021) for 
Anammox process. The model was expressed with Eq. (3): 

DR(%) =
DR(%)max • Kn

I

Kn
I + In (3)  

where DR(%)max is the maximum percentage denitrification rate (100 %) 
related to the positive control, KI (=IC50) is the half-inhibition constant 
(g/L) corresponding to the ion concentration that results in 50 % inhi
bition, I is the independent variable representing the concentration of 
the ion (g/L) and n is the tuning parameter. The model was implemented 
and fitted to the experimental calculated percentage denitrification rates 
with the “Non-linear curve fit” tool in Origin 2019b software. R2 and p- 
value for t-test (set at 0.05) were used to evaluate the goodness of the fit 
and the significance of the parameters (KI, n). If the fitting of the data 
returned non-significant parameters, IC50 was expressed as a range 
based on the experimental data. 

To identify the ion with the highest effect on denitrification rate, a 
statistical analysis was performed on the experimental data, separately 
for heterotrophic and autotrophic denitrification. Concentrations (mol/ 
L) of the ions (Na+, Cl−, SO4

2− and K+) were considered as the inde
pendent variables, while DR(%) was the response variable (see supple
mentary materials). Partial Least Square Regression (PLSR), previously 
used for analysis of denitrification studies by Pan et al. (2023), and 
Random Forest Regression (RF) (Song et al., 2020) were implemented 
with Minitab software and Python “RandomForestRegressor” function, 
respectively, to analyse data characterized by strong collinearity. 
Eventually, standardized coefficients and variable importance values 
returned by PLSR and RF, respectively, were examined to determine 
which ion had the highest importance in decreasing denitrification rate. 

Table 1 
Characterization of the wastewater produced from a full-scale simultaneous 
NOx-SO2 removal scrubber system treating the flue gases produced in two re
covery boilers of a pulp mill.  

Analyte Concentration (mg/L) Analyte Concentration (mg/L) 

Cl− 3 400 Al 1.14 
NO2

− <100 As <0.01 
NO3

− 1 100 B 24.70 
SO4

2− 13 500 Co <0.01 
S2O3

2− <100 Cr 0.21   
Cu 0.01   
Fe 7.60 

DOCa 13 K 22.16 
DICb / Mg 2.64   

Mn 0.08 
pH 1.8 Mo 0.02 
T (◦C) 64.5 Na 5 200.00   

Ni 0.12   
P 0.29   
Pb <0.01   
Se 0.02   
V <0.01   
Zn 0.19  

a Dissolved Organic Carbon. 
b Dissolved Inorganic Carbon. 
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3. Results 

The effects of inorganic ions on percentage denitrification rates 
(DR(%)), nitrite accumulation and lag phase for both heterotrophic and 
autotrophic denitrification are summarized in Figs. 1 and 2. Increasing 
concentration of the single ions inhibited autotrophic and heterotrophic 
denitrification to different extents. Despite the partial inhibition of 
denitrification, when DR(%) > 0, over 95 % of the initial nitrate con
centration was removed (Fig. S2-S7). Moreover, at almost all the studied 
ion concentrations, >95 % of the accumulated NO2

− was eventually 
removed (Fig. S2-S7). 

3.1. Effects of inorganic ions on heterotrophic denitrification by 
enrichment culture 

For heterotrophic denitrification (Fig. 1a, b, c), the fitting of the 
experimental data with the modified Hill inhibition model, showed that 
50 % rate inhibition (IC50) with Na+ (as NaCl), Na+ (as Na2SO4) and Cl−

(as KCl) was obtained at 4.3 ± 0.3, 7.9 ± 0.5 and 5.2 ± 0.3 g/L, with the 
corresponding osmotic pressures (OP(IC50)) of 14.6 ± 0.7, 18.1 ± 0.8 
and 12.5 ± 0.4 atm, respectively. At the same concentration of Cl− (5.2 
g/L), rate inhibition and cation concentration with NaCl and KCl were 
42 % and 3.5 g/L Na+, and 50 % and 8.8 g/L K+ (also considering K+ in 
the growth medium), respectively. Lower inhibition was observed by K+

and SO4
2− (as K2SO4) as the rate decreased by about 40 % at 15 g/L K+

and 15 g/L SO4
2−, while co-presence of 35 g/L K+ and 40 g/L SO4

2− (OP≈

36 atm) resulted in partial inhibition only (Fig. 3). By expressing the IC50 
in molar units (mol/L), in accordance with the results in g/L, Cl− was 
more inhibitory than SO4

2− when paired with Na+ as 50 % inhibition was 
reached at 0.19 ± 0.01 mol/L Na+ (as NaCl) and 0.34 ± 0.02 mol/L Na+

(as Na2SO4), respectively. This was also seen by plotting OP vs DR(%) 
(Fig. S11), since at similar OP, denitrification with addition of Na2SO4 
had higher rates than with addition of NaCl, while with KCl it had the 
lowest rates. Also, Na+ was more inhibitory than K+ when paired with 
SO4

2−, as about 40 % inhibition was reached at 0.28 mol/L Na+ with 
0.14 mol/L SO4

2− (as Na2SO4) and 0.38 mol/L K+ with 0.16 mol/L SO4
2−

(as K2SO4). On the other hand, IC50 of Cl− as KCl (0.15 ± 0.01 mol/L) 
was lower than that of Na+ as NaCl (0.19 ± 0.01 mol/L). Eventually, 
denitrification was completely inhibited at 20 g/L (0.87 mol/L) Na+ as 
NaCl, 30 g/L (1.3 mol/L) Na+ as Na2SO4 and 30 g/L (0.85 mol/L) Cl− as 
KCl. Denitrification rate decreased with increasing OP and no denitri
fication activity was observed above OP of 40 atm (Fig. 1 and S11). 
When plotting DR(%) with ionic strength (Fig. S12), large variations of 
the denitrification rates were observed at similar ionic strengths of the 
solution, further confirming that the type of the ions added had a key 
role in denitrification inhibition. 

Inhibition by the ions was further characterized as increase in lag 
phase and variation in nitrite accumulation during denitrification 
(Fig. 2). For heterotrophic denitrification (Fig. 2c), lag phase was not 
clearly present at the lower Cl− and Na+ concentrations but started to 
increase from 8 g/L Na+ and 15 g/L Cl−. With K2SO4, the lag phase in the 
presence of 35 g/L K+ was between 15 and 22 days. Longer lag phases 
was seen in the presence of Na+ (as NaCl and Na2SO4) than of Cl− (as 
KCl). For instance, at 20 g/L of the ion, lag phase was around 35 days for 
Na+ (as Na2SO4) while around 10 days for Cl− (as KCl). 

In denitrification, nitrite (NO2
−) can accumulate as an intermediate 

during nitrate reduction to nitrogen gas. In this study, in heterotrophic 
denitrification without salt addition, approximatively 1000 mg/L NO2

−

accumulated (Fig. 2a) and was followed by over 95 % removal within 
120 h (Fig. S8). Starting from 5 g/L Na+ (Fig. 2a), NO2

− accumulation 
decreased, with the lowest accumulation for Na+ (as NaCl). On the other 
hand, in the presence of Cl− (as KCl), nitrite steadily accumulated up to 
10 g/L Cl−. No nitrite accumulated in the presence of and above 10 g/L 
Na+ (as NaCl), 20 g/L Na+ (as Na2SO4) and 20 g/L Cl− (as KCl). With 
K2SO4, accumulation of NO2

− decreased from around 1100 mg/L in the 
positive controls to around 800 mg/L at 15 g/L K+ and was eventually 
removed by over 95 % (Fig. 3). Therefore, Cl− had a higher effect than 
SO4

2− while Na+ higher than K+ in decreasing nitrite accumulation. 
Moreover, NO2

− accumulation was less affected than denitrification rate 
in the increase in OP and ionic strength (Fig. S12). 

In summary, increasing Na+ concentration resulted in longer lag 
phase than with increasing Cl−, and nitrite accumulation (and 

Fig. 2. Effects of ions’ inhibition of heterotrophic (on the left) and autotrophic (on the right) denitrification on highest nitrite concentration accumulation during the 
incubation (a. and b.) and lag phase (c. and d.). Two data points (duplicates) are shown for each ion. Positive controls are indicated as “CTRL” and are represented by 
average values (n = 6) (plot c: standard error < 5 %). 
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subsequent removal) indicated that nitrite removal was less inhibited 
than nitrate removal by Cl− and Na+ and was less affected by K+ and 
SO4

2− than Na+ and Cl−. 
At the end of the incubations, MeOH removal in heterotrophic 

denitrification (Fig. S10a) was in line with the stoichiometry and no 
clear correlation between electron donor consumption and increasing 
concentration of the ions was apparent. Eventually, after extending the 
incubation time by additional 30 days, nitrate was not removed at the 
highest concentrations of Cl− and Na+. 

Eventually, since all the experiments were conducted with an anion 
paired with a cation, a statistical analysis of the data was conducted to 
better discern the effect of the single ions on denitrification rate. Based 
on the analysis of standardized coefficients for PLSR and variables 
importance for RF, Cl− resulted to have the most important role in 
decreasing denitrification rate (Fig. S13), supporting the observations 
made. Further considerations on the order of inhibition of the other 
studied ions could not be made from the statistical analysis, as their 
ability in predicting the decrease in denitrification rate varied with the 
two methods. 

3.2. Effects of inorganic ions on autotrophic denitrification by 
T. denitrificans 

For autotrophic denitrification by T. denitrificans, DR(%) increased at 
1 g/L Na+ (as NaCl and Na2SO4) (Fig. 1d, e, c), showing that low con
centrations of sodium stimulated denitrification in comparison to the 
conditions in the positive controls. However, starting from 2.5 g/L Na+

as NaCl and Na2SO4, denitrification rate started to decrease rapidly. 
Fitting of the experimental data with the Hill inhibition model, returned 
significant (p < 0.05) parameters for Cl− (as KCl): IC50 = 4.1 ± 0.3 g/L 
and calculated OP(IC50) =12.4 ± 0.4 atm. Hill inhibition equation (Eq. 
(3)) did not adequately model Na+ inhibition, thus, IC50 were taken as 
ranges from the experimental data for Na+ (as NaCl) and Na+ (as 
Na2SO4) and were 1–2.5 and 2.5–5 g/L, respectively. In molar units, the 
values of IC50 for Na+ (as NaCl), Na+ (as Na2SO4) and Cl− (as KCl) were 
0.04–0.11, 0.11–0.22 and 0.12 ± 0.01 mol/L, respectively. Moreover, 
since duplicates for autotrophic denitrification presented noticeable 
variation at certain concentrations of Cl− and Na+, these assays were 
rerun. The results of the rerun (Fig. S5, S6, S7), not included in Fig. 1, 
differed to some extent from the previous tests, which was attributed to 
sensitivity of T. denitrificans under close to fully inhibitory salt condi
tions. K+ and SO4

2− had lower inhibitory effects than Cl− and Na+ also on 
autotrophic denitrification rate as it decreased by around 60 % in the co- 

Fig. 3. Nitrate and nitrite concentrations plotted against time at different concentrations of K+ (as K2SO4) for heterotrophic denitrification (first row) and auto
trophic denitrification (second row). Two data points (duplicates) are shown for each concentration. CTRL plot refers to the positive control with the only inoculated 
growth medium in absence of salt addition. 
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presence of 20 g/L (0.51 mol/L) K+ and 20 g/L (0.21 mol/L) SO4
2−

(Fig. 3). Also, at similar OP, denitrification with K2SO4 had higher DR(%) 
than with the other salts (Fig. S11). Complete inhibition was observed at 
8 g/L (0.35 mol/L) Na+ as NaCl, at 10 g/L (0.44 mol/L) Na+ as Na2SO4 
and at 15 g/L (0.43 mol/L) Cl− as KCl. Total inhibition was reached at 
similar molar concentrations of both Cl− and Na+. 

For autotrophic denitrification (Fig. 2d), lag phase increased starting 
from 5 g/L Na+ and Cl−, in the range 3–20 days, and showed longer lag 
phases in the presence of Na+ (as NaCl and Na2SO4) than of Cl− (as KCl). 
With K2SO4, the lag phase was between 2 and 4 days at 20 g/L K+

(Fig. 3). 
In the autotrophic denitrification test, no nitrite accumulated in the 

positive controls (Fig. 2b). With increasing concentrations of Na+ and 
Cl−, NO2

− accumulation initially increased but then, for the highest 
concentrations of the ions tested, decreased to below 100 mg/L. Nitrite 
accumulation started at 1 g/L Na+ (as NaCl), while it accumulated at 5 
g/L Na+ (as Na2SO4) and Cl− (as KCl). No nitrate accumulated during 
autotrophic denitrification at any of K+ (as K2SO4) concentrations tested 
(Fig. 3). Cl− and Na+ affected nitrite accumulation more than SO4

2− and 
K+, and nitrite removal was less inhibited than nitrate removal, similarly 
to what observed for heterotrophic denitrification. 

For autotrophic denitrification, thiosulphate consumption and sul
phate production decreased with increasing concentrations of Na+

(Fig. S10b and S10c) with respect to the stoichiometry, while Cl− (as 
KCl) had a lower effect. 

Also, for autotrophic denitrification by T. denitrificans, both PLSR 
and RF returned that Cl− had the most important role in decreasing 
denitrification rate (Fig. S13), similarly to what seen for heterotrophic 
denitrification. 

3.3. Denitrification of real wastewater from simultaneous NOx-SO2 
removal scrubber 

The potential of heterotrophic and autotrophic denitrification of real 

scrubber wastewater was studied in batch tests. In all the tests with 
inoculated wastewater and electron donor/carbon supplementation, 
nitrate removal was slower than in positive controls (<50 h for 95 % 
removal) but it was eventually over 95 % (Fig. 4). Initial nitrate (around 
800 mg/L) was removed over 95 % in <80 h by autotrophic denitrifi
cation (Fig. 4b) and within 150 h by heterotrophic denitrification 
(Fig. 4a), at Cl−, Na+ and SO4

2− concentrations in the wastewater (OP 
around 10 atm) of 3 g/L, 4.5 g/L and 12 g/L, respectively (considering 
dilution caused by culture conditions). Electron donors and products 
were in line with the stoichiometries of nitrate removal (Fig. 4d and e). 
Nitrite did not accumulate in batch tests. 

In summary, both heterotrophic and autotrophic denitrification 
removed nitrate from the scrubber wastewater. 

4. Discussion 

This study revealed the inhibitory effects of chloride, sodium, po
tassium, and sulphate ions on autotrophic and heterotrophic denitrifi
cation as determined by nitrate removal rate, nitrite accumulation and 
lag phase of the batch incubations. Also, nitrate was successfully 
removed from real NOx-SO2 scrubber wastewater. 

4.1. Effects of the ions on heterotrophic and autotrophic denitrification 

The effects of single ions on denitrification have not been delineated 
in detail in previous studies, which have focused mainly on the salts 
(Table 2). For instance, Cl− inhibition has been reported for heterotro
phic denitrification as NaCl (Holm Kristensen and Jepsen, 1991; Pan
swad and Anan, 1999) but not as KCl, thus including also Na+ inhibition. 
Also, denitrification inhibition by K+ (as K2SO4) has not been described 
by others, and shows, when compared with other salts in Table 2, the 
lowest effect in almost all the cases. The results for Na+ (both Na2SO4 
and NaCl) inhibition on heterotrophic denitrification rate were similar 
to those reported by Wang et al. (2016) and Zhao et al. (2013), showing 

Fig. 4. Nitrate and nitrite concentrations (a, b, c) and MeOH, thiosulphate and sulphate concentrations (d, e, f) vs. time for heterotrophic and autotrophic deni
trification of simultaneous NOx-SO2 removal scrubber wastewater (WW) with electron/carbon source supplementation. Duplicates (A and B) are shown in each plot. 
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higher inhibition by the co-presence of Na+ and Cl− rather than Na+ and 
SO4

2−. On the other hand, higher tolerance to Na+ paired with Cl− was 
observed by Mariángel et al. (2008) by using denitrifying biomass after a 
long-term enrichment under saline conditions. 

Inhibitory effects on denitrification were also observed in nitrite 
accumulation and in the increase in lag phase duration. Nitrite accu
mulation during denitrification depends on many factors, such as nitrate 
and phosphate concentrations, pH, dissolved oxygen, temperature 
(Philips et al., 2002). In our study, without ions addition, heterotrophic 
denitrification accumulated around 1000 mg/L NO2

− (70 % of the initial 
nitrogen) and reduced it further (>95 %) with no clear inhibition. In 
comparison, Glass et al. (1997) reported that heterotrophic denitrifica
tion at pH 8 removed 6500 mg/L NO2

− and was not completely inhibited. 
With increasing concentrations of the ions, especially Na+, nitrite 
accumulation decreased, similarly to what reported by Zhao et al. 
(2013). 

Increasing concentrations of the inorganic ions rapidly decreased 
autotrophic denitrification rates by T. denitrificans. Furthermore, low 
concentrations of sodium (up to 1 g/L in this study), enhanced the rates, 
indicating that T. denitrificans requires Na+ for optimal growth. There
fore, Hill inhibition model as written in Eq. (3) did not consider the 
initial increase in denitrification rate and, thus, did not comprehensively 
model the sodium effects on autotrophic denitrification. For this reason, 
IC50 were estimated as a range from the experimental data. In our study, 
Na+ (as NaCl) had the lowest inhibitory concentration reported for 

autotrophic denitrification if compared to other reports (Table 2). 
Moreover, the co-presence of Na+ and Cl− resulted more inhibitory than 
Na+ and SO4

2−, as also reported by Koenig and Liu (2004). Inhibition by 
Na+ as Na2SO4 was close to that reported by Claus and Kutzner (1985a) 
(Table 2), who attributed the inhibitory role to SO4

2−. Contrarily, 20 g/L 
SO4

2− at the beginning of incubation did not completely inhibit auto
trophic denitrification in our study, similarly to the observations of 
Chung et al. (2014). The different tolerances to ions were likely due to 
the origin of autotrophic as well as heterotrophic denitrifying microor
ganisms (different in all the studies as reported in Table 2). As for Cl−

inhibition in absence of Na+ of autotrophic denitrification, which has 
not been previously reported, our study showed IC50 at 4.1 ± 0.3 g/L Cl−

(as KCl). 
For autotrophic denitrification, no nitrite was detected in the posi

tive controls. Hence, salinity also inhibited nitrite reduction and NO2
−

accumulated with increasing concentration of the ions. Claus and 
Kutzner (1985a) reported 70 % denitrification inhibition on 
T. denitrificans at 1000 mg/L NO2

−. In our study, the highest NO2
− accu

mulation for autotrophic denitrification was around 850 mg/L, and, 
hence, nitrite inhibition on T. denitrificans could not be completely 
excluded. However, in almost all the cases, nitrite was removed by >95 
% and its accumulation decreased with the increase in the ions’ con
centrations once the nitrate removal become slower. Therefore, despite 
an initial inhibition of nitrite reduction for autotrophic denitrification, 
denitritation seemed to be less inhibited by the inorganic ions than 

Table 2 
Comparison of studies investigating salinity inhibition on heterotrophic and autotrophic denitrification. All the results refer to batch studies conducted at temperatures 
ranging from 22 to 37 ◦C. The concentrations of the added salt reported in the references have been converted into concentration of the added ion for the comparison 
with this study.  

Denitrification Microorganisms and source Initial NO3
−

(g/L) 
Energy source Denit. activity 

inhibition % 
Ion concentration (g/L) Reference 

Heterotrophic Enrichment culture from a denitrifying 
compartment of a WWTP 

2 Methanol 50 % 
50 % 
50 % 
~40 % 

4.3 ±
0.3 
7.9 ±
0.5 
5.2 ±
0.3 
15 

Na+ (as 
NaCl) 
Na+ (as 
Na2SO4) 
Cl− (as KCl) 
K+ (as 
K2SO4) 

This study 

Granular sludge from a lab-scale denitrifying 
reactor 

0.44 Acetate 50 % 
50 % 
50 % 

4.54 
7.03 
3.14 

Na+ (as 
NaCl) 
Na+ (as 
Na2SO4) 
Na+ (as 
Na3PO4) 

Wang et al. (2016) 

Biomass adapted at 24 g/L NaCl for a year in a 
batch reactor 

0.44 Fish blood 
water 

50 % 18 Na+ (as 
NaCl) 

Mariángel et al. 
(2008) 

Inoculum from lab-scale partial denitrification 
system 

0.26 Acetate 71 % ~4 Na+ (as 
NaCl) 

Ji et al. (2018) 

Seed from lab-scale sequencing batch reactor 0.18 Methanol 31 % 
~60 % 

~4 
~8 

Na+ (as 
NaCl) 
Na+ (as 
NaCl) 

Zhao et al. (2013) 

Autotrophic T. denitrificans (DSM 12475) 2 Thiosulphate 50 % 
50 % 
50 % 
~60 % 

1–2.5 
2.5–5 
4.1 ±
0.3 
20 

Na+ (as 
NaCl) 
Na+ (as 
Na2SO4) 
Cl− (as KCl) 
K+ (as 
K2SO4) 

This study 

T. denitrificans enriched from soil 0.92 Thiosulphate ~35 % 
~60 % 

12 
~5 

Na+ (as 
NaCl) 
Na+ (as 
Na2SO4) 

Claus and Kutzner 
(1985a) 

Enrichment culture from tidal flats 0.44 Elemental 
sulphur 

10 % 8 
12 

Na+ (as 
NaCl) 
Na+ (as 
Na2SO4) 

Koenig and Liu 
(2004) 

Enrichment culture from fish cannery 
wastewater treatment 

0.44 Thiosulphate 10 % 4 Na+ (as 
NaCl) 

Campos et al. (2008) 

Enrichment culture from an anoxic tank of a 
WWTP 

0.11 Sulphide 50 % 26 Na+ (as 
NaCl) 

Chen et al. (2022a)  
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denitratation, as also reported by others for heterotrophs (Mariángel 
et al., 2008; Zhao et al., 2013) and autotrophs (Chen et al., 2022a). 

Eventually, autotrophic denitrification reaction showed to be more 
affected by Na+ than the other ions. Consumption of S2O3

2−-S by 
T. denitrificans in the presence of 2.5 g/L Na+ and above was lower than 
the stoichiometry (Fig. S10b), indicating that NO3

− and NO2
− were not 

completely reduced to N2 and other intermediates (not measured in this 
study) could have possibly accumulated. For instance, Chen et al. (2023) 
reported accumulation of N2O with autotrophic NO2

− removal at 
increasing NaCl concentrations, indicating that nitrous oxide reduction 
was the limiting step. Moreover, SO4

2−-S production was lower than 
S2O3

2−-S consumption (Fig. S10c), suggesting that inhibitory concen
trations of Na+ could also affect the sulphur end products of denitrifi
cation reaction. 

4.2. Sensitivity of denitrification activity to the single ions 

As shown above, the studied ions affected denitrification activity to 
different extents. Na+ is toxic at high intracellular levels and can disrupt 
the cell membrane because of unbalanced osmotic pressure (Yang et al., 
2013). Moreover, also anions can affect the activity and stability of 
many enzymes (for a review, see Zhao (2005)), such as Cl− and SO4

2−

(Lin et al., 2021). Different explanations for the mechanisms of ions and 
salts inhibition on denitrification have been reported in the literature. 
For instance, Zhao et al. (2013) reported that osmotic stress played a 
primary role in the inhibition of denitrification by NaCl and that Na+

could affect the activity of denitrification enzymes. Moreover, Koenig 
and Liu (2004) reported for an autotrophic culture enriched from tidal 
flats that the decrease in denitrification rate was dependent on OP but 
independent of the type of the salt when studying the effect of a single 
salt (NaCl or Na2SO4) on denitrification. They showed that inhibition 
started above 20 atm, while in our study at that OP autotrophic deni
trification rates were already below IC50 for cultures not originally 
enriched from a saline environment. On the other hand, with multi-ions 
solution (NaCl, MgCl2 and CaCl2), Macêdo et al. (2019) reported for a 
heterotrophic culture not cultivated in saline environment that the 
specific toxicity and the interactions between the salts were the key 
factors, regardless of the osmotic pressure applied. In the range 11–13 
atm, their denitrification rates were inhibited over 70 % against the 50 
% observed with KCl in our study. Considering that in our study at the 
same OP the pairs of ions decreased denitrification rate at different ex
tents, the inhibition by ions was likely due to both the osmotic stress and 
the toxicity of the single ions. However, the exact mechanisms of ions’ 
inhibition in this study cannot be further disclosed. 

As for the order of inhibition of anions and cations, based on the 
results of our study in mol/L, Cl− was more inhibitory than SO4

2−, while 
Na+ more than K+. However, Cl− as KCl had lower IC50 than as NaCl. 
This could indicate that K+ was more inhibitory than Na+ when paired 
with Cl−, but, as shown in the test with K2SO4 in terms of denitrification 
rate and nitrite accumulation, and as reported by others (Chen et al., 
2022b; Fang et al., 2011), bacterial cells seem to be less affected by 
potassium than sodium ions. Hence, despite more investigations on 
possible combined inhibition by K+ and Cl− are required, in this study, 
the major inhibitory anion and cation were attributed to Cl− and Na+. 
Furthermore, to better understand the effects of the single ions, the 
available data were analysed with two different statistical methods both 
returning Cl− as the ion with the most important effect on denitrification 
rate. However, by using salts to study ions’ inhibition, only pair of ions 
can be tested and not all the combinations are possible without adding a 
third ion (e.g., Na+-K+ and Cl−-SO4

2−), which can affect the outcomes of 
the statistical analysis. Eventually, considering also that the OP associ
ated to the salt at IC50 was lower for KCl and NaCl than Na2SO4, it can be 
concluded that Cl− had very likely the highest toxic effect on both 
autotrophic and heterotrophic denitrification. 

In general, heterotrophic enrichment culture showed higher toler
ance to the ions than T. denitrificans. Even though composition of 

microbial community was not characterized, it was very likely that 
species tolerant to salinity became selectively enriched in the hetero
trophic culture. Such selective enrichment has been reported as micro
bial community change with increasing salinity (Ji et al., 2018; Macêdo 
et al., 2019; Wang et al., 2018). On the other hand, T. denitrificans was 
the sole denitrifying species in the autotrophic tests, and more sensitive 
to the ions. The microorganism-based tolerance for ions in nitrogen 
removal processes, can also be observed for freshwater Anammox bac
teria (Lin et al., 2021) and Acinetobacter sp. (heterotrophic nitrification 
and aerobic denitrification) (Chen et al., 2022b), as the former was more 
sensitive to K+ rather than Na+, while the latter was more inhibited by 
Na+ than K+, but for both SO4

2− had the main inhibitory role. Therefore, 
the source of microorganisms needs to be properly selected for biolog
ical nitrogen removal from saline industrial wastewaters based not only 
on the substrate and the salinity, but also on the inorganic ions present. 

4.3. Potential of biological denitrification for the treatment of high-ion- 
content industrial wastewaters: example of NOx-SO2 removal scrubber 

Wet scrubbing is a common technology used to treat flue gases 
emitted by industries as well as vessels (Córdoba, 2015; Deng et al., 
2021), which generates a liquid waste. The characteristics of this 
wastewater depend mainly on the flue gas composition and the type of 
scrubbing process. In the case of NOx-SOx removal scrubbers, ClO2 and 
sodium based sulphurous compounds are used to enhance NOx solubility 
(Schmid et al., 2022), while NaOH is used as a scrubbing agent (Chen 
et al., 2021), resulting in high and variable concentrations in the 
wastewater of not only nitrogenous and sulphurous compounds, but also 
chloride and sodium, as reported in Table 1 and Table S3 for a system 
treating flue gases from a pulp mill. To complete the NOx removal and 
reduce the overall impact of emissions on water and air, denitrification 
can represent an effective solution to be implemented along with air 
emission control. Therefore, in this study, a first investigation on the 
potential of denitrification to treat wastewater from NOx-SOx removal 
scrubbers was made, starting from the possible inhibitory effects given 
by the main ions present. 

According to the results of the tests with the model compounds, 
heterotrophic denitrification removed 2 g/L NO3

− at Cl−, Na+ and SO4
2−

concentrations higher than those present in the real wastewater samples 
(Table 1 and Table S3), while T. denitrificans (DSM 12475) was more 
inhibited. Nitrite accumulated and was removed in both autotrophic and 
heterotrophic denitrification in the presence of the ions, showing 
promising results to avoid harmful discharge of NO2

−. However, accu
mulation of other intermediates, such as N2O, needs to be carefully 
considered for the environment. On the other hand, in the test with real 
wastewater, autotrophic denitrification was faster than heterotrophic 
denitrification in removing 800 mg/L NO3

− and no NO2
− accumulated at 

3 g/L Cl−, 4.5 g/L Na+ and 12 g/L SO4
2−, showing lower inhibition even 

in the presence of multiple ions. This could be due, for instance, to the 
presence of several metals (Table 1), to which autotrophic denitrifica
tion seem to have higher tolerance (Claus and Kutzner, 1985b); to other 
unidentified inhibitors for heterotrophic denitrification and boosters for 
autotrophic denitrification; or to lack of nutrients as NH4

+ that has been 
reported as not essential for T. denitrificans (Koenig and Liu, 2001). Thus, 
the most likely inhibitory factor in the NOx-SO2 removal scrubber 
wastewater for T. denitrificans was salinity, similarly to what reported 
for flue gas desulphurization scrubber wastewater by Koenig and Liu 
(2004). Nevertheless, salinity tolerance seem to be enhanced in 
continuous flow reactors, where heterotrophic denitrification has been 
reported at 71.2 g/L NaCl (Glass and Silverstein, 1999) and 45 g/L Cl−

(Vredenbregt et al., 1997), and autotrophic denitrification at 33 g/L 
NaCl (Zhao et al., 2004), combined with biofilm systems, which present 
higher tolerance to toxicity (Liu et al., 2022). 

The application of autotrophic denitrification to wastewaters from 
NOx-SO2 removal scrubber represents an interesting solution, as the 
electron donors could come from the scrubbing process, where large 
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amounts of S2O3
2− and SO3

2− are employed (Schmid et al., 2022). 
Moreover, autotrophic denitrification is reported to have lower N2O gas 
production than heterotrophic (Cui et al., 2019), which tends to increase 
with increasing salinity (Zhao et al., 2013). However, one of the dis
advantages of autotrophic denitrification is the large production of SO4

2−

(Di Capua et al., 2019), which is already present at high concentrations 
in the scrubber wastewaters (Table 1). A partial solution to this problem 
could be the application of mixotrophic denitrification that decreases 
sulphate production (Sahinkaya et al., 2011). Furthermore, also the 
variability in composition of NOx-SO2 removal scrubber wastewaters 
(Table 1 and S3) needs to be considered for the development of bio
logical treatments. 

Overall, the presence of organic waste streams (Meyer and Edwards, 
2014) and the use of S2O3

2− and SO3
2− in the scrubbing process of flue 

gases highlight the attractiveness of pulp industry for the application of 
both autotrophic and heterotrophic denitrification. Therefore, denitri
fication could represent a potential solution for nitrate removal from 
NOx-SO2 removal scrubber wastewaters, as well as other saline indus
trial wastewaters, requiring further investigations in larger scale 
bioreactors. 

5. Conclusions 

In this study, inhibition by inorganic ions commonly present in saline 
wastewaters was investigated in batch assays on heterotrophic 
(enrichment culture) and autotrophic (T. denitrificans) denitrification. 
Moreover, real saline industrial wastewater from a NOx-SO2 removal 
scrubber was used to test denitrification potential. The main conclusions 
of this study are: 

• Cl− shows to be more inhibitory than Na+, K+ and SO4
2− for het

erotrophic and autotrophic denitrification rates. Autotrophic deni
trification rate by T. denitrificans is increased by low Na+ but at 
higher concentrations is rapidly inhibited.  

• In both autotrophic and heterotrophic denitrification, nitrate 
removal is more inhibited than nitrite removal by the increasing 
concentrations of the ions.  

• T. denitrificans (DSM 12475) shows lower IC50 than the heterotrophic 
enrichment culture and requires further considerations in view of a 
possible industrial application.  

• Both autotrophic and heterotrophic denitrification efficiency is over 
95 % for real NOx-SO2 removal scrubber wastewater, with autotro
phic being faster than heterotrophic, showing the potential of auto
trophic denitrification for this saline wastewater. 
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2 

 

During the enrichment phase of heterotrophic denitrifiers from the sludge of the wastewater treatment plant, 

first, ammonia and yeast extract were added to the growth medium described by Zou et al. (2014) to 

overcome nutrients’ limitation (Table S1). Then, after some weeks, addition of Fe(II) further increased the 

denitrification rate and reduced the length of lag phase (Figure S1). 

 

Figure S1. Development of nitrate and nitrite concentrations in the heterotrophic denitrifying enrichment 

culture using growth medium (with no sodium) without Fe(II) (on the left) and with addition of Fe(II) as 2 

mg/L FeSO4∙7H2O (on the right) as two replicates (A and B). Growth medium and incubation conditions 

were as reported in the Materials and Methods section. 
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Table S1. Growth media used for the cultivation and experiments for the heterotrophic enrichment culture 

and autotrophic Thiobacillus denitrificans. 

Growth medium 

Heterotrophic medium Autotrophic medium (for T. denitrificans) 

 Concentration 

 

 Concentration 

NO3
-
 (KNO3) 2 g/L NO3

-
 (KNO3) 2 g/L 

MeOH 1.6 g/L S2O3
2- (K2S2O3) 3.66 g/L 

NH4
+

 ((NH4)2SO4) 0.2 g/L KHCO3 3.25 g/L 

Yeast extract 5 mg/L FeSO4∙7H2O 2 mg/L 

K2HPO4 

 

50 mg/L   

K-phosphate buffer solution: Nutrient solution:  

K2HPO4 2.77 gPO4
3-

 /L KH2PO4 2 g/L 

KH2PO4 1.73 gPO4
3-

 /L NH4Cl 1 g/L 

  MgSO4∙7H2O 0.8 g/L 

    

Metals solution:  Trace element solution:  

FeSO4∙7H2O 2 mg/L Na2EDTA 1 mg/L 

CaCl2∙2H2O 20 mg/L FeSO4∙7H2O 0.4 mg/L 

MgCl2∙6H2O 150 mg/L ZnSO4∙7H2O 0.2 mg/L 

Na2MoO4∙2H2O 0.1 mg/L MnCl2∙4H2O 0.06 mg/L 

MnCl2∙2H2O 1.75 mg/L H3BO3 0.06 mg/L 

CoCl2∙6H2O 0.05 mg/L CoCl2∙6H2O 0.4 mg/L 

  CuCl2∙2H2O 0.02 mg/L 

  NiCl2∙6H2O 0.04 mg/L 

  Na2MoO4∙2H2O 0.06 mg/L 
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In the heterotrophic denitrification test with Na+ and Cl-, the time for over 95% nitrate removal increased 

with increasing concentrations of Na+ as NaCl, Na+ as Na2SO4, Cl- as KCl (Figure S2, S3, S4). Total 

inhibition of denitrification was reached at 20 g/L Na+ (as NaCl), 30 g/L Na+ (as Na2SO4) and 30 g/L Cl- (as 

KCl). In all the cases, after nitrite accumulated, it was always removed by more than >95%. Nitrite 

accumulation stopped at 10 g/L Na+ (as NaCl), 20 g/L Na+ (as Na2SO4) and 20 g/L Cl- (as KCl). Lag phases 

with Cl- (as KCl) were shorter than with sodium compounds. MeOH consumption was in line with the 

stoichiometry in all the cases. 

Also, in the autotrophic denitrification test with Na+ and Cl-, the time for over 95% nitrate removal increased 

with increasing concentrations of Na+ as NaCl, Na+ as Na2SO4, Cl- as KCl (Figure S5, S6, S7). Total 

inhibition of denitrification was reached between 6 and 7 g/L Na+ (as NaCl), 10 g/L Na+ (as Na2SO4) and 15 

g/L Cl- (as KCl). Nitrite accumulated starting from 2.5 g/L Na+ (as NaCl), 5 g/L Na+ (as Na2SO4) and 5 g/L 

Cl- (as KCl). In almost all the cases, after nitrite accumulated, it was always removed by more than 95%. 

Exceptions were made at 5 and 6.5 g/L Na+, when incubation was interrupted and at 6.5 g/L Cl-, when 

accumulated nitrite was not consumed. 

Without ions addition, in almost all the cases, both autotrophic and heterotrophic denitrification removed 

approximatively 2 g/L nitrate within 75 hours, with the only difference that in the former no nitrite 

accumulation was detected (Figure S8). 
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Figure S8. Nitrate and nitrite (a. and b.) and electron donors-product (c. and d,) concentrations plotted 

against incubation time for positive controls (without salt addition) for autotrophic denitrification tests 

(on the left) and heterotrophic denitrification test (on the right), for duplicates (A and B). In the 

legend, RE and RF refer to the rerun test conducted after the main experiments, as mentioned in the 

Results section.  
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In the Cl- and Na+ inhibition test, by expressing the ions concentrations in mol/L, no changes were 

observed in lag phase and nitrite accumulation (Figure S9).  

 

Figure S9. Effects of sodium and chloride inhibition (ions’ concentrations in mol/L) of heterotrophic 

(on the left) and autotrophic (on the right) denitrification on highest nitrite concentration accumulation 

during the incubation (a. and b.) and lag phase (c. and d.). Two data points (duplicates) are shown for 

each ion. Positive controls are indicated as “CTRL” and are represented by average values (n=6) (plot 

c: standard error <5%). 
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Figure S10. Effects of ions inhibition of heterotrophic (on the left) and autotrophic (on the right) 

denitrification on: a. Methanol removed-nitrate removed ratio, b. Thiosulphate-sulphur removed - 

nitrate removed ratio, c. Sulphate-sulphur produced - nitrate removed ratio. Two data points of the 

same ion at the same concentration represent duplicates. Only cases where nitrate and nitrite were 

removed over 95% are reported in the plots. 
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Figure S11. Denitrification rate (%) decrease plotted against osmotic pressure (a. and b.) and Ionic 

strength (c. and d.) for heterotrophic and autotrophic denitrification. 

 

Figure S12. Nitrite accumulation plotted against osmotic pressure (a. and b.) and Ionic strength (c. 

and d.) for heterotrophic and autotrophic denitrification. 
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To better understand which ions had the most important roles in decreasing denitrification rate, a 

statistical analysis of the data was carried out. Two methods, Partial Least Square regression (PLSR) 

and Random Forest (RF) regression were used to analyze the response of percentage denitrification 

rate DR(%) at increasing concentrations of the ions (Na+, Cl-, SO4
2- and K+). The ions were considered 

as the independent variables characterized by high collinearity, since they were added in pairs as a 

salt. First, the complete dataset obtained from the experiments was analyzed, separately for 

heterotrophic and autotrophic denitrification. Then, since the number of conditions for Na+ and Cl- 

was higher than for SO4
2- and K+, which affects the distribution of the data, the two datasets 

(heterotrophic and autotrophic) were cut in order to have the same number of conditions for all the 

ions. Data from the tests with Na2SO4 and KCl were left, while data from the test with NaCl were cut 

to have the same number of conditions as with K2SO4. NaCl conditions with similar DR(%) to K2SO4 

conditions were selected. A total of 4 datasets were tested (HD complete, HD cut, AD complete, AD 

cut). The analyzed outputs from the regressions were standardized coefficients for PLSR and Feature 

Importance for RF. Both describe the ability of each independent variable in predicting the response 

variable. The higher the absolute value of the standardized coefficient and Feature Importance value, 

the higher the importance of the variable. For the standardized coefficients of PLSR (see Minitab 

support), negative sign means that the predictor is negatively correlated with the response variable 

(i.e., decreases denitrification rate).  

 

Table S2 describes the validation of the model for PLSR of the four datasets, showing that HD 

datasets were better described by the model than AD. Eventually, for all the datasets and with both the 

methods (Figure S13), Cl- resulted to have the highest importance in decreasing the denitrification 

rate. No considerations on the orders of importance of other ions could be made, as their order varied 

in the different datasets. 

One of the limits of this approach with the available data is that the ions concentrations were always 

increased in pair since they were added as salts. Moreover, no combinations of K+- Na+ and Cl-- SO4
2- 

could be studied, due to the nature of the salts. Also, no interactions between the ions were considered 

in the analysis. 

Table S2. Statistics of the PLSR for each condition tested. The p-value was always <0.001 (results of 

the regression were statistically significant). HD: Heterotrophic denitrification, AD: Autotrophic 

Denitrification. 

 Model Selection and Validation for DR    

 Components X Variance Error R-Sq R-Sq (pred) 

      

HD complete dataset 1 0.315 7261.64 0.75 0.63 

 2   6624.85 0.77 0.62 

 3   6611.85 0.77 0.62 

      

HD cut dataset 1 0.280 4103.67 0.82 0.77 

 2   4008.22 0.82 0.71 

 3   3996.69 0.82 0.71 

      
AD complete dataset 1 0.264 11084.1 0.68 0.58 

 2   10489.1 0.70 0.57 

 3   10455.3 0.70 0.56 

      

AD cut dataset 1 0.278 9214.00 0.64 0.38 

 2 0.792 7858.17 0.69 0.47 

 3 1.000 7408.18 0.71 0.50 

https://support.minitab.com/en-us/minitab/21/help-and-how-to/statistical-modeling/regression/how-to/partial-least-squares/interpret-the-results/all-statistics-and-graphs/coefficients/
https://support.minitab.com/en-us/minitab/21/help-and-how-to/statistical-modeling/regression/how-to/partial-least-squares/interpret-the-results/all-statistics-and-graphs/coefficients/
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Figure S13. Standardized coefficients and feature importance values of the main inorganic ions tested 

(independent variables) obtained from PLSR and RF, respectively, for heterotrophic and autotrophic 

denitrification rates decrease. 
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Samples from the full-scale simultaneous NOx-SO2 removal scrubber system were taken in two 

different days and characterized. In Table S1 is reported the characterization of a second sample taken 

on a different day from the one reported in the main manuscript. Sodium concentration was double, 

thiosulphate and formate were present in terms of g/L and pH was higher than those in the wastewater 

reported in the materials and methods section of the manuscript. This shows the variability in 

composition and concentration proper of industrial wastewaters, which, in this case, was mainly due 

to the different conditions of the scrubbing process. Moreover, the presence of thiosulphate could 

represent an important energy source for autotrophic denitrification. 

 

 

Table S3. Characterization of another wastewater sample generated from a full-scale simultaneous 

NOx-SO2 removal scrubber system treating flue gases produced in two recovery boilers of a pulp mill. 

Analyte (mg/L) Concentration  Analyte (mg/L) Concentration 

Cl- 1800  Al 0.15 

NO2
- <100  As <0.01 

NO3
- 400  B 11.50 

SO4
2- 17600  Co <0.01 

S2O3
2- 2100  Cr 0.04 

HCOO- (C) 3500 (930)  Cu 0.01 

    Fe 0.90 

DOC1  1440  K 21.00 

DIC2 /  Mg 0.98 

   Mn 0.03 

pH 5.2  Mo 0.03 

T (°C) 66.5  Na 10900.00 

   Ni 0.04 

   P 0.58 

   Pb <0.01 

   Se 0.01 

   V <0.01 

   Zn 0.02 

     
1 Dissolved Organic Carbon; 2 Dissolved Inorganic Carbon. 
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A B S T R A C T

Methanol and thiosulphate are two common compounds found in pulp mill environment. In this study, for the 
first time, methanol driven, and thiosulphate driven denitrification under salinity stress were studied in fluidized 
bed bioreactors (FBBR) in a comparative manner. Concentration of salinity, due to Cl-, Na+, SO4

2- and K+ that are 
present in saline industrial wastewaters, and nitrate loading rate were gradually increased up to 8.1 % and 4.67 
± 0.30 gNO3

- -N/L/d to determine the reactors’ resistance and denitrification rate capacity. Moreover, the suit
ability of real pulp mill methanol-rich foul condensate as alternative electron donor was revealed in the het
erotrophic reactor. With foul condensate, heterotrophic denitrification maintained > 97 % nitrate removal at a 
rate of 2.40 ± 0.10 gNO3

- -N/L/d under 6.8 % salinity, also decreasing nitrite accumulation as compared to pure 
methanol. Thiosulphate driven autotrophic denitrification showed lower salinity and nitrate loading tolerance 
than the methanol driven, removing nitrate > 97 % at salinity up to 5.6 % and rate of 1.27 ± 0.10 gNO3

- -N/L/d. 
Microbial community composition in the heterotrophic reactor remained stable at different salinities, with 
denitrifying genera Methylovorus, Paracoccus and Pseudomonas playing the major roles. On the other hand, in the 
thiosulphate driven reactor, inoculated with a pure culture of Thiobacillus denitrificans, many other microor
ganisms, including Moheibacter, became enriched. However, nitrate removal was mainly linked with 
T. denitrificans abundance as indicated by decreasing share of the community co-occurring with the decrease of 
the reactors’ performance. In summary, this study showed that thiosulphate and foul condensate supported 
denitrification under salinity stress, indicating potential for high-rate fluidized bed pre-treatment for nitrate 
removal from pulp mill NOx-SO2 scrubber wastewater prior to direction to subsequent activated sludge process.

1. Introduction

Wastewaters from many industries, such as oil and gas, mariculture, 
food and pulp-paper are characterized by high salinity (>5%) [1–3] and 
are often nitrogen-laden [4,5], requiring proper treatments before 
discharge to the environment. Sustainable and cost-effective handling of 
industrial saline wastewater combines physico-chemical and biological 
processes removing specific pollutants, including nitrogen [2,3,6].

High osmotic stress and the presence of multiple inorganic ions (e.g., 
Cl-, Na+, SO4

2-, K+) in saline wastewaters represent challenging condi
tions for biological processes [7–10]. To partially overcome this chal
lenge, different types of biofilm reactors have been adopted, since 

biofilms enhance the tolerance of microorganisms towards inhibitory 
agents [11,12]. For instance, denitrification under saline conditions has 
been reported for heterotrophs, among others, in moving bed bioreactor 
[13,14], expanded granular sludge bed [4,15] and biofilm electrode 
reactor [16], as well as for autotrophs in packed bed reactors [17–19]
and Upflow Anaerobic Sludge Blanket (UASB) [20]. Therefore, a high- 
rate-biofilm system tolerating the inhibitory conditions is advanta
geous for the biological treatment of industrial saline wastewaters. 
Fluidized Bed Bioreactor (FBBR) has the potential of meeting these re
quirements [21,22]. Both heterotrophic [23–25] and autotrophic 
[26–28] denitrification in FBBR have been studied under non-saline 
conditions, whilst the performance of denitrification in FBBR under 
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E-mail address: alessio.daquino@tuni.fi (A. D’Aquino). 

Contents lists available at ScienceDirect

Chemical Engineering Journal

journal homepage: www.elsevier.com/locate/cej

https://doi.org/10.1016/j.cej.2024.158131
Received 26 February 2024; Received in revised form 14 November 2024; Accepted 20 November 2024  

Chemical Engineering Journal 502 (2024) 158131 

Available online 30 November 2024 
1385-8947/© 2024 The Author(s). Published by Elsevier B.V. This is an open access article under the CC BY license ( http://creativecommons.org/licenses/by/4.0/ ). 

mailto:alessio.daquino@tuni.fi
www.sciencedirect.com/science/journal/13858947
https://www.elsevier.com/locate/cej
https://doi.org/10.1016/j.cej.2024.158131
https://doi.org/10.1016/j.cej.2024.158131
http://creativecommons.org/licenses/by/4.0/


saline conditions remains to be determined [29]. Furthermore, denitri
fication in continuous flow reactor under multiple inorganic ions’ stress 
has not been investigated in detail, as many studies have mostly used 
NaCl to simulate salinity [4,15,17,18,30].

In addition to salinity stress, biological nitrate removal from indus
trial wastewaters is often limited by the lack of suitable electron donors 
for denitrification [31], requiring costly chemical supply. Combining 
different waste streams to provide the necessary substrates for micro
organisms would represent a circular and sustainable approach. For 
instance, effluents from food industries have been used as electron do
nors for heterotrophic denitrification of metal industry wastewater [32].

Pulp and paper industry represents a significant producer of waste
water worldwide (3 billion m3 per year) [33]. Its wastewater consists of 
of highly heterogenous waste streams generated by different sub
processes [33,34], some of which contain potential electron donors for 
denitrification. Among these, evaporator foul condensate is rich in 
methanol and other non-toxic readily available organics [35,36], whilst 
wastewater from wet scrubbers removing NOx and SO2 from flue gases 
contains S2O3

2- and SO3
2- [10,37]. Moreover, overall pulp mill wastewater 

is usually characterized by high organic content, whilst being deficient 
in nutrients for activated sludge treatment, requiring ammonium and 
phosphate supplementations [38,39]. For this reason, most of the 
wastewater treatments are not optimized for the removal of nitrogen, 
potentially exceeding the environmental standards in the effluent [40]. 
When NOx-SO2 wet scrubbers are employed to clean the mill’s flue gases 
they generate saline NO3

–/NO2
– rich streams (100–300 mg N/L) [10,41]

that require treatment. Consequently, it would be beneficial to have a 
pre-denitrification step for nitrate laden waste streams supported by 
electron donors generated in the same mill, to reduce nitrogen loading at 
the main wastewater treatment plant.

Therefore, the aim of this study was to investigate the performance of 
both thiosulphate driven autotrophic (eqs. S1) and methanol driven 
heterotrophic (eqs. S2) denitrification in FBBRs under increasing salin
ities and loading rates, simulating for example the process conditions for 
the treatment of NOx-SO2 scrubber wastewater. Granular activated 
carbon (GAC) was selected as biofilm carrier for the FBBRs, given its 
advantageous structure for microbial attachment, adsorption capacity 
and association with high-rate treatment [26,42,43]. Once inhibition by 
salinity was met, the FBBRs’ performances were recovered by 
decreasing the salt concentration to a tolerated level. The highest po
tential denitrification rates were assessed with a kinetic model. Inor
ganic ions (Cl-, Na+, SO4

2- and K+) in industrial wastewaters were 
simulated by dosing KCl and Na2SO4, while thiosulphate and methanol 
were selected as electron donors, given their availability in the pulp and 
paper industry. Then, the suitability of real foul condensate from a pulp 
mill as electron source for heterotrophic denitrification was investigated 
for the first time. To our knowledge, foul condensate has been studied 
for example for the production of volatile fatty acids [44] or methane 
[36], but not for supporting denitrification under saline conditions, and 
its potential is still unknown. Furthermore, the microbial community 
composition and its dynamic response to increasing saline stress and 
addition of foul condensate were investigated with 16S rRNA gene 
sequencing. Eventually, based on the results, a potential pre- 
denitrification step to treat together nitrogen laden streams and foul 
condensate, and its possible benefits for the pulp mill wastewater 
treatment plant, are discussed.

2. Materials and methods

2.1. Simulated saline wastewater

Nitrate laden saline wastewater was simulated with tap water 
amended with 1 g/L NO3

– (as KNO3), 2 g/L S2O3
2- (as K2S2O3) and 0.2 g/L 

NH4
+ (as NH4Cl). To simulate the traces of metals present in this type of 

wastewater [10], a trace element solution was added (Table S1). Po
tassium phosphate buffer solution (5.1 g/L K2HPO4 and 2.5 g/L 

KH2PO4) was used to control pH in the reactor around 7.35 ± 0.45. For 
the heterotrophic reactor, methanol (0.8 g/L, C/N = 1.3 g/g) or foul 
condensate was used as organic carbon and electron source, while for 
the autotrophic, KHCO3 (1.8 g/L, C/N = 0.95 g/g) and S2O3

2- were used 
as inorganic carbon and electron sources. The foul condensate was 
generated from a Finnish pulp mill’s evaporator and its composition is 
reported in Table 1. The condensate was stored at 4 ◦C and its methanol 
content remained constant (results not shown).

To determine the salinity resistance to denitrification in a FBBR, 
concentrations of Cl-, Na+, SO4

2- and K+ were gradually increased in the 
simulated wastewater, as shown in Table 2, by adding KCl and Na2SO4. 
Before being fed to the reactors, the wastewater was purged with ni
trogen gas to reduce the dissolved oxygen concentration.

2.2. Reactors design

Two identical reactor systems were used in this study, one for het
erotrophic denitrification and one for autotrophic denitrification, and 
were fed with the simulated wastewater. The two systems were built as 
reported by Papirio et al. [23] and consisted of: an FBBR, a peristaltic 
pump for the recirculation flow, a peristaltic pump pumping the influent 
from a feed tank to the FBBR and a water level adjustor in the effluent 
line (Figure S1). The FBBR had a working volume of about 170 mL with 
a diameter of 4.5 cm, as used by Rasoulnia et al. [43], and was filled with 
75 mL of granular activated carbon (GAC) (Filtrasorb 200, Calgon Car
bon Corporation, USA) to allow biomass attachment. A 25 mm glass 
bead was placed at the bottom of the FBBR to retain the GAC and better 
distribute the recirculation flow in the reactor. Temperature of the FBBR 
was controlled by an immersed probe and kept at 30 ± 2◦C by a heating 
blanket. The flow rate of the peristaltic pump used for recirculation was 
continuously adjusted to obtain around 17 % fluidization of the GAC bed 
and was in the range 380–500 mL/min.

2.3. FBBRs operation

2.3.1. Heterotrophic FBBR (Methanol driven)
The heterotrophic FBBR was operated for 115 days. On day 0, the 

reactor was inoculated with 10 % v/v of an enrichment culture of 
denitrifying microorganisms, incubated under non saline conditions at 
35 ◦C with methanol as electron donor, as in our previous study [10]. 
The FBBR startup (PHASE 0 in Table 2) included 3 days in batch mode, 
after which continuous flow mode was started at nitrate loading rate 
(NLR) of 0.44 ± 0.02 g NO3

–-N/L/d (hydraulic retention time (HRT) 
12.5 h) and lasted for 13 days to allow biofilm formation. Then, in the 
next phase (PHASE I), NLR was gradually increased to 0.76 ± 0.08 g 
NO3

–-N/L/d (HRT 6.7 h). Once the FBBR showed to have stable nitrate 
removal, the concentrations of inorganic ions, and thus, salinity, were 
gradually increased to PHASE V to observe the effect on denitrification 
performance. If no changes in nitrate removal efficiency were observed 
in 5–7 days, the salinity was increased. Once inhibition of 

Table 1 
Characterization of the kraft pulp mill foul condensate used in this study as 
electron donor for heterotrophic denitrification.

Parameter Value
Methanol-C 2300 mg/L

DOC 2500 mg/L
NH4

+ 200 mg/L
pH 9.2 ​
ORP −380 mV
Ethanol 0–0.19 % (m/v)
Acetone 0–0.19 %
Turpentine 0–0.09 %
Dimethyl sulphide 0.6 %
H2S 0–0.09 %
Methanethiol (methyl mercaptan) 0–0.09 %
Dimethyl disulphide 0–0.09 %
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denitrification, seen as nitrate accumulation, started to be observed, the 
salinity was reduced stepwise to avoid incomplete denitrification. Then, 
from day 79 onwards, foul condensate (FC) was added to the saline 
wastewater (12–15 % v/v), substituting pure methanol as electron 
donor. In this phase, called PHASE IV + FC, the NLR was gradually 
increased to observe the denitrification rate capacity of the system under 
saline conditions. During this phase, the wastewater feed tank was 
stored in a cooling box at 10–12 ◦C, to reduce possible biological 
activity.

2.3.2. Autotrophic FBBR (Thiosulphate driven)
The autotrophic FBBR was operated for 110 days. On day 0, the 

reactor was inoculated with 10 % v/v of a Thiobacillus denitrificans based 
culture, incubated under non saline conditions at 30 ◦C with thio
sulphate as electron donor, as in our previous study [10]. The startup 
phase of the FBBR (PHASE 0 in Table 2) lasted for 46 days, during which 
batch mode and continuous mode (NLR 0.43 ± 0.06 g NO3

–-N/L/d, HRT 
12.5 h) were interchanged, and the reactor was inoculated three more 
times, before obtaining removal of nitrate > 95 %. On day 47, concen
tration of inorganic ions was increased to PHASE I and NLR was stepwise 
increased to 0.78 ± 0.05 g NO3

–-N/L/d (HRT 6.2 h). When denitrification 
was stable, salinity was gradually increased. When nitrate started to 
accumulate, indicating inhibition, the salinity was reduced, and NLR 
decreased to recover the system. Once the reactor’s performance 
recovered, salinity was increased again, and NLR was gradually 
increased to observe the denitrification rate capacity of the system under 
saline conditions.

2.4. Analytical methods

2.4.1. Liquid samples
Liquid samples (5 mL) were taken from both feed tank and effluent 

line for both heterotrophic and autotrophic reactors every 1–3 days. The 
pH of the samples was measured with WTW pH-meter 330i (WTW 
GmbH, Germany). Then, the samples were filtered through 0.2 µm 
Chromafil Xtra syringe filter (Macherey-Nagel, Germany) and stored at 
−20 ◦C. Concentrations of anions (NO2

–, NO3
–, SO4

2-, S2O3
2-) and methanol 

in the filtered samples were analysed via ion chromatograph (Dionex 
Integrion, Thermo Fisher Scientific Inc., USA) and gas chromatograph 
equipped with a flame ionization detector (GC-2010, Shimadzu Co., 
Japan), respectively, as done in our previous study [10]. Concentration 
of NH4

+ was measured with HACH cuvette test (LCK 303), using a 
spectrophotometer (HACH LANGE DR 2800, Hach Company, USA). 
Total dissolved carbon and dissolved inorganic carbon were measured 
with TOC-VCPH/CPN analyser (Shimadzu Co., Japan), and dissolved 
organic carbon (DOC) calculated as their difference. Dissolved oxygen in 
the FBBRs was monitored inside the water level adjustor with HQ40d 
portable multimeter equipped with an intellical LDO101 probe (Hach 
Company, USA).

2.4.2. Determination of foul condensate components by HS-GC/MS
The fate of foul condensate components (Table 1) in the heterotro

phic FBBR during PHASE IV + FC was studied with headspace gas 

chromatography/ mass spectrometry (HS-GC/MS; Shimadzu GCMS- 
QP2020 NX with Nexis GC-2030, Shimadzu Co., Japan). For the anal
ysis, each reactor sample was pipetted (0.5 mL) into two parallel 10-mL- 
HS vials, which were sealed with crimp-top caps. The HS sampler 
(Shimadzu HS-20, Shimadzu Co., Japan) was operated with similar 
parameters reported by Wunder et al. [45]. The GC/MS method was 
modified from Davoli et al. [46] (for detailed information, see Table S2). 
Data were acquired on a scan mode for ions with mass-to-charge ratios 
of 30–150 (α- and β-pinenes considered as representatives of turpen
tine). The foul condensate components were identified by comparing 
their mass spectra with the ones in the library software (NIST MS Search 
2.4). Consumption of components in the reactor was estimated semi- 
quantitatively by comparing peak areas in the effluent sample versus 
in the feed solution.

2.4.3. Biomass estimation
Samples to analyse attached and suspended biomass were taken on 

days 36, 58, 78, 93 and 106 and on days 58, 71, 86 and 106 from the 
heterotrophic and autotrophic reactors, respectively, both from the GAC 
bed and the effluent. Every time, 6 mL effluent and 3.5 mL GAC were 
collected from the reactor systems. Each GAC sample was weighed, and 
the cells detached by adding 9 mL washing solution (composition (g/L): 
0.1 peptone, 0.38 EGTA, 0.000335 Zwittergent 3–12 and 3.73 KCl), 
followed by shaking and sonication (5 times at 40 % max amplitude for 
60 s with 30 s breaks). Usually, volatile solids (VS) are used for deter
mination of attached biomass in fluidized bed bioreactors [24,26]. In 
this study, however, during the biomass detachment via sonication, also 
black carbon powder was detached. Therefore, since part of activated 
carbon accounts for VS (Figure S5), different methods were adopted. 
Cells were quantified by 4′, 6-diamidino-2-phenylindole (DAPI) staining 
technique with epifluorescence microscope (Zeiss Axioskop 2, Carl Zeiss 
Microscopy GmbH, Germany) and biomass as N content in the cells, as 
done by Rasoulnia et al. [43] and by Asik et al. [47], respectively. The 
resulting supernatant from the GAC sample after sonication and the 
effluent sample were in part stored at −20 ◦C for DAPI staining and in 
part collected for microbial population analyses (see section 2.5). The 
remaining volume of the samples was centrifuged at 4980 rcf at 4 ◦C for 
10 min, the supernatant was discarded, and the cell pellet washed with 
1xPBS to remove possible nitrogen other than that contained in the 
biomass. After centrifugation, the cell pellet was stored at −20 ◦C for 
nitrogen measurement.

Liquid samples for the cell counting were diluted 200 times with 
sterile MQ-water prior to filtration through 0.2 µm on polycarbonate 
filter and DAPI staining. Afterwards, cells were counted on 20 micro
scopic fields with epifluorescence microscope and total cells calculated 
accordingly.

The cell pellet samples for biomass quantification were digested in 
alkaline (0.15 M NaOH) persulphate (0.15 M K2S2O8) solution in a 
heating block at 120 ◦C for 60 min, following the protocol of De Borba 
et al. [48]. After digestion, the samples were let cool down, filtered 
through 0.45 µm, and NO3

–-N was measured with HACH LCK 339 cuvette 
test, subtracting the NO3

–-N due to the persulphate solution and present 
in blank GAC samples. Biomass concentration was then calculated 

Table 2 
Inorganic ions’ total concentrations, total salinity, and total osmotic pressure (OP) conditions characterizing each phase tested for the heterotrophic (HD) FBBR and the 
autotrophic (AD) FBBR. PHASE V was not tested for AD.

Inorganic Ions (g/L) Total Salinity (%) Total OP (atm)
Cl- Naþ SO4

2- Kþ HD AD HD AD
HD AD

PHASE 0 0.4 <0.1 <0.1 5.0 5.7 1.3 1.5 5.8 6.7
PHASE I 1.4 2.0 4.2 6.1 6.8 2.1 2.3 10.4 11.3
PHASE II 3.4 5.0 10.4 8.3 9.0 3.5 3.7 18.1 19.0
PHASE III 5.4 10.0 20.9 10.5 11.2 5.5 5.6 29.0 29.9
PHASE IV 7.9 12.5 26.1 13.5 14.2 6.8 6.9 36.6 37.5
PHASE V 10.4 15.0 31.3 16.3 / 8.1 / 44.1 /
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assuming the formula C5H7O2N. Both biomass and cells were then 
calculated for the whole FBBR system.

2.5. Microbial community analysis

Liquid samples for microbial community analysis from both reactors 
(both effluent and the carrier), from the initial inocula and the foul 
condensate were centrifuged at 5000 rcf at 4 ◦C for 10 min. The su
pernatant was discarded, and cell pellet stored at −80 ◦C. While waiting 
for the analyses, the pellets were stored in DNA/RNA Shield solution. 
Then, after bead beating of the samples (Omni Bead disruptor, 4500 
rpm/40 s, 0.1 mm glass beads 1:1 w/v), DNA was extracted using the 
Chemagic 360 automated system (PerkinElmer Inc., USA).

The hypervariable region V4 of bacterial and archaeal 16S rRNA 
gene was amplified using the universal primer pair 515F-Y (GTGY
CAGCMGCCGCGGTAA [49]) and 806R (GGACTACNVGGGTWTCTAAT 
[50]). PCR was done using the Maxima Sybr Green master mix (Thermo 
Fisher Scientific Inc., USA) with 40 cycles and annealing temperature 
53 ◦C. Secondary PCR with 10 cycles was conducted, now using the 
primers IonA-barcode-M13: M13-515F-Y (in 10:1 ratio) and P1-806R to 
attach barcodes and sequencing adaptors to the amplicons, as described 
by Mäki et al. [51]. PCR-products were purified using the AMPure XP 
purification system (Beckman Coulter Life Sciences, Indianapolis, USA), 
analysed using the Qubit dsDNA HS assay (Thermo Fisher Scientific Inc., 
USA), and pooled in equimolar concentrations. Amplicons were 
sequenced on the IonTorrent PGM with the Hi-Q View chemistry 
(Thermo Fisher Scientific Inc., USA).

Sequencing data was processed with CLC Genomics Workbench 
version 23.0.4 and the Microbial Genomics Module (Qiagen). On 
average, 26306 ± 2002 (std) sequences were finally obtained per sam
ple after primer trimming and chimera checking, with the average 
length of 249 bp. Calculations against Silva 138.1 (99 %) database were 
performed using 99 % taxonomic similarity value in the OTU clustering. 
Also, a Blast search of the nucleotide sequences was performed to find 
the closest similarities in NCBI libraries. Total number of genera and 
Shannon Entropy index were calculated to assess the alpha-diversity of 
the communities. Beta-diversity was visualized with Principal Compo
nent Analysis (PCoA) and non-Metric Multidimensional Scaling (nMDS), 
using Bray-Curtis distance with R (package “vegan”), to observe the 
variations in microbial communities under different salinity conditions 
for both FBBRs. Permutational multivariate analysis of variance (PER
MANOVA) test, based on Bray-Curtis distance, was used to evaluate the 
significance (α = 0.05) of the microbial community changes in the 
FBBRs. Spearman correlation (α = 0.05) between the main microbial 
genera’s relative abundance, salinity and nitrate removal was calculated 
with Python.

2.6. Calculations and kinetics

To evaluate the FBBRs’ potential performance in removing nitrogen 
after recovering from salinity inhibition, modified Stover-Kincannon (S- 
K) model was fitted to the experimental data under constant salinity 
condition and at different HRTs. This modified S-K model, which de
pends on the substrate loading rate and has been used for different 
biofilm reactor designs and substrates [52–54], also recovering from 
inhibition, can be written in the linear form as: 

HRT
Nin - Nout

=
KB

Umax
⋅
HRT
Nin

+
1

Umax
(1) 

where the FBBR’s HRT was calculated as by Nurmi et al. [55], and Umax 
and KB are the maximum nitrogen removal rate (g N/L/d) and saturation 
constant (g N/L/d), respectively. Since nitrite accumulation is a sign of 
the reactor approaching its loading limit [26], both NO3

–-N and NO2
–-N 

were considered in the effluent nitrogen (Nout). The model was fitted to 
the experimental data with the Linear Regression Tool in Origin 2019b 

software, and R2 and p-value (α = 0.05) were used to evaluate the 
goodness of the fitting and the significance of the parameters.

Nitrate removal efficiency (NRE) was calculated as in Eq. (2), where 
NO3

-
in and NO3

-
out are the influent and effluent concentrations, 

respectively: 

NRE(% ) =
NO -

3 in - NO -
3 out

NO -
3 in

⋅100 (2) 

The same approach was adopted to also estimate the removal of other 
compounds (S2O3

2-, methanol, NH4
+, etc.). Average removal efficiencies, 

loading rates, concentrations, and related standard deviations during 
stable conditions under the same HRT or salinity were considered.

Stoichiometric methanol, S2O3
2- consumption-SO4

2- production and 
related C/N and S/N ratios were calculated according to the heterotro
phic and autotrophic denitrification reactions [10].

3. Results

3.1. Heterotrophic FBBR performance under different salinities and 
loading rates

In the startup phase (PHASE 0), nitrate removal efficiency (NRE) of 
> 98 % was obtained after 4 days of operation (Fig. 1). On day 16, 
salinity in the simulated wastewater was increased to 2.1 % (PHASE I), 
and nitrate loading rate (NLR) was gradually increased from 0.44 ± 0.02 
to 0.76 ± 0.08 g NO3

–-N/L/d (HRT 12.5–6.7 h). NRE was above 98 %, 
with no nitrite accumulation. Methanol, which was in excess, was 
completely consumed (C/N = 1.54 ± 0.2 g/g (Figure S6)), likely by 
other bio-oxidations. During PHASE 0 and I, thiosulphate removal was 
initially above 98 %, mainly because of adsorption on GAC, and then 
gradually decreased to 32 ± 13 % in PHASE I. Total biomass and cells in 
the FBBR (attached + suspended) amounted to 35 mg and 2.77•1011 

cells (Fig. 2a), of which more than half was suspended.
Salinity was increased to PHASE II on day 40, followed by PHASE III 

on day 46, and NRE in the FBBR remained above 98 % (98.7 ± 0.2 %), 
with no observable changes with respect to PHASE I.

When Cl-, Na+, SO4
2- and K+ concentrations were increased to 10.4, 

15, 31.3 and 16.3 g/L (PHASE V: salinity = 8.1 %, OP = 44.1 atm), 
denitrification was partially inhibited. At a NLR of 0.76 ± 0.08 g NO3

–-N/ 
L/d (HRT 6.7 h), nitrate concentration in the effluent increased and NRE 
decreased to 64 % (day 58), while nitrite started to accumulate up to 
100 mg/L. This indicated that nitrate reduction rate became slower than 
the loading rate. Similarly, methanol-C consumption decreased from the 
initial 98 % of previous phases down to 40 %, bringing the consumed C/ 
N closer to the stoichiometric value (Figure S6). Suspended cells 
decreased 10 times from PHASE I, while attached biomass and cells 
remained stable (Fig. 2a).

To recover the heterotrophic FBBR from the partial inhibition, Cl-, 
Na+, SO4

2- and K+ concentrations were decreased to 7.9, 12.5, 26.1 and 
13.5 g/L (PHASE IV: salinity = 6.8 %, OP = 36.6 atm) on day 59. After 5 
days of operation under this condition, nitrate removal efficiency 
recovered back to 98 % while some nitrite still accumulated up to 80 
mg/L. Methanol-C consumption recovered, bringing C/N to 1.1 ± 0.2 g/ 
g, slightly higher than the stoichiometric value (Figure S6). Also, thio
sulphate was removed similarly to PHASE I. Total biomass and cells 
seemed to recover from PHASE V (Fig. 2a).

Once the FBBR recovered in PHASE IV, real foul condensate was used 
as electron donor instead of pure methanol from day 79 (PHASE IV +
FC), and the denitrification rate capacity of the recovered FBBR inves
tigated. After 15 days at 0.76 ± 0.08 g NO3

–-N/L/d (HRT 6.7 h), NRE was 
above 98 %, nitrite did not accumulate and methanol in the foul 
condensate was consumed according to the stoichiometry (C/N = 0.91 
± 0.1 g/g, Figure S6), with no observable inhibition due to the foul 
condensate. Thus, NLR was increased gradually (days 95–104) to 2.47 
± 0.03 g NO3

–-N/L/d (HRT 2.2 h) and NRE was > 97 %. 
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Approximatively, half of the total biomass was attached in this phase 
(Fig. 2a). On day 108, NLR was further increased to 4.67 ± 0.30 g NO3

–- 
N/L/d (HRT 1.1 h) and NO3

– removal remained > 97 %. Nitrite accu
mulated and methanol-C consumption decreased (C/N = 0.78 ± 0.1 g/g 
(Figure S6)), indicating that the reactor was starting to reach its 

maximum denitrification rate capacity. During PHASE IV + FC, also 
acetone, dimethyl sulphide, dimethyl disulphide, methanethiol and 
ethanol present in the foul condensate, which accounted for DOC, were 
removed by 99 % in the FBBR up to NLR of 2.47 ± 0.03 g NO3

–-N/L/ 
d (HRT 2.2 h) (Figure S3, S4), resulting in methanol-C and DOC having 

Fig. 1. Concentration-time profiles for different compounds in influent and effluent under different operational conditions in the heterotrophic fluidized bed 
bioreactor. a.) Operational conditions (loading rate (NLR), hydraulic retention time (HRT) and salinity). b.) nitrate and nitrite c.) Methanol-C (MeOH-C) and dis
solved organic C (DOC). d.) Thiosulphate. e.) Sulphate. f.) Ammonium.

Fig. 2. Total attached and suspended biomass (mg) and total cells for heterotrophic (a.) and autotrophic (b.) fluidized bed bioreactor under the different salinity and 
HRT conditions.
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almost the same concentration in the effluent. Thiosulphate was 
removed by 13 ± 6 % until day 108, while when NLR was increased to 
4.67 ± 0.30 g NO3

–-N/L/d (HRT 1.1 h), S2O3
2- removal increased to 42 ±

8 %.
Moreover, fitting (R2 = 0.99, p < 0.05) of modified Stover- 

Kincannon model with the data of PHASE IV + FC, returned Umax =

12.4 ± 2.5 g N/L/d and Ks = 11.6 ± 0.3 g N/L/d (Fig. 3a) and indicated 
that the maximum denitrification rate capacity of the recovered FBBR 
was not yet reached at ~ 4.7 g N/L/d (HRT 1.1 h) and salinity of 6.8 %.

Eventually (days 112–114), NLR was decreased back to 2.47 ± 0.03 
g NO3

–-N/L/d (HRT 2.2 h) and salinity increased to 8.1 % (PHASE V +
FC) for qualitative considerations about the inhibition of the process. 
However, NRE remained > 97 % and NO2

– accumulated at around 30 
mg/L suggesting that the recovered heterotrophic FBBR could poten
tially remove nitrate also under this higher salinity stress condition.

During all the conditions tested, sulphate was not reduced or 
adsorbed, while ammonium was removed by 11 ± 5 %.

3.1.1. Microbial community in the heterotrophic FBBR
At the phylum level, Bacteirodota (21–48 %) and Proteobacteria 

(52–79 %) dominated the heterotrophic FBBR (Figure S8). At genus 
level, after 36 days from the inoculation, in PHASE I, the most abundant 
genera in the biofilm were Moheibacter (43 %), Methylovorus (32 %), 
Paracoccus (7 %), Aquamicrobium (5 %), Proteiniphilum (4 %) and Cas
tellaniella (3 %), and alpha diversity and richness were close to those of 
the original inoculum (Fig. 4a). On the same day, the same main genera 
were present in the suspended biomass, with Methylovorus (61 %) 
dominating, while richness and diversity were lower than in the biofilm 
(Fig. 4a). Abundance of genus Thauera, which was present in the inoc
ulum, remained below 1 % during the reactor operation.

Once salinity reached 8.1 %, resulting in the accumulation of nitrate 
and nitrite (Fig. 1b), the microbial community in the biofilm was stable 
(Day 58), similarly to PHASE IV when FBBR’s performance efficiency 
was recovered. When foul condensate was used as carbon and electron 
source (Day 93 and 106), the genus Pseudomonas become enriched onto 
the biofilm and Paracoccus genus doubled its relative abundance from 
previous phases.

On the other hand, community change in suspended biomass was 
more evident than in the biofilm. On PHASE V, relative abundance of 
Methylovorus decreased to 35 %, while the genus Moheibacter increased 
to 29 %, and community’s richness and diversity increased. In PHASE IV 
and IV + FC, the number of genera decreased and became stable, rela
tive abundance of Moheibacter decreased back to around 19 %, while 

abundance of Paracoccus and Pseudomonas increased to 14 % and 24 % 
(day 93 and 106), respectively (Fig. 4a).

Overall, the microbial community dynamics did not significantly 
correlate with salinity changes (Figure S10). Visualization by nMDS and 
PCoA analyses (Figure S11), also confirmed by PERMANOVA (p = 0.6), 
showed no significant (p = 0.21) changes in the overall FBBR commu
nity throughout the operation due to salinity, while difference between 
biofilm and suspended communities were significant (PERMANOVA, p 
= 0.01). Moreover, despite the large number of genera (e.g., Methyl
obacillus, Curvibacter, Rubritepida etc.) present in the foul condensate 
(Figure S9), none of them became enriched in the reactor.

3.2. Autotrophic FBBR performance under different salinities and loading 
rates

In the start-up phase of the autotrophic FBBR (PHASE 0), obtaining 
NRE > 98 % required 42 days of operation (Fig. 5). After the first 3 days 
in batch mode, the FBBR was switched to continuous mode for 19 days, 
but nitrate was not reduced. During this phase thiosulphate was 
removed by adsorption on the GAC, as no sulphate accumulated. Only 
after switching the FBBR to batch mode again for extended time (days 
24–28 and 32–39) together with reinoculations, nitrate removal via 
autotrophic denitrification started. Moreover, a complementary batch 
study (Figure S2), showed that GAC adsorbed thiosulphate and that 
autotrophic denitrification in the presence of GAC started more than a 
week later than in the same condition without GAC.

On day 47, salinity level was increased to PHASE I. Since NRE was 
above 98 %, nitrite did not accumulate and S/N of thiosulphate 
oxidation-sulphate production were close to the stoichiometry 
(Figure S7), the NLR was gradually increased to 0.78 ± 0.05 g NO3

–-N/L/ 
d (HRT 6.2 h). Moreover, effluent ammonium was consumed by less 
than 6 % from the initial concentration (except on days 49 and 100) 
throughout the whole test. Total biomass and cells in the FBBR 
(attached + suspended) amounted to 17 mg and 2.51•1010 cells 
(Fig. 2b).

Salinity was then increased to PHASE II followed by PHASE III (days 
59–67), with NRE above 98 % as in PHASE I, while consumed S/N 
increased to 4.6 ± 0.4 g/g, above the stoichiometry, from that of PHASE 
I (Figure S7).

When Cl-, Na+, SO4
2- and K+ concentrations were increased to 7.9, 

12.5, 26.1 and 14.2 g/L (PHASE IV: salinity = 6.9 %, OP = 37.5 atm) on 
day 68, inhibition of autotrophic denitrification occurred at NLR of 0.78 
± 0.05 g NO3

–-N/L/d (HRT 6.2 h): nitrate concentration in the effluent 

Fig. 3. Modified Stover-Kincannon model fitting with data of loading and denitrification rates of recovered heterotrophic (a.) and autotrophic (b.) fluidized bed 
bioreactor. Umax and Ks are expressed in g N/L/d. a.r.: after recovery.
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increased up to 760 mg/L and NRE decreased to 11 % (day 77). Nitrite 
slightly accumulated up to 46 mg/L, only on days 70 and 71, and was 
then consumed. Also, thiosulphate concentration in the effluent 
increased above 1000 mg/L (days 70–91) but was consumed more than 
stoichiometrically (Figure S7). A decrease in suspended cells was 
observed, while attached biomass remained quite stable (Fig. 2b).

To recover the autotrophic FBBR, salinity level was decreased to 
PHASE III (day 77), but NRE did not recover in 7 days and total biomass 
and cells in the reactor were at their lowest value (Fig. 2b). Therefore, 
salinity was further decreased to PHASE II on day 87. Since the FBBR did 
not recover in 5 more days, NLR was gradually decreased. Only when 
bringing the NLR to 0.44 g NO3

–-N/L/d (HRT 10.3 h), nitrate removal 
started again via autotrophic denitrification on day 94.

In PHASE II after recovery, NLR was gradually increased to 1.30 ±

0.19 g NO3
–-N/L/d (HRT 4.1 h), and NRE was > 97 % without nitrite 

accumulation. Consumed S/N (4.3 ± 0.4 g/g) was similar to PHASE II 
before the inhibition and above the stoichiometry, while average pro
duced S/N (2.9 ± 1.5 g/g) was below the stoichiometric value 
(Figure S7). On day 105, salinity was increased to PHASE III, corre
sponding to Cl-, Na+, SO4

2- and K+ concentrations of 5.4, 10, 21 and 11.2 
g/L, and nitrate removal was not affected at NLR of 1.30 ± 0.19 g NO3

–- 
N/L/d (HRT 4.1 h). Both total biomass and cells increased from the 
previous phase, and more than 60 % of biomass was attached (Fig. 2b). 
Eventually, in the last days of the FBBR operation, NLR was brought to 
2.45 ± 0.10 g NO3

–-N/L/d (HRT 2.1 h) but nitrate accumulated and NRE 
decreased to around 50 %, indicating that the maximum denitrification 
rate capacity of the reactor was close.

Modified Stover-Kincannon model to estimate the denitrification 

Fig. 4. Relative abundance, total number (Tot. genera), and Shannon entropy (Shannon) of microbial community at genera level in heterotrophic (a.) and auto
trophic (b.) fluidized bed bioreactor, for both biofilm and suspension. Other genera not reported here were overall ≤ 1 %. UG = Unknown Genera; UO = Unknown 
Order; * after recovery.
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capacity of the FBBR in PHASE II after recovery did not return signifi
cant (p > 0.05) parameters but suggested that the maximum denitrifi
cation rate capacity was not yet reached at NLR of ~ 1.3 g N/L/d (HRT 
4.1 h) and 3.7 % salinity. A second fitting including the data from both 
PHASE II and III was performed (Fig. 3b) with R2 = 0.8. Nevertheless, 
the maximum nitrogen removal rate (Umax = 2.3 ± 0.8 g N/L/d) was 
close to the one observed of ~ 1.2 g N/L/d (HRT 2.1 h), indicating that 
maximum denitrification rate capacity of the reactor at salinity of 5.6 % 
was being reached.

3.2.1. Microbial community in the autotrophic FBBR
In the start-up phase, the autotrophic FBBR was repeatedly inocu

lated with a pure culture of Thiobacillus denitrificans. During the reactor 
operation, several microorganisms became enriched in the FBBR 
(Fig. 4b). At the phylum level, Bacteirodota (1–25 %) and Proteobacteria 
(47–99 %) were dominant (Figure S8). At genus level, on Day 58 of 
PHASE I, Thiobacillus (59 %), Pseudomonas (9 %), Paracoccus (6 %), 
Aquabacterium (5 %), Aquamicrobium (5 %), Castellaniella (2 %) and 
Sphingomonas (2 %) were dominant in the biofilm, showing that mi
crobial community had higher diversity than the inoculum. On the same 
day, Thiobacillus (65 %) and Pseudomonas (24 %) were dominant in the 
suspended biomass.

In PHASE IV and III (Day 71 and 86), when denitrification was 
inhibited, resulting in nitrate accumulation, relative abundance of Thi
obacillus on the biofilm decreased to 16 %, while Moheibacter (53 %) 
became enriched in the FBBR. Shannon index on Day 71 was the highest 
of the whole FBBR operation. NRE recovered when Thiobacillus relative 
abundance increased back to 46 %, similar to PHASE I, Moheibacter 
decreased to 42 %, and community’s diversity decreased (Day 106) 
(Fig. 4b).

Salinity inhibition on Thiobacillus was more visible in the suspended 
biomass than in the biofilm, as its abundance decreased to 3 % on day 
86, while Pseudomonas became the dominant genus. Abundance of 
Moheibacter remained stable between Day 71 and 106. Once the FBBR 
recovered from the salinity shock, abundance of Thiobacillus was similar 

to PHASE I, while Pseudomonas decreased from 49 % to 10 %, together 
with the richness of the community (Fig. 4b).

The relative abundance of genus Thiobacillus was significantly 
negatively correlated with salinity and positively correlated with NRE 
(Figure S10), indicating its main role in denitrification. Contrarily, 
Moheibacter was negatively correlated with NRE (Figure S10). Overall, 
as visualized by PCoA and nMDS plots (Figure S11), salinity had a sig
nificant (p = 0.005) role for the microbial community changes in the 
autotrophic FBBR.

4. Discussion

This work delineated for the first time in a comparative manner 
heterotrophic and autotrophic denitrification under salinity stress in 
continuous flow biofilm reactors, including biomass quantification and 
dynamic changes in microbial communities, by using real pulp mill foul 
condensate and thiosulphate as electron donors. The foul condensate 
supported and promoted heterotrophic denitrification, demonstrating 
potential for practical application. Moreover, this study showed deni
trification tolerance to salinity among the highest in literature, consid
ering the non-saline history of the cultures used. The complex microbial 
communities developed in the FBBRs were resilient to the salinity 
changes, with the heterotrophic community tolerating higher salinity 
than the autotrophic. Eventually, this study contributes to an engineered 
solution for the pre-denitrification, supported by electron donors inter
nal to the industrial plant, of nitrate laden saline streams in pulp mills 
produced by NOx-SO2 air pollution control systems, as described in the 
next paragraphs.

4.1. Performance of denitrifying FBBRs under saline conditions

Overall, high-rate denitrification was demonstrated in the FBBRs 
under saline conditions (Table 3), as also confirmed by modified Stover- 
Kincannon model (Fig. 3), which was used to evaluate the denitrification 
rate capacity. According to the model, the heterotrophic FBBR could 

Fig. 5. Concentration-time profiles for different compounds in influent and effluent under different operational conditions in the autotrophic fluidized bed biore
actor. a.) Operational conditions (loading rate (NLR), hydraulic retention time (HRT) and salinity). b.) nitrate and nitrite c.) Thiosulphate. d.) Sulphate. e.) 
Ammonium. Missing HRT lines between day 0 and 50 indicate batch mode. a.r.: after recovery.
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have withstood higher loading rates at salinity of 6.8 %, showing 
promising results for the treatment of nitrate laden wastewaters also at 
higher salinity (Days 112–114, Fig. 1). In general, an increase in salinity 
leads to a decrease in the denitrification rate, until complete inhibition is 
reached [9,10]. Therefore, increasing the HRT could improve the 
removal performance of the reactor.

Despite the high denitrification rate, attached and suspended 
biomass and cells in both FBBRs remained relatively low (highest: 26 mg 
and 1.5•1011 in heterotrophic FBBR under non-inhibitory conditions) in 
comparison to other studies. Only Shelly et al. [14] reported comparable 
values (31 mg attached biomass protein in a 250 mL moving bed 
bioreactor) for denitrification at 1.4 % salinity. The reasons for the low 
biomass/cells value could be due to fact that detachment of biofilm from 
activated carbon pores is challenging, as well as the difference in the 
experimental conditions. Eventually, the consistency of the two methods 
(biomass N and DAPI counting) was verified (Table S4), confirming that 
the reactors had low biomass production and that heterotrophic had a 
higher biomass yield than the autotrophic FBBR.

Denitrification performance was higher in heterotrophic FBBR than 
autotrophic FBBR, possibly because the salinity tolerance limit of 
T. denitrificans was reached. Heterotrophic FBBR in this study could 
withstand the highest reported salinity concentration for methanol 
driven denitrification without reducing its nitrate removal efficiency, 
even outperforming systems using microorganisms from saline envi
ronments (Table 3). On the other hand, acetate driven denitrification 
has been reported to obtain 99 % NRE at 10–14 % salinity [56,57], but 
longer HRTs (24–48 h) were used. Moreover, this was the first reactor 
study about S2O3

2- driven denitrification under saline conditions, and 
autotrophic FBBR showed the highest salinity tolerance and loading rate 
capacity among the autotrophic reactor studies in Table 3, considering 
that NO2

– accumulation was not observed.

4.2. Dynamics of microbial communities and denitrification efficiency 
under salinity stress

4.2.1. Heterotrophic FBBR
In the heterotrophic FBBR, microbial community showed its resil

iency to increasing salinity, promptly recovering from inhibitory con
centrations when the ionic concentrations were decreased. No 
significant changes were apparent overall in the FBBR’s community and 
NRE was > 97 % at 6.8 % salinity. In previous studies, loss in com
munity’s richness and diversity and the enrichment of salt tolerant 
bacteria has been reported at increasing salinity stress [4,18], as also by 

Zhai et al. [16] in a methanol driven denitrifying community above 2.5 
% NaCl. Contrarily, no major changes in their methanol driven deni
trification community were reported between 0 and 4 % NaCl by Osaka 
et al. [56], even though denitrification was inhibited. The salinity 
tolerance in our study was likely due to a mix of Cl-, Na+, SO4

2- and K+

ions. Thus, since the toxicity is dependent on the type of ions in saline 
environment [10,61], and Cl- and Na+ were present in lower amount 
than by using only NaCl, inhibition by ions was lower in our study than 
in Osaka et al. [56]. Furthermore, high surface GAC provided a pro
tective environment for the biofilm against salinity stress, as suggested 
not only by the attached cells decreasing less than suspended ones 
during the FBBR operation but also by the same biofilm microbial 
community remaining stable. Such community stability at increasing 
salinities is positive for the stability of the denitrification efficiency.

In the heterotrophic FBBR, the most abundant methanol using genus 
was identified as Methylovorus, found also in other methanol fed deni
trifying communities [62]. The most similar sequence was that of spe
cies MM2, capable of dissimilatory nitrite reduction [63], which also 
showed salinity tolerance in our study. Other common genera found in 
wastewater treatments, including Paracoccus and Pseudomonas that are 
capable of complete denitrification and have been reported to tolerate 
saline conditions [4,15,56,64], were also present in the heterotrophic 
FBBR.

Nitrite accumulation from the first denitrification step (eq. S2a) was 
not detected in the effluent until denitrification was partially inhibited 
at 8.1 % salinity (PHASE V), when NRE decreased to around 60 %. 
Accumulation of NO2

– has been reported under salinity stress due to the 
decrease in nir gene responsible of nitrite reduction [15]. However, the 
inoculum used in this study came from a culture where NO2

– was seen to 
accumulate (followed by consumption) under non inhibitory conditions 
[10]. Therefore, unwanted NO2

– accumulation was likely due to the 
overall denitrification reaction slowing down. When foul condensate 
was used as carbon and electron source after the fast recovery from 
salinity’s partial inhibition, NO2

– accumulation was not observed 
(PHASE IV + FC). At the same time, other organic compounds in foul 
condensate were removed, suggesting that they also served as electron 
donors for nitrogen removal. Complex mixtures of electron donors have 
shown their advantages over a single electron donor. For example, 
Fernàndez-Nava et al. [32] reported up to 57 % higher denitrification 
rates with organic carbon sources from food industry than with pure 
compounds. Also, Zhang et al. [64] reported that primary sludge 
fermentation liquid could enrich communities resistant to higher salin
ities by increasing the community diversity. In this study, salt tolerant 

Table 3 
Denitrification performance under saline conditions for different reactor systems. The table reports only studies using methanol and S0/S2-/S2O3

2- as electron donors for 
heterotrophic (HD) and autotrophic (AD) denitrification, respectively. If not reported, reactor operational parameters were estimated from the data available in the 
references.

Microorganisms’ source, influent Reactor type Salinity 
%

HRT 
(h)

Loading Rate (gN/L/ 
d)

Removal % Ref.

HD WWTP sludge, synthetic FBBR 6.8 2.2 2.5 >97 (NO3
–) This 

study
WWTP sludge, synthetic CSTR ≤3; 4 48 0.75 99 (NOx

- ); 
inhib.

[56]

Seawater, marine mesocosm wastewater MBBR 2.8 >24 1.5 88 (NOx
- ) [13]

WWTP sludge + soil, synthetic Polymeric carrier 
bed

3 3 8.4 60 (NO3
–) [58]

Saline enrichment of sludge, synthetic SBBR 6 24 0.11 <80 (TN) [59]
WWTP sludge, synthetic Biofilm Electrode 3.5 8 0.06 55 (NO3

–) [16]
Seawater, marine mesocosm wastewater MBBR 2.8 1.6 3.5 75 (NOx

- ) [60]
AD T. denitrificans culture, synthetic FBBR 5.6 4.1 1.2 >97 (NO3

–) This 
study

WWTP sludge, synthetic S packed bed 3 1 0.6 ~80 (NO3
–) [18]

WWTP sludge, synthetic UASB 3.2 8 0.3 56 (NO3
–) [20]

marine sediments, mariculture tank and anaerobic sludge, 
synthetic

upflow packed 
column

3.1 1–4 1 55 (NO3
–) [19]

WWTP: Wastewater Treatment Plant; FBBR: Fluidized Bed Bioreactor; CSTR: Continuous Stirred Tank Reactor; MBBR: Moving Bed Biofilm Reactor; SBBR: Sequencing 
Batch Biofilm Reactor; UASB: Upflow Anaerobic Sludge Blanket.
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genera Pseudomonas and Paracoccus, which is also capable to degrade 
methylated compounds [65], increased their relative abundances when 
foul condensate was fed to the FBBR. Therefore, the addition of an in
dustrial side stream like foul condensate was advantageous, as it 
increased the community’s diversity and overall nitrogen removal under 
salinity stress.

At lower salinities (PHASE I-III), organic C was completely consumed 
in the FBBR. Likely, microaerobic conditions (measured DO 0.2–0.8 mg/ 
L, results not shown) favoured methanol oxidation by the genus Shinella 
[66], which then disappeared at higher salinities (Fig. 4a). Also, 
Moheibacter, the second most dominant genus during the operation, 
found in anoxic and aerobic granular sludge [67,68], is strictly aerobic 
growing up to 4 % NaCl [69]. Hence, it was likely being associated with 
aerobic methanol oxidation. However, at 6.8 % salinity, C/N ratio was 
close to the stoichiometry, indicating that methanol driven denitrifica
tion was the main organic C removal path, while aerobic oxidation of 
methanol remained limited. Regardless, Moheibacter genus continued to 
thrive in the FBBR, suggesting that it was possibly growing on organic 
microbial excretions.

Thiosulphate was removed by adsorption in the first weeks of 
operation and continued to be removed in later phases, possibly by bio- 
oxidation. Genera such as Paracoccus [70,71] and Pseudomonas [72,73]
are capable of S2O3

2- oxidation. In particular, Pseudomonas can carry 
sulphur oxidation in presence of organic carbon [72,73], both aerobi
cally and anaerobically in the presence of N2O [74], producing S0 or 
S4O6

2- rather than SO4
2-. This could explain why SO4

2- did not vary in the 
FBBR, while the whitish substance spotted on GAC (Figure S12) could 
represent S0.

Ammonium removal remained quite stable trough the FBBR opera
tion, contrarily to what reported by some studies where NH4

+ increased 
via dissimilatory nitrate reduction to ammonium (DNRA) during deni
trification under saline conditions [16,75,76]. This could be connected 
to the response to salinity of the main denitrifying genera, different than 
in this study.

4.2.2. Autotrophic FBBR
At the beginning, a pure culture of Thiobacillus denitrificans was 

inoculated to the autotrophic FBBR followed by a slow start-up, as re
ported also by Zou et al. [26] in a FBBR with GAC. Then, during the 
reactor operation, other microbial genera, also potentially capable of 
autotrophic denitrification, became enriched. Despite this, the key 
microorganism in autotrophic nitrate removal was Thiobacillus deni
trificans. When salinity increased to 6.9 % (PHASE IV), T. denitrificans 
was inhibited, its relative abundance drastically decreased and NRE 
declined to 11 %. This is in line with other studies, where it was strongly 
inhibited in 5–6.6 % salinity [18,20,77]. When inhibited, relative 
abundance on biofilm of Thiobacillus was at 16 %, while in the sus
pended biomass it decreased to 3 %. Therefore, GAC partially protected 
Thiobacillus population from salt inhibition and, by retaining the 
biomass, it allowed the FBBR to recover in 17 days after decreasing 
salinity and loading rate. Moreover, nitrite accumulation from the first 
denitrification step (eq. S1a) was lower than in the heterotrophic FBBR, 
indicating that nitrite reduction was not inhibited in 3.7–6.9 % salinity.

After the recovery (PHASE II a.r.), produced SO4
2--S /NO3

–-N was 
lower than stoichiometrically expected, as in our previous study in the 
presence of inorganic ions [10]. Contrarily, Li et al. [18] reported that 
produced SO4

2--S /NO3
–-N was close to the stoichiometry at 6 % salinity, 

but the key autotrophic microorganisms were different (Thiogranum).
From PHASE IV, thiosulphate was removed more than according to 

the stoichiometric oxidation, which can be attributed to the genera 
Paracoccus and Pseudomonas, capable of S2O3

2- oxidation. These micro
organisms became enriched from the tap water used for simulated 
wastewater as they were present in both FBBRs and have been reported 
in Finnish drinking water systems together with many others [78]. Their 
contribution to autotrophic denitrification was minor since nitrate 
accumulated even though their relative abundance increased. Also, 

Moheibacter, found in other autotrophic denitrification studies [67,79], 
became enriched in the FBBR likely from tap water. Since Moheibacter is 
strictly aerobic and its abundance was negatively correlated with nitrate 
removal in our study, it is possible that this genus grew aerobically 
(measured DO 0.2–1 mg/L) on organic excretions as heterotrophs have 
been reported in autotrophic systems without added organic carbon 
sources [80].

Overall, the microbial community in the autotrophic FBBR, started 
with a pure culture, developed to a more complex community main
taining thiosulphate driven autotrophic denitrification. Complex mi
crobial communities, as discussed for the heterotrophic FBBR, are 
advantageous for industrial applications as they can increase the resil
ience of the process to salinity [64].

4.3. Role of scrubber wastewater denitrification in pulp mill wastewater 
management

Biological processes are established treatment methods for pulp mill 
wastewaters, being easy to operate and having lower capital costs as 
compared to physical–chemical methods [33,40,81]. However, since 
pulp mill wastewaters contains low amounts of nutrients, the activated 
sludge process is not designed for nitrogen removal [40]. Averagely, 
pulp mills produce around 104-105 m3/day of wastewater [39], while 
NOx-SO2 scrubber wastewater production is about 102-103 m3/day. 
Therefore, a targeted high-rate pre-denitrification system, such as 
showed in this study, represents a more favourable solution than 
modifying the existing activated sludge system for denitrification of the 
overall wastewater of the pulp mill.

Considering a heterotrophic FBBR (maximum denitrification rate of 
2.5 g N/L/d) treating NOx-SO2 scrubber wastewater (flow: 2 L/s, 
salinity: 5 %, NOx

- : 0.15 g N/L), an estimated GAC fluidized bed of 
around 10 m3 would remove effectively N at HRT of 1.5 h. Therefore, the 
FBBR would allow high-rate treatment, but costs related to the bed’s 
fluidization [22] should also be considered.

A further advantage, not only for N laden streams’ treatment but also 
the whole pulp mill, could come from mixing different waste streams in 
this pre-denitrification treatment. In this study foul condensate 
demonstrated to be a suitable electron donor for denitrification under 
salinity stress and, hence, the usual treatment by stripping and burning 
the non-condensable gases [39] could be reduced, achieving multi- 
pollutants removal in a biological process. This would also allow to 
save on electron donor supplementation costs. In addition, foul 
condensate contains also NH4

+, which is beneficial for the subsequent 
activated sludge process of the mill [40]. Therefore, it serves as NH4

+

source once the waste stream from the scrubber pre-denitrification step 
is directed to overall wastewater stream for activated sludge treatment. 
Eventually, further investigations on denitrification with foul conden
sate under salinity stress should address for example possible N2O 
accumulation, a critical environmental factor for denitrification under 
saline conditions [7].

Similar considerations could be made for a S2O3
2- driven autotrophic 

FBBR, since also thiosulphate showed to be a suitable electron donor 
under salinity stress. In this case, the S2O3

2- already present in the NOx- 
SO2 scrubber wastewater and potentially harmful for the environment 
[82], would serve as electron donor and be removed by the denitrifi
cation process. However, improvements for the denitrification rate ca
pacity and salinity resistance of autotrophic denitrification are needed. 
For instance, an engineered exposure of the biofilm to salt stress 
(priming) before the start-up phase, could improve the process’ response 
to the same stress in the future [83]. Moreover, biological sulphur re
covery from the scrubber wastewater and the recirculation of the 
scrubbing solution might increase the circularity of the approach [84]. 
Eventually, since heterotrophic denitrification showed higher removal 
rates than autotrophic denitrification, similarly to other studies [85,86], 
mixotrophic denitrification [87] could represent a balanced solution not 
only to improve the loading rate capacity but also to remove both S2O3

2- 
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from the scrubber wastewater and organic compounds from the foul 
condensate.

5. Conclusions

This study demonstrates the suitability of methanol and thiosulphate 
as electron donors for heterotrophic and autotrophic denitrification, 
respectively, under salinity stress due to Cl-, Na+, SO4

2- and K+. Het
erotrophic FBBR removes nitrate by over 97 % at a rate of 2.40 ± 0.10 g 
NO3

–-N/L/d (HRT 2.2 h) and salinity of 6.8 %, showing its high-rate 
treatment potential at salinities even higher than NOx-SO2 scrubber 
wastewater. For the first time, it is demonstrated that foul condensate 
from pulp mill not only supports heterotrophic denitrification, but also 
enhances nitrogen removal. Moreover, the FBBR’s microbial community 
thrives in biofilm protected environment and remains stable under 
different salinities. In the autotrophic FBBR, nitrate is removed by over 
97 % at a rate of 1.27 ± 0.10 g NO3

–-N/L/d (HRT 4.1 h) and salinity of 
5.6 %. Thiobacillus remains the key microorganism in thiosulphate 
driven denitrification and is strongly inhibited at 6.9 % salinity, causing 
the decrease in the FBBR’s nitrate removal efficiency. Overall, methanol 
driven withstands higher salinity and loading rate than thiosulphate 
driven denitrification. Eventually, the results show the potential of a 
high-rate pre-denitrification treatment of scrubber wastewater in pulp 
mills by using electron donors internal to the mill and, thus, reducing 
both the organic and nitrate loads on the main wastewater treatment 
plant.
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[51] A. Mäki, A.J. Rissanen, M. Tiirola, A practical method for barcoding and size- 
trimming PCR templates for amplicon sequencing, Biotech 60 (2016) 88–90, 
https://doi.org/10.2144/000114380.

[52] R.-C. Jin, P. Zheng, Kinetics of nitrogen removal in high rate anammox upflow 
filter, J. Haz. Mat. 170 (2009) 652–656, https://doi.org/10.1016/j. 
jhazmat.2009.05.016.

[53] G.-F. Yang, W.-M. Ni, K. Wu, H. Wang, B.-E. Yang, X.-Y. Jia, R.-C. Jin, The effect of 
Cu(II) stress on the activity, performance and recovery on the Anaerobic 
Ammonium-Oxidizing (Anammox) process, Chem. Eng. J. 226 (2013) 39–45, 
https://doi.org/10.1016/j.cej.2013.04.019.
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Table S1. Trace element solution added to the simulated wastewater fed to the reactors. 

Compound Concentration 

Na2EDTA 1 mg/L 

FeSO4∙7H2O 2.4 mg/L 

ZnSO4∙7H2O 0.2 mg/L 

MnCl2∙4H2O 0.06 mg/L 

H3BO3 0.06 mg/L 

CoCl2∙6H2O 0.4 mg/L 

CuCl2∙2H2O 0.02 mg/L 

NiCl2∙6H2O 0.04 mg/L 

Na2MoO4∙2H2O 0.06 mg/L 

MgCl2∙6H2O 35 mg/L 

CaCl2∙2H2O 0.7 mg/L 

 

 

 

 

  
 

Figure S1. Autotrophic (on the left) and heterotrophic (on the right) fluidized bed bioreactor (FBBR) 

systems. The two system were identical and as described in the Materials & Methods Section. 1. 

Water level adjustor; 2. FBBR covered by a heating blanket; 3. Recirculation pump; 4. Feed Pump; 5. 

Feed tank; 6. Temperature control system; 7. Effluent tank. 
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Table S2. Headspace gas chromatography/mass spectrometry (HS-GC/MS) method parameters for 

determination of foul condensate components (modified from Davoli et al. 2003 [1], Wunder et al. 

2021 [2]). 

Headspace sampler  

Headspace pressure 57 kPa 

Oven temperature 70°C 

Sample line temperature 90°C 

Transfer line temperature 100°C 

Shaking level 2 

Equilibration time  15 min 

Pressurizing time 2 min 

Pressure equilibration time 0.1 min 

Load time 0.5 min 

Load equilibration time 0.1 min 

Injection time 1 min 

Needle flush time 15 min 

Gas chromatograph  

Injection mode Split 

Carrier gas Helium 

Pressure 28.3 kPa 

Total flow 83.8 mL/min 

Column flow 0.80 mL/min 

Linear velocity 32.0 cm/s 

Purge flow 3 mL/min 

Split ratio 100 

Column ZB-5MSi, 30 m x 0.25 mm ID x 0.25 µm film 

thickness 

Column oven program 25°C hold 3.50 min 

to 130°C at 5°C/min, hold 0 min 

to 220°C at 40°C/min, hold 3.25 min 

Total run time 30 min 

Mass spectrometer  

Ion source temperature 200°C 

Interface temperature 250°C 

Solvent cut time  0.5 min 

Scan time 0.6-30 min 

Scan range m/z 30-150  
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Batch test: effect of GAC on autotrophic denitrification 

During the startup phase of the reactors in the present study, autotrophic fluidized bed bioreactor 

(FBBR) obtained nitrate removal >95% in 42 days, against the 3 days of heterotrophic FBBR. This 

was in contrast with the results obtained in our previous study [3], where autotrophic denitrification 

by Thiobacillus denitrificans (DSM 12475) and heterotrophic denitrification by an enrichment 

culture, which were the same cultures used in the present study, had similar denitrification activities in 

their respective growth media. Therefore, a batch test to observe possible interference of granular 

activated carbon (GAC) and of the simulated wastewater with autotrophic denitrification startup was 

conducted.  

The test was run in 117 mL serum bottles (60 mL liquid volume) and five conditions were tested in 

duplicates, as reported in Table S3. When present, GAC was added to the batch assays in the same 

volumetric ratio as in the FBBR (VGAC/VFBBR=0.44). Thiosulphate and bicarbonate were added in 

excess. After the addition of the liquid media (90% v/v) and the GAC, the bottles were sealed with 

butyl rubber stoppers and aluminum crimps and purged for 20 minutes with N2 to create anoxic 

conditions. Then, a Thiobacillus denitrificans (DSM 12475) culture, cultivated as described in our 

previous study [3], was added as inoculum (10% v/v), and the assays incubated at 150 rpm and 30 °C. 

The test was monitored for 3 weeks by taking 1 mL liquid sample, filtered through 0.2 µm Chromafil 

Xtra syringe filters (Macherey-Nagel, Germany). Samples were stored at -20°C. Concentrations of 

anions (Cl-, NO2
-, NO3

-, SO4
2-, S2O3

2-) were analyzed via ion chromatograph, see Materials & 

Methods section. 

 

Table S3. Conditions tested in the batch assay for autotrophic denitrification. See Materials & 

Methods section for the composition of the simulated wastewater in PHASE 0. 

Condition’s name Medium Inoculum GAC 

Growth Control Growth medium as reported in our previous 

work [3] 

Yes No 

Abiotic FBBR Feed Simulated wastewater in PHASE 0 No No 

Inoculated FBBR Feed Simulated wastewater in PHASE 0 Yes No 

GAC + Abiotic FBBR Feed Simulated wastewater in PHASE 0 No Yes 

GAC + Inoculated FBBR 

Feed 

Simulated wastewater in PHASE 0 Yes Yes 

 

The results of the batch tests are shown in Figure S2. In the Growth Control and the Inoculated FBBR 

Feed assays, autotrophic denitrification removed nitrate above 97%, and consumed thiosulphate 

accordingly, in 48 h, indicating that the simulated wastewater did not inhibit denitrification. In the 

Abiotic FBBR Feed assays, concentration of NO3
-, NO2

-, S2O3
2- and SO4

2- remained stable during the 

experiment, and, hence, no apparent chemical transformations were observed. Similar behavior was 

observed in the GAC + Abiotic FBBR Feed assays, except for S2O3
2- which decreased below 1000 

mg/L in 48 h, suggesting that it was adsorbed onto GAC. Similarly, also S2O3
2- in the GAC + 

Inoculated FBBR Feed condition, decreased, indicating adsorption, but NO3
- was still not removed at 

168 h in contrast to the Inoculated FBBR Feed condition. Only between 2 and 3 weeks after the start 

of the batch test, when a last sample was taken from the GAC + Inoculated FBBR Feed condition, 

NO3
- was removed above 97%, and S2O3

2- consumed. NO2
- was not detected in any conditions tested. 

These results indicated that GAC interfered with the startup of autotrophic denitrification by 

Thiobacillus denitrificans (DSM 12475), also in the autotrophic FBBR, explaining the longer startup 



5 

 

time when compared to heterotrophic FBBR. However, the reasons cannot be disclosed from this test. 

A possible explanation could be linked to the sequestration of thiosulphate by GAC, which decreased 

S2O3
2- concentration in the liquid below the stoichiometric value needed for denitrification. On the 

other hand, the thiosulphate left in solution was used only after 168 h and the substrate adsorbed onto 

GAC should have been bio-available for microorganisms [4], unless it had reacted with the GAC 

surface. This interference is important to be considered for the startup of a reactor with GAC. 

 

 

Figure S2. Time profiles of NO3
-, NO2

-, S2O3
2- and SO4

2- concentrations for each condition tested in 

the autotrophic denitrification batch test. Error bars represent standard deviation of duplicates. The 

last point after 250 h for the GAC + Inoculated FBBR Feed was taken between 2 and 3 weeks after 

the start of the experiment (day 0). 
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Figure S3. Chromatograms from HS-GC/MS for a foul condensate sample (first subplot from the 

top), two samples from the heterotrophic (HD) reactor system: Feed (influent simulated wastewater + 

foul condensate) and FBBR (effluent of the reactor) on Day 83 (second subplot), and a blank sample 

(MQ-water, third subplot). 
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Figure S4. Percentage removal of main compounds (as peak areas from GC/MS) of the foul 

condensate in the heterotrophic fluidized bed bioreactor. 

 

 

 

Figure S5. Granular activated carbon (GAC) after being heated at 105 °C overnight and 550 °C for 2 

hours. Weight loss was about 23±2% of the total GAC dry mass (after 105 °C), therefore accounting 

for volatile solids. 
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To verify the biomass (suspended and attached) measurements performed as N and as epifluorescence 

microscopy cell counting, the nitrogen present in the total counted cells in the reactor was estimated 

for each sample. An average value of 2.35∙10-13 g was used for the dry weight of a single bacterial cell 

for this comparison and was calculated based on values reported in literature [5–8]. The values taken 

from literature are mainly for a E. coli cell in the stationary phase of its growth. Percentage of 

nitrogen in bacterial cell was assumed 12% according to the formula C5H7NO2. 

Table S4 shows the comparison between the nitrogen mass measured after digestion of the cell pellet 

and the nitrogen mass estimated as cells counted multiplied by the N amount of a single bacterial cell. 

In general, the estimated nitrogen mass was in the same order of magnitude of the measured nitrogen 

mass, except for the suspended biomass in the autotrophic FBBR, where the estimations were 

between 10 to 100 times lower than the measurements. This might suggest that the nitrogen measured 

was due not only to suspended biomass but also to other suspended material, such as EPS. However, 

an accurate explanation results difficult, especially considering that the calculated total nitrogen 

comes from a rough estimation, which might include errors from the cell counting as well as from 

considering the same average value of bacterial cell weight for heterotrophs and autotrophs exposed 

to different saline concentrations. All in all, the data reported in Table S4 confirm that the results 

obtained for biomass by DAPI cell counting and nitrogen measurement were consistent. 

 

 

 

Table S4. Comparison between measured total nitrogen and estimated total nitrogen masses from the 

DAPI counting for the total suspended and attached biomass in both heterotrophic and autotrophic 

fluidized bed bioreactors (FBBR). 

  Suspended biomass Attached biomass 

(mg) 
Sample 

day 
Measured 

Total nitrogen 

Estimated Total 

nitrogen (DAPI) 

Measured 

Total nitrogen 

Estimated Total 

nitrogen (DAPI) 

Heterotrophic 

FBBR 

42 3.17 4.34 1.22 3.50 

56 3.21 0.58 0.92 1.79 

76 3.21 2.82 1.59 2.06 

91 2.60 2.06 2.72 2.32 

104 1.78 1.42 1.76 3.72 

Autotrophic 

FBBR 

56 1.68 0.21 0.38 0.50 

69 2.81 0.06 0.56 0.54 

84 0.80 0.05 0.42 0.53 

104 1.12 0.08 1.81 1.52 
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Figure S6. Comparison between measured (meas.) Methanol-C (MeOH-C) and stoichiometric 

(stoich.) in the effluent of the heterotrophic fluidized bed bioreactor (FBBR). Stoichiometric MeOH-C 

and C/N were calculated based on the NO3
- (mg/L) entering the reactor, the NO3

- in the effluent and 

considering C/N=0.93 g/g for the complete reduction of NO3
- to N2. 
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Figure S7. Comparison between measured (meas.) S2O3
2--S (a.), SO4

2--S (b.) and stoichiometric 

(stoich.) S2O3
2--S (a.), SO4

2--S (b.) in the effluent of the autotrophic fluidized bed bioreactor (FBBR). 

Stoichiometric S2O3
2--S, SO4

2--S and C/N were calculated based on the NO3
- (mg/L) entering the 

reactor, NO3
- in the effluent and considering S/N =3.94 g/g for the complete reduction of NO3

- to N2. 

S/N is not shown when denitrification was not complete. 
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Figure S8. Relative abundance of microbial community at phylum level in both heterotrophic and 

autotrophic fluidized bed bioreactors (FBBR), for biofilm (GAC) and suspended (Eff) biomass. 
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Figure S9. Microbial community composition of the foul condensate samples taken one month apart 

from the same stock, at phylum level (a.) and genus level (b.). 
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Figure S10. Correlation plots between microbial community at genus level, salinity and nitrate 

removal efficiency (NRE) in heterotrophic (HD) and autotrophic (AD) fluidized bed bioreactors 

(FBBR). 
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Figure S11. PCoA and nMDS analyses for microbial community relative abundance data at genus 

level for heterotrophic (HD) and autotrophic (AD) fluidized bed bioreactors (FBBR), by using Bray-

Curtis distance method. Each point is described by source of the sample (GAC or Effluent), Salinity 

%, and Day of the sampling. 
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Figure S12. Picture of whitish substance spotted on the granular activated carbon (GAC) bed in the 

heterotrophic fluidized bed bioreactor during PHASE IV+FC that could possibly represent elemental 

sulphur. 

 

 

Two step denitrification reactions from nitrate to nitrite and from nitrite to nitrogen gas, for 

thiosulphate driven autotrophic (eq. S1a and S1b [9]) and methanol driven heterotrophic (eq. S2a, S2b 

and S2c [10]) denitrification: 

 

S2O3
2- + 3.10NO3

- + 0.73H2O + 0.45HCO3
- + 0.09NH4

+  

→ 0.09C5H7O2N + 3. 10NO2
- + 1.64H+ + 2SO4

2-    (eq. S1a) 

S2O3
2- + 2.07NO2

- + 0.43H+ + 0.45HCO3
- + 0.09NH4

+  

→ 0.09C5H7O2N + 1.03N2 + 0.30H2O + 2SO4
2-    (eq. S1b) 

 

2CH3OH + 6NO3
-
→ 6NO2

- + 2CO2 + 4H2O     (eq S2a) 

3CH3OH + 6NO2
-
→ 3N2 + 3CO2 + 3H2O + 6OH-    (eq S2b) 

Overall, with biomass production: 

1.08 CH3OH + NO3
- + H+  

→ 0.065 C5H7O2N + 0.468 N2 + 0.76 CO2 + 2.44 H2O   (eq S2c) 
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A B S T R A C T

The moving bed biofilm reactor (MBBR) provides a high-rate treatment process for the denitrification of saline 
industrial wastewaters. The carrier structure regulates the biofilm-liquid contact area and can limit the biofilm 
exposure not only to substrate but also to inhibitors and thus, affects the process performance. However, the 
potential for biofilms on different carriers to perform differentially under varying salinities remains unexplored 
as MBBR optimisation strategy. In this study, the nitrogen removal kinetics and biofilm dynamics of methanol- 
driven denitrification in two MBBRs with a hollow-body and a porous-body carrier were systematically analysed 
to assess their best performance at salinities 1–9.5 %. Between 1 and 7.5 % salinity, both MBBRs removed over 
90 % nitrogen, with the more exposed biofilm in the hollows resulting in higher removal rates. At 9.5 % salinity, 
the protected biofilm within the pores resulted in a more stable removal (89.5 ± 1.6 %) than in the more exposed 
hollows (80.9 ± 6.5 %). In both MBBRs, stable and similar denitrifying communities developed, dominated by 
Paracoccus, Methylovorus and Hyphomicrobium. Moreover, hypersaline (>3.5 %) wastewater from pulp mill NOx- 
SO2 scrubber was successfully denitrified in MBBRs, showing the potential of biofilm processes for its treatment. 
Eventually, denitrification kinetics under salinity inhibition in the biofilm was modelled for both carriers by 
introducing an inhibition factor to the existing Sumo©22 biofilm model. In summary, this study provides the 
basis for optimising saline industrial wastewater treatment in MBBR through selecting the typology of biofilm 
carrier based on the inhibition level and for predicting the biofilm process performance with a simplified 
modelling approach.

1. Introduction

Inhibition by salinity poses a challenge for the biological treatment 
of many industrial wastewaters, where salt concentration can commonly 
reach 15 %, given by different inorganic ions (Cl−, Na+, SO4

2−, K+ etc.) 
(Chen et al., 2024; Panagopoulos, 2022). For example, the wet flue gas 
scrubbing process generates saline wastewaters rich in NOx

− and heavy 
metals (Gingerich et al., 2018). To avoid detrimental effects on the 
environment and on human health, heavy metals are usually removed 
via physical-chemical processes (Gingerich et al., 2018), while other 
dissolved pollutants need specific treatments, such as denitrification for 
NOx

− removal.
Bioprocess design and selection are essential to optimise denitrifi

cation tolerance against salinity inhibition. Among the reactors, the 

moving bed biofilm reactor (MBBR), a compact and flexible technology 
for a high-rate and stable process (Ødegaard, 2006), has been widely 
used under salinity stress, such as for nitrification (Shitu et al., 2021) 
and denitrification (Dupla et al., 2006), showing its higher performance 
than suspended biomass bioreactors also for chemical oxygen demand 
removal (COD) (Hasanzadeh et al., 2020). To date, possible solutions for 
its further optimisation have included bioaugmentation with halophiles 
(Xiang et al., 2023) or enrichment of salt tolerant microorganisms via 
different startup procedures (Li et al., 2019; Navada et al., 2019). 
Furthermore, the inhibition-based-selection of the MBBR biofilm carrier 
would represent a novel and easily implementable optimisation 
strategy.

The carriers’ shape and surface properties and the consequent 
growing biofilm’s thickness and exposed area contribute to the MBBR 
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performance, regulating for example mass transfer processes 
(Morgan-Sagastume, 2018). Thus, carrier selection plays a key role in 
the treatment optimisation not only for the specific bioprocess, but also 
for protection of the forming biofilm against inhibition. Current 
knowledge about the optimal carrier choice under inhibitory saline 
conditions remains limited. Different commercial biofilm carriers have 
been compared for nitrogen removal (Dupla et al., 2006; Tadda et al., 
2021; Zan et al., 2022) at constant salinity up to 3 %, while modified 
sponge biocarriers (ferrous oxalate + activated carbon) have shown 
improved nitrification performance at salinities up to 3.5 % (Shitu et al., 
2021). Thus, according to the state-of-the-art, the carrier selection under 
saline conditions does not take into account the inhibitor’s concentra
tion and would be limited to the best observed removal performance in a 
salinity range 1–3.5 %. However, many industrial wastewaters are hy
persaline (>3.5 %). Moreover, the biofilm exposure to the liquid phase 
affects not only the mass transfer of substrate, but also that of the 
inhibitory ions, possibly resulting in carrier-specific optimal 
performance-salinity ranges. Therefore, the so far unexplored strategy of 
selecting the carrier based on the salinity concentration needs to be 
studied as a novel optimisation approach.

Similarly, little is known about salinity inhibition kinetics in bio
films, which is essential for biological models used for the optimisation 
of bioprocesses (Rittmann et al., 2018). Salinity inhibition on sludge has 
been modelled with different functions (e.g., Hill’s), correlating salt 
concentration and removal rates (Lin et al., 2021; Mariángel et al., 
2008), while only few studies have implemented the inhibitory function 
in dynamic biological models for activated granular sludge (Carrera 
et al., 2023) and activated sludge (Zuo et al., 2021). On the contrary, salt 
inhibition kinetics for biofilm-based reactors has not been reported, 
often requiring complex models that should consider salt gradients and 
precipitation and different inhibitory levels along the biofilm depth. 
Thus, simplified approaches, for example based on the whole reactor 
bulk phase parameters (Plattes et al., 2006; Wang et al., 2016) that 
implicitly incorporate diffusion phenomena, could facilitate also salinity 
inhibition modelling. Moreover, the differences resulting from different 
biofilm carrier types have not been considered in modelling.

Furthermore, denitrification studies on flue gas wet scrubbing 
wastewaters have mainly focused on flue gas desulphurisation (FGD) 
scrubber effluent (Koenig and Liu, 2004; Vredenbregt et al., 1997). The 
potential of biological nitrogen removal for NOx-SO2 scrubber waste
waters, whose composition and process-inhibition differ from the FGD 
due to the different chemicals used during the scrubbing process 
(Johansson et al., 2021), needs further investigation. Thus, MBBR could 
provide a robust technology to improve the process inhibition tolerance.

In this study, optimisation of the MBBR via carrier selection based on 
the salinity level was explored with a systematic analysis between a 
hollow-body and a porous-body plastic carrier at salinities up to 9.5 %, 
using a denitrifying mixed-culture originating from a municipal waste
water treatment plant (MWWTP). Methanol-driven denitrification per
formance was studied in terms of nitrogen removal performance, biofilm 
dynamics and microbial community changes, to identify the carrier- 
specific best performance-salinity ranges. A strategy to model salinity 
inhibition kinetics by the denitrifying biofilm is proposed, by adding an 
apparent inhibition factor in Sumo©22 MBBR model and comparing it 
for the two different carriers. Moreover, the potential of MBBR for the 
denitrification of real wastewater from a NOx-SO2 wet scrubber in pulp 
mills was investigated.

2. Materials and methods

2.1. MBBR in continuous operation

The reactor system (Fig. S1) consisted of a 3 L (working volume 2.5 
L) cylindrical jacketed glass MBBR (Artiglass, Italy) with a sealing cap 
system (Officine Parisi srl, Italy), a peristaltic pump (Golander, Ger
many) regulating in/outflows, a mechanical overhead stirrer (Velp, 

Italy) regulated at 70–140 rpm to keep the carriers mixed by a 
polyethylene-coated blade, and a thermostatic water bath (Julabo, US) 
connected to the jacket of the MBBR, controlling its temperature at 
30 ◦C.

The biofilm carriers tested included hollow body disk-shaped 
AnoxK™ 5 (Veolia Water Technologies-AnoxKaldnes, Sweden) with a 
protected surface area (PSA) of 800 m2/m3, here referred to as K5, and 
porous paraboloid-shaped Mutag BioChip 30™ (Mutag, Denmark) with 
a PSA of 5500 m2/m3, called M30 (Table S2). A 25 % filling fraction was 
used with both carriers, corresponding to 191 K5 and 285 M30 pieces. 
Their denitrification performance was evaluated in continuously fed 
MBBRs (K5-MBBR and M30-MBBR), by gradually increasing salinity and 
nitrogen loading rate (NLR).

Both MBBRs were inoculated with a mixed culture originated from 
the denitrification compartment of a MWWTP (Lavis, Italy). The mi
crobial culture was regularly maintained according to D’Aquino et al. 
(2023) before inoculation. The MBBRs startup consisted of five weeks 
semi-batch operation to allow biofilm formation, followed by contin
uous mode. A nitrogen-laden multi-ionic saline industrial wastewater 
(Panagopoulos, 2022) fed to the MBBRs was simulated in tap water with 
0.225 gNO3

- -N/L (as KNO3), 4 gPO4
3−/L (as K2HPO4 and KH2PO4), used 

also as pH buffer, while the salinity was controlled by KCl and Na2SO4. 
Ammonium (0.03 gNH4

+-N/L as (NH4)2SO4) and iron(II) (0.002 g/L 
FeSO4⋅7H2O) were added to support microbial activity. Salinity was 
increased gradually to 9.5 % and increasing NLRs were tested by 
decreasing hydraulic retention time (HRT) (Table 1). Methanol was 
added in excess as electron donor (C/N = 1.3 g/g). Before being fed to 
the reactor, the simulated wastewater was purged with N2 gas until 
dissolved oxygen was <1 mg/L.

The performance of MBBRs was monitored by sampling the influent 
and effluent every 24–72 h. The biofilm and suspended biomass were 
sampled weekly, at the end of each salinity or NLR condition.

2.2. Denitrification of real NOx-SO2 scrubber wastewaters in MBBRs

Two jacketed (working volume 1.5 L) MBBRs were used in semi- 
batch mode to test denitrification of real scrubber wastewater 
(Fig. S1) with K5 and M30 carriers, colonised with biofilm as in Section 
2.1, at 25 % filling fraction and moved by a magnetic stirrer. Temper
ature control and purging with N2 were similar to Section 2.1.

The wastewaters, whose composition is reported in Table S5, were 
collected from the three stages of a wet scrubber removing NOx-SO2 
from flue gases generated by recovery boilers in a pulp mill, where the 
process chemicals include NaOH, ClO2 and S-compounds. Methanol was 
chosen as electron donor given its availability in pulp mills (D’Aquino 
et al., 2024).

The test began with simulated wastewater (Section 2.1) without 
salinity addition and containing approximately 500 mg/L NO3

− and was 
then extended to real wastewaters. Since gradual exposure to inhibitors 
such as salinity is beneficial for biological processes (Li et al., 2019), the 
first wastewater tested was the least concentrated (stage III), followed by 
stage I and, finally, the most concentrated one (stage II), revealing also 

Table 1 
Salinity, osmotic pressure (OP) and hydraulic retention time (HRT) conditions 
tested with both K5 and M30 carriers. OP was calculated as in Fritzmann et al. 
(2007).

Total Salinity (%) Ions (g/L) Total OP (atm) HRTs (h)

Na+ Cl− SO4
2- K+

1a <0.1 <0.1 0.3 3.3 3.8 12
2.7 5.0 1.0 10.7 4.4 13.3 12
5.5 12.5 3.0 26.4 6.6 28.3 12–4
7.5 17.5 5.0 36.8 8.8 39.2 10–7
9.5 22.5 7.5 47.2 11.5 50.8 10–4

a Base salinity in the simulated wastewater.

A. D’Aquino et al.                                                                                                                                                                                                                              Journal of Environmental Management 394 (2025) 127288 

2 



the different inhibitory levels of the three streams. Between the stage I 
and stage II tests, the MBBRs were filled with the simulated wastewater 
to verify the denitrifying activity of the biofilms. For each wastewater 
tested, denitrification was monitored by pH measurement, and nitrate 
together with methanol (C/N: 1.3 g/g) were re-supplemented to the 
reactors to verify nitrogen removal. Then, the wastewater was replaced 
with the next one via pumps, while the carriers stayed in the reactors. 
The liquid phase was sampled to monitor NOx

− removal and dissolved 
organic carbon (DOC) consumption, while carrier samples (5 pieces) 
were taken at the beginning of the test (day 6) and at the end (day 66) to 
measure the total attached solids.

2.3. Specific nitrogen uptake rate tests and salinity inhibition function

Specific nitrogen uptake rate (NUR) test was performed at each 
salinity concentration for the MBBRs in continuous operations fed with 
simulated wastewater (K5 and M30). The feeding of the reactor was 
temporarily stopped, NO3

−-N and methanol in excess were supplemented 
to the MBBR, and NO3

−-N and NO2
−-N concentrations in the liquid 

monitored. Then, linear regression was used to calculate the volumetric 
nitrogen uptake rate (Bassin et al., 2016), which was divided by the total 
volatile solids’ mass (paragraph 2.4.2) (attached + suspended) to obtain 
the specific denitrification rate DR (mgN/gVS/h) of the whole MBBR at 
each salinity level.

Salinity inhibition on the DR was assumed to follow the modified 
non-competitive Hill inhibition function (eq. (1)), as for sludge flocs (Lin 
et al., 2021; Zuo et al., 2021) and granules (Carrera et al., 2023): 

DR(mgN / gVS / h) = DRmax⋅
Kn

I
Kn

I + In (eq. 1) 

where DRmax is the maximum specific rate (mgN/gVS/h) under non- 
inhibitory conditions, KI (=IC50) is the half-inhibition constant (g/L), I 
is the salt concentration (g/L) and n is the tuning parameter. The 
function was fitted to the experimental data to find KI and n in Ori
gin2024b, separately for K5-MBBR and M30-MBBR. Simultaneously to 
the MBBR NUR tests, nitrogen uptake activity of suspended biomass was 
measured in batch test (Fig. S3).

2.4. Modelling of MBBR denitrification kinetics under salt inhibition

Time-dependent kinetics of denitrification in MBBR under salt inhi
bition were modelled in SUMO©22 (Dynamita, France) for K5-MBBR 
and M30-MBBR. Each MBBR NUR test was simulated with “Sumo 4N″, 
a 4-step denitrification model, for the MBBR biofilm model, where only 
methanol driven denitrification process was considered. Existing key 
differential equations were modified to implement the salinity inhibi
tion factor (eq. (1)), resulting in the following expressions for nitrite (eq. 
(2)) and nitrate concentration (mgN/L) variation in time (eq. (3)): 

d
(
NO-

2
)

dt
= −

(1-Y)

Y⋅fCOD,1

(

μT ⋅ X ⋅
NO-

2
KNO2 + NO-

2

)

−
d

(
NO-

3
)

dt
(eq. 2) 

d
(
NO-

3
)

dt
= −

(1-Y)

Y⋅fCOD,2

(

μS-inhib ⋅ X ⋅
NO-

3
KNO3 + NO-

3
⋅

KNO2

KNO2 + NO-
2

)

(eq. 3) 

with μS-inhib = μT ⋅
Kn

I
Kn

I + In 

where μT (1/d) is the specific growth rate, X (gCOD/L) is the active 
biomass, fCOD,1 and fCOD,2 are COD-N conversion coefficients for biomass 
yield (Y), KNO3 and KNO2 (mgN/L) are the half-saturation constants for 
nitrate and nitrite, respectively. Salinity inhibition is accounted for with 
μS-inhib, with parameters (KI and n) changed based on the MBBR tested, 
while I (salinity concentration) was a new input parameter. Kinetic 

parameters, biofilm thickness (L), specific surface area (SSA) and other 
parameters were determined as explained in the supplementary mate
rials (Fig. S9, Tables S3 and S4).

Sensitivity analysis was performed to assess the influence of the 
model’s input parameters (L, SSA, KI and n) on the output DR, at salinity 
of 2.7 % and 9.5 %, by varying up to ±50 % their initial estimated/ 
calibrated values at steps of 10 %. μT and Y were also considered in the 
analysis to compare their influence with the abovementioned parame
ters. To evaluate the model sensitivity for each parameter, the normal
ised sensitivity coefficient (S) was calculated as in Eldyasti et al. (2012)
(eq. S4) for the whole variation range. If S ≤ 0.25, the parameter was 
considered not significantly influential, else it was considered influen
tial. The goodness of the model in reproducing the experimental data 
was evaluated using Thiel’s inequality coefficient (TIC), as done by 
Lanzetta et al. (2024), and coefficient of determination (R2) as criteria. 
Values of TIC<0.3 indicated a good reproducibility. To verify the con
sistency of the model under different biofilm conditions, each salinity 
level was simulated under the initial conditions of each NUR test, by 
modifying I and calibrated KNO2, accordingly.

2.5. Analytical methods

2.5.1. Dissolved nitrogen and carbon measurements
Liquid samples were filtered through 0.2 μm Chromafil Xtra syringe 

filter (Macherey-Nagel, Germany) and stored at −20 ◦C. NO3
−-N, NO2

−-N 
and NH4

+-N were measured with Hach cuvette tests (LCK339, LCK340, 
LCK343 and LCK303) and DR 3900 spectrophotometer (Zhai et al., 
2020) for the continuous flow MBBR experiment, while for the real 
scrubber wastewater test, NO3

− and NO2
− were measured with ion 

chromatography (Dionex Integrion, Thermo Fisher Scientific Inc., USA). 
DOC was measured with TOC/TN analyser (FORMACS™ HT-I, Model 
2CA17910, Skalar, Netherlands).

2.5.2. Biomass measurement and biofilm observations
In the MBBR, biofilm biomass was measured as attached volatile 

solids (AVS). Every time, three K5 pieces and five M30 pieces were taken 
randomly from the MBBR and replaced with new ones. For K5, the 
carriers were brushed and rinsed with MQ-water and the resulting so
lutions were measured for attached total solids (ATS) and attached 
volatile solids (AVS) according to standard methods (APHA, 2017). For 
M30, given the porous nature of the carrier, some steps (sonication and 
brushing) were added to the protocol suggested by the supplier to 
determine AVS and ATS, according to the procedure described in Fig. S5. 
Total and volatile suspended solids (TSS, VSS) were measured according 
to standard methods (APHA, 2017).

The biofilm attached to the carriers was observed with optical mi
croscopy (Biostar BM 45, Optech, UK) with Plan 40x/0.65 objective and 
the biofilm thickness was measured with the software ToupView 
(ToupTek, China).

2.6. Calculations and removal kinetics

To compare the performance of K5-MBBR and M30-MBBR based on 
the available surface for the biofilm, nitrogen surface removal rates 
(NSRR) were calculated as (di Biase et al., 2018): 

NSRR
(
gNO−

x -N
/
m2

/
d

)
=

Qin⋅
(

NO−
x -Ninf − NO−

x -Neff

)

VMBBR⋅f⋅PSA (eq. 4) 

where the nitrogen volumetric removal rate (NVRR) is divided by the 
filling fraction of the MBBR with the carrier (f), and PSA (m2/m3), the 
protected surface area proper to the carrier.

Statistical significance (α = 0.05) of the difference in the nitrogen 
removal efficiency (NRE) of MBBRs was assessed with Mann-Whitney U 
test. Modified Stover-Kincannon (S-K) equation was fitted to the 
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experimental data at different salinities and HRTs, similarly to D’Aquino 
et al. (2024), to compare the volumetric removal rate performance of the 
MBBR in continuous flow filled with different carriers. The modified S-K 
model has been used for MBBR (Shitu et al., 2020) and is independent on 
carrier’s surface area as shown in its linearised form (eq. (5)): 

HRT
Nin-Nout

=
KB

Umax
⋅
HRT
Nin

+
1

Umax
(eq. 5) 

where the HRT is expressed as volume of the reactor over inflow, and 
Umax and KB are the maximum nitrogen removal rate (gNOx

−-N/L/d) and 
saturation constant (gNOx

−-N/L/d), respectively.
To quantify the biofilm detachment, a detachment/attachment index 

(Δbiofilm) was calculated in terms of AVS detached or attached between 
two consecutive AVS measurements in time (eq. (6)): 

Δbiofilm
(
gAVS

/
m2 or gAVS

/
carrier

)
= gAVSt − gAVSt-1 (eq. 6) 

where Δbiofilm < 0 when biofilm detachment took place.

2.7. Microbial community analysis

To observe the evolution of the microbial community under salinity 
stress, two carriers and 14 mL liquid were sampled on days 7, 28, 46, 63, 
77 for K5-MBBR and on days 7, 14, 32, 49, 60 for M30-MBBR, before 
increasing the salinity level. The biofilm was manually detached from 
the carriers aseptically, while in the liquid samples, the cell pellet was 
separated via centrifugation. Both typologies of samples were stored in 
DNA/RNA shield solution (Zymo, USA), before DNA extraction and 16S 
rRNA gene sequencing. The community data was analysed with prin
cipal coordinate analysis (PCoA), permutational multivariate analysis of 
variance (PERMANOVA) and Spearman correlation. The detailed pro
cedure is reported in D’Aquino et (2024).

3. Results and discussion

3.1. MBBRs denitrification performance under hypersaline conditions

3.1.1. Nitrogen removal efficiency
The nitrogen removal performance of the K5-MBBR and M30-MBBR 

was studied at stepwise increasing salt concentrations and at different 
HRTs (Fig. 1a).

Between 1 % and 5.5 % salinity, the NREs of the two MBBRs were 98 
± 1 % and not significantly different (p > 0.05). At the lowest tested 
HRT (4 h) and 5.5 % salinity, NRE was 97.7 ± 0.1 % for K5-MBBR and 
96.4 ± 1 % for M30-MBBR, with volumetric nitrogen removal rate and 
surface removal rate 1.2 and 9 times higher in K5-MBBR (7.9 ± 0.6 gN/ 
m2/d, 1.6 ± 0.1 gN/LMBBR/d) than in M30-MBBR (Fig. 1b and c).

Increasing salinity up to 7.5 % caused temporary nitrate and nitrite 
accumulation in K5-MBBR (24 mgNOx

−-N/L) and M30-MBBR (55 
mgNOx

−-N/L) effluents. M30-MBBR recovered its NRE to 99 % in one 
day, while nine days were required for K5-MBBR to recover. Overall, 
NRE were significantly different (p = 0.01) at 7.5 % salinity, the highest 
NVRR were similar (~0.8 gN/LMBBR/d), while NSRR was 6.5 times 
higher for K5-MBBR.

At 9.5 % salinity, both MBBRs were affected by inhibition as shown 
by the decrease in NRE, which was significantly different (p = 0.02) 
between the reactors and higher for the M30-MBBR. In M30-MBBR, 
nitrate and nitrite accumulated (day 50) when salinity was increased, 
but NRE was fully recovered, contrarily to K5-MBBR, where NRE re
covery was not total. When HRT was decreased to 4 h, NRE decreased to 
80.9 ± 6.5 % and 89.5 ± 1.6 % in the K5-MBBR and M30-MBBR, 
respectively. Eventually, when HRT was increased to 7 h, both MBBRs 
partially recovered in less than three days, as shown by NRE (Fig. 1b). 
Moreover, increased salinity did not impact DOC and NH4

+ consumption 
in MBBRs (Fig. S2).

The Umax (gN/L/d) estimated with S-K model (Fig. 2) was higher for 
K5-MBBR than for M30-MBBR (58.5 ± 15 vs. 31.2 ± 8.7) at 5.5 % 

Fig. 1. K5-MBBR (left) and M30-MBBR (right) nitrogen removal performance at increasing salinity. a.) Nitrogen Loading Rate (NLR), salinity and Hydraulic 
Retention Time (HRT) conditions; b.) Nitrogen Removal Efficiency (NRE) and effluent nitrate and nitrite nitrogen concentrations; c.) Nitrogen Surface Removal Rate 
(NSRR) and Nitrogen Volumetric Removal Rate (NVRR).
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salinity, indicating a higher removal rate potential in K5-MBBR. At 9.5 
% salinity, Umax decreased in both reactors due to salinity inhibition, but 
was higher in M30-MBBR (8.4 ± 1.2) than in K5-MBBR (4.6 ± 1.1), 
indicating that K5-MBBR denitrification capacity was more affected by 
the high salinity.

In the range 1–7.5 % salinity both MBBRs maintained over 90 % NRE 
and showed prompt responses to salinity changes. Denitrification 
remained active even at salinity as high as 9.5 % and HRT 4 h, with NREs 
≥70 %. Overall, K5-MBBR showed higher nitrogen removal rates when 
salinity <7.5 %, while M30-MBBR showed a higher NRE and a more 
stable performance at 7.5 and 9.5 % salinity. Furthermore, the increased 
water density due to 9.5 % salinity resulted in the carriers’ movement 
upwards, especially in K5-MBBR. A higher density material might 
guarantee equal distribution of the carriers over the whole reactor 
volume.

Salinity of 9.5 % is, to our knowledge, one of the highest reported for 
methanol-driven denitrification (NRE≥70 %) in bioreactors, as 

summarised in Table S1, considering the non-saline history of the 
denitrifying community. In comparison, in our previous study in a 
fluidised bed bioreactor (FBBR) at salinity 8.1 %, the NRE was ≥58 % 
(D’Aquino et al., 2024). Such tolerance in the MBBRs may be attributed 
to the higher concentration and thickness of biofilms on the larger 
plastic carriers than on FBBR’s granular activated carbon, where the 
thickness is controlled by high friction forces (Özkaya et al., 2019). 
Moreover, Umax of the FBBR at 6.8 % salinity was in between Umax of the 
MBBRs at 5.5 % and 9.5 % salinity (Fig. 2) demonstrating not only the 
decrease in the reactors’ volumetric denitrification capacity with 
increasing salinity, but also that the MBBR provides a high-rate treat
ment technology for hypersaline industrial wastewaters.

3.1.2. Biofilm dynamics
In both MBBRs, AVS quantity increased until the end of the phase 

with 5.5 % salinity (Fig. 3b). The highest AVS quantity of about 10 g in 
both MBBRs corresponded to 10 times higher AVS density in K5-MBBR 
(20.2 gAVS/m2) than M30-MBBR (2.8 gAVS/m2). At 7.5 % and 9.5 % 
salinity, in both MBBRs, the biofilm was partially detached (Fig. 3b and 
c). In the K5-MBBR, biofilm continued detaching for three consecutive 
measurements, resulting in a net loss of −15.3 mgVS/carrier (around 30 
% of highest value before the detachment) and −5.8 gVS/m2 in terms of 
density. When comparing the data points at the same conditions in the 
M30-MBBR, the detachment was observed only in one measurement at 
7.5 % salinity, amounting to a net loss of −7.4 mgVS/carrier (around 20 
% of highest value before the detachment) and −0.9 gVS/m2, followed 
by an attachment phase. Biofilm detachment due to salinity has also 
been reported by Wang et al. (2020) for MBBR hollow-body carriers 
from a MWWTP, where the biofilm coverage almost halved after 96 h at 
20 g/L NaCl compared to the initial coverage under non-saline 
conditions.

Microscopic observations confirmed carrier-specific biofilm detach
ment. On the K5-MBBR carriers, the biofilm detached as regular frag
ments (Fig. S8) and settled on the bottom of the reactor, without 
increasing the effluent VSS (Fig. 3b). The detachment was not as visible 
in M30-MBBR carriers and likely involved mostly the biofilm layer 
growing on the external surface (Fig. S7).

The loss of biofilm at 7.5 % salinity did not clearly impact the NRE, 
suggesting that the detached biofilm fragments in K5-MBBR possibly 

Fig. 2. Fitting of volumetric nitrogen load experimental data with Stover- 
Kincannon model (dotted lines) for K5-MBBR and M30-MBBR at 5.5 % and 
9.5 % salinity. Coloured areas represent upper and lower 95 % confidence in
tervals for each data set.

Fig. 3. K5-MBBR (left) and M30-MBBR (right) biofilm development during the reactor operation. a.) Salinity and Hydraulic Retention Time (HRT) conditions; b.) 
Attached Volatile Solids (AVS), Volatile Suspended Solids (VSS) and Attached Suspended solids (ATS) quantities; c.) Biofilm detachment/attachment index.
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contributed to the denitrification activity (Chen and Stewart, 2000; 
Kragh et al., 2023; Stoodley et al., 2001). However, in-depth under
standing on biofilm detachment phenomena due to salinity require 
further research. This should include disclosing possible mechanisms 
linked to a) interference (screening of surface charges) with the elec
trostatic binding interactions between biofilm and the plastic surface 
due to the dissolved salt ions (Chen and Stewart, 2000); b) variations in 
osmotic pressure that cause the shrinkage and expansion of the biofilm, 
resulting in lower resistance to shear stress (Liu et al., 2020).

The presence of large amounts of precipitates on the MBBR carriers’ 
surface was seen as low AVS/ATS ratios during the tests (K5-MBBR: 0.32 
± 0.04 and M30-MBBR: 0.35 ± 0.04), as compared to previously re
ported values under non-saline conditions (0.80–0.90) (Bassin et al., 
2016). Therefore, in hypersaline conditions, it is recommended to 
discern the AVS and ATS for biofilm quantification to avoid large 
biomass-overestimation. In the presence of Ca2+, CO3

2−, PO4
3− and NH4

+

in the liquid phase, common precipitates usually found in heterotrophic 
MBBRs include calcium carbonate, calcium phosphate and struvite 
(Gonzalez-Martinez et al., 2015; Goode and Allen, 2011). Their pre
cipitation is mainly mediated by microbial activity that creates favour
able concentration-gradient conditions (e.g., CO2 and OH− production) 
in the biofilm (biomineralisation) (Goode and Allen, 2011; Keren-Paz 
and Kolodkin-Gal, 2020). The formation of inorganic crystals on the 
biofilm-plastic contact surface should not affect denitrification rate 
(Dupla et al., 2006), but their role in biofilm adhesion destabilisation 
under hypersaline conditions remains to be determined.

Eventually, except for the first 15 days of operation when the biofilm 
was still forming (VSS and AVS comparable), the VSS quantity in both 
reactors was less than 6 % of the total volatile solids (Fig. 3b). Therefore, 
the suspended biomass was more exposed to salinity inhibition and the 
biofilm had the main role in denitrification, as also suggested by the 
lower denitrification activity of suspended biomass (Fig. S3).

3.1.3. Biofilm carrier selection under salinity stress
At the same filling fraction, K5-MBBR required a lower number of 

carriers (191) and slower mixing velocity for adequate mobility (80 
rpm) than the M30-MBBR (285 carriers, 140 rpm) to obtain similar 
NVRR, while retaining 10 times more attached biomass per surface unit 
than M30-MBBR. Thus, a single carrier in K5-MBBR had higher deni
trification activity than one in M30-MBBR, as also confirmed in the NUR 
tests for specific denitrification activity (Fig. 6).

Despite the lower PSA, a single hollow-body carrier retained a larger 
biofilm quantity than a porous-body one due to the carrier configura
tion, as also found by Bassin et al. (2016) under non-saline conditions. 
The large cavities provide mechanical protection from collisions with 
the other plastic carriers and more volume for biofilm development. On 
the other hand, the biofilm on the outer surface of the porous carrier is 
strongly subjected to collisions and higher shear stress, becoming 
thinner than the biofilm within the large cavities. The biofilm growing in 
the pores remains more protected, whilst the volume available for bio
film growth is limited.

Moreover, in K5-MBBR, due to the lower shear stress at lower mixing 
velocities than M30-MBBR, it could be hypothesised that the biofilm was 
less dense in the large cavities, resulting in higher diffusion of substrate 
than the biofilm growing on the outer surface of the porous-body carrier, 
according to the observations made by Loosdrecht et al. (1995) and 
Horn and Morgenroth (2006). On the other hand, the biofilm growing 
within the pores remains well protected from the shear stress by the 
surrounding plastic walls of the carrier, but also less exposed to the 
liquid phase. Thus, a single K5-MBBR carrier showed higher denitrifi
cation rate than a M30-MBBR carrier due to a higher biofilm quantity 
growing in the non-clogged large cavities that provide better contact 
with the liquid phase.

Similarly, the carrier configuration played a role also in the resis
tance to salinity. In general, the biofilm’s extracellular polymeric sub
stance (EPS) matrix protects the bacterial cells from salinity stress, for 

example by hindering diffusion of ions into the biofilm (Siegrist and 
Gujer, 1985) and by repelling Cl− anions and adsorbing Na+ cations 
(Sudmalis et al., 2020). In this study, the different biofilm structure 
between the two carriers likely affected also the penetration of saline 
inorganic ions into the biofilm. Thus, the limited exposed surface for the 
biofilm within the salt-diffusion controlling pores in M30-MBBR, limited 
the penetration not only of substrates but also of the inhibitory inorganic 
salt ions.

Consequently, K5-MBBR hollow carriers’ large cavities enabled 
better biofilm exposure to the liquid phase resulting in higher denitri
fication rates at salinity <7.5 % (moderately inhibitory), possibly 
facilitated by less dense biofilm, but also higher exposure to salt ions, 
becoming more subjected to inhibition and biofilm detachment. Similar 
results were reported by Dupla et al. (2006) at low (2.8 %) salinity for a 
cylindrical carrier with wide openings (PSA: 185 m2/m3) allowing 
higher mass transfer than carriers with smaller cavities, reaching 90 % 
NRE at NSRR of 27 gN/m2/d. In contrast, in M30-MBBR carriers, the 
biofilm within small, clogged pores was less exposed to the liquid and 
more protected against highly inhibitory salinities (≥7.5 %), resulting in 
lower mass transfer but more stable NRE. The use of porous biochip 
carriers has shown higher process resistance to organic shock loads (Dan 
and Le Luu, 2021), while this study first reports their resistance under 
hypersaline conditions.

3.2. Evolution and stability of microbial community in denitrifying biofilm 
under salinity stress

In both MBBRs, methanol driven denitrifying communities in the 
biofilm were similar over time, with no significant differences (R2 =

0.11, p = 0.06) caused by increasing salinity. At phylum level, Bacter
oidota (10–24 %) and Proteobacteria (71–90 %) dominated the reactors, 
while the main genera present were Paracoccus, Methylovorus, Hypho
microbium, Moheibacter and Proteiniphilum (Fig. 4). When comparing 
samples at 1 % and 9.5 % salinity, community richness and diversity 
(number of genera and Simpson diversity index) decreased in both K5- 
MBBR and M30-MBBR (Fig. 4). At 5.5 % salinity, some genera, like 
Methyloversatilis and Azospira almost disappeared from the community, 
followed by less evident changes up to 9.5 % salinity. This was also 
demonstrated by PCoA and PERMANOVA analyses (Fig. 4), showing 
that salinity increase described to some extent (R2~0.4, p < 0.05) the 
community changes in each reactor. However, Spearman correlation 
(Fig. S4) demonstrated that none of the main denitrifying genera was 
significantly negatively correlated with salinity increase, suggesting that 
the other less abundant genera were more affected by salinity and 
caused the main community changes. Therefore, the main selective 
pressure on the microbial communities was associated with 5.5 % 
salinity and took place in few weeks of continuous MBBR operation. The 
methanol-driven denitrifying communities in the reactors survived 
protected by the biofilm, and remained active and stable even at 9.5 % 
salinity, regardless of the carrier used. In the liquid phase of both 
MBBRs, microbial communities were not significantly different (R2 <

0.09, p > 0.1) from the biofilm, showing that the liquid-phase com
munities originated from the carrier biomass.

Among the main genera present, Paracoccus and Hyphomicrobium, 
both capable of complete denitrification (Auclair et al., 2012; Nokhal 
and Schkegel, 1983), have been reported in methanol fed saline deni
trification systems (Labbé et al., 2003; Osaka et al., 2008). Interestingly, 
Methylovorus, identified with the denitrification-capable species MM2 
(Macey et al., 2018), and Moheibacter, a strictly aerobic microorganism, 
were also found in a methanol denitrifying FBBR under similar saline 
conditions (D’Aquino et al., 2024), despite the different origin of the 
biomass. Thus, based on Moheibacter’s metabolic capabilities reported in 
literature (Zhang et al., 2014), it is suggested that this non-denitrifying 
genus in the microbial network, likely contributed in maintaining the 
system anoxic for denitrification by the low-diversity community under 
salinity stress. Similarly, non-denitrifying Proteiniphilum, capable of 
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hydrolysis, fermentation and oxidation of organic compounds under 
inhibitory conditions (Feng et al., 2023), possibly played a role in the 
microbial community’s stability using metabolic functions other than 
denitrification. Other studies have also reported the stability of meth
anol driven denitrifying communities under salinity stress that is likely 
associated with the low number of denitrifying genera capable of using 

methanol as electron donor (D’Aquino et al., 2024; Labbé et al., 2003; 
Osaka et al., 2008).

3.3. Denitrification of NOx-SO2 scrubber wastewater in MBBRs

Both MBBRs removed NOx
− from NOx-SO2 scrubber wastewater 

Fig. 4. Microbial community changes in the K5-MBBR (a.) and M30-MBBR (b.) at increasing salinity concentrations for both biofilm and liquid. “Others” represent 
the sum of single genera below 2.5 % relative abundance.
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Fig. 5. Denitrification in MBBRs of real NOx-SO2 scrubber wastewater with hollow-body carriers (K5) and porous-body carriers (M30). a) Nitrate and nitrite con
centrations in time, b) Dissolved Organic Carbon (DOC) and Attached Total Solids (ATS) concentration in time. Arrows indicate nitrate and methanol re- 
supplementation to the reactors.

Fig. 6. MBBR kinetics modelling results: specific denitrification rate (DR) for K5-MBBR (a.) and M30-MBBR (b.). “Model” points refer to the modelling of the single 
NUR test. “Model test” points refer to the test of model consistency run at each biofilm condition of NUR tests under different salinities. Hill’s inhibition function is 
fitted on “Data” points. R2 is calculated between “Model” and “Data” points.
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(Fig. 5a). With stage III and stage I wastewaters, the denitrifying biofilm 
was able to reduce NOx

− within two days. With the most concentrated 
wastewater from stage II (1.9 Cl-, 27 Na+, 50 SO4

2−, 0.4 K+ g/L), inhi
bition was more evident and resulted in an extended lag phase (around 
14 days) for denitrification, followed by NOx

− removal. Overall, the 
denitrifying biofilms remained active under the inhibitory NOx-SO2 
scrubber wastewater conditions and the ATS increased during the 
operation (Fig. 5b), suggesting that the biofilm was growing on the 
carriers.

Reports on NOx-SO2 scrubber wastewater denitrification are limited. 
In our previous work (D’Aquino et al., 2023), only wastewater from 
stage I of the scrubber was successfully denitrified with heterotrophic 
and autotrophic denitrification with suspended biomass, and the results 
were confirmed in this study with heterotrophic biofilms. In the 
wastewater from common FGD scrubbers, Cl−, which strongly inhibits 
denitrification (D’Aquino et al., 2023), can reach tens of g/L and toxic 
metals concentrations, like Hg, Pb and Cr, can be higher than 1 mg/L 
(Hu et al., 2023). In comparison, the wastewater from NOx-SO2 flue gas 
scrubber in a pulp mill (Table S5) has higher concentrations of sodium 
and sulphate, but chloride and toxic metals (<0.05 mg/L) are less pre
sent, suggesting that the inhibition caused was mainly due to salinity 
and should be considered as one of the main limiting factors for the scale 
up and optimisation of the process. In a real treatment, stage II waste
water would account for the majority of the total NOx-SO2 scrubber 
wastewater volume and thus, the outcomes of the current study are 
promising for its denitrification. Moreover, the gradual exposure of the 
biofilm to the increasingly concentrated effluents from the different 
stages, as performed in this study, can represent a possible startup 
strategy for the MBBR. Also, the ammonium present in the wastewater 
could serve as nitrogen source for biomass growth, while phosphate 
addition and pH control are required.

The unexpectedly high concentrations of DOC in stage I and II 
wastewaters, likely due to the scrubbing chemicals’ impurities, were 
partially removed in the MBBRs (Fig. 5b), as suggested by the consumed 
C/N molar ratio between 2.5 and 3.2 at complete denitrification (stoich. 
~1.1) with stage II wastewater. Possible organic impurities include 
methanol, formic acid and formaldehyde, which are present in the ClO2 
production when methanol is used as reducing agent in the process 
(Deshwal and Lee, 2004). The presence of multiple organic compounds 
in the wastewater could have a positive impact on denitrification under 
salinity stress, as reported in the studies by Choi et al. (2025) and Zhang 
et al. (2020), where mixed carbon and electron sources enhanced the 
adaptation to salinity changes and promoted microbial diversity as 
compared to a single carbon and electron source.

Considering the denitrification performance under hypersaline con
ditions, the stability of the methylotrophic denitrifying microbial com
munity enriched from a MWWTP, and the successful denitrification of 
real scrubber effluent, the MBBR technology shows promise for the 
management of saline wastewater from NOx-SO2 flue gas scrubber in 
pulp mills, given also its simple design. Used as a pre-denitrification 
step, it would reduce the nitrogen load on the downstream treatment 
processes, not optimised for nitrogen removal (Ashrafi et al., 2015) and 
form an integrated air-water technology to control NOx emissions to the 
environment.

3.4. Modelling of denitrification kinetics in MBBRs: effects of salinity and 
carrier type

3.4.1. Salinity inhibition kinetics
Denitrification kinetics in biofilm under salinity stress was modelled 

by adding an apparent kinetic inhibition factor (μS-inhib) and an apparent 
half-saturation constant (KNO2) to the existing biofilm model in 
Sumo©22. The biofilm inhibition kinetic model reproduced well the 
effect of salinity on denitrification rate obtained from the NUR batch 
tests of both MBBRs (Fig. 6, S10), especially at salinities ≥5.5 %. At 
lower salinities (2.7, 5.5 %), K5-MBBR had higher DR than M30-MBBR, 

while at higher salinities (7.5, 9.5 %) the DR in the two reactors were 
similar, in accordance with the observations made previously. Nitrite 
accumulation, due to inhibition, was evident only under 9.5 % salinity. 
Thus, in almost all the NUR tests, NOx

−-N rate was mostly equal to NO3
−-N 

rate and no inhibition function for nitrite rate was defined. The same 
salinity inhibition factor has been used for both nitrate and nitrite 
reduction rates of granular sludge (Carrera et al., 2023), but this 
approach was not successful for the biofilm model. Consequently, 
considering that nitrate and nitrite reduction steps have different inhi
bition levels (Mariángel et al., 2008), the inhibition factor was applied 
only to nitrate consumption rate, while nitrite accumulation was 
controlled with KNO2. This resulted in biofilm KNO2 values up to 220 
mgN/L and a good fitting between modelled and measured NO3

−-N and 
NO2

−-N time profiles (Fig. S11). Under non-inhibitory conditions, 
apparent KNO2 for denitrification has been reported of increasing with 
reactor operational time, due to biofilm thickness and diffusional 
resistance increase (Wang et al., 2016). Moreover, Regmi et al. (2011)
reported low accessibility of nitrite within the biofilm with KNO2 for 
attached nitrite oxidising bacteria over 20-fold that of suspended 
biomass. Thus, the drastic increase in KNO2 is partially due to diffusion 
limitations in mature biofilms and is likely amplified by the hypersaline 
inhibitory conditions.

3.4.2. Key parameters and effect of carrier type
The most influential parameters (S > 1) for the biokinetic model of 

both MBBRs were growth rate (μT), similarly to other reports (Eldyasti 
et al., 2012; Lanzetta et al., 2024) and biomass yield (Y) (Fig. S12). Both 
parameters were independent of biofilm conditions and salinity, high
lighting the importance of their initial estimation.

In the K5-MBBR, at low (2.7 %) salinity, L, SSA and salinity pa
rameters (KI, n) had low influence (S < 0.15) on DR. Under this condi
tion, biofilm biomass was still growing and suspended biomass 
significantly contributed to denitrification. At 9.5 % salinity, when 
biofilm was formed, L and SSA increased their influence (S~0.6), 
similarly to KI (S = 0.77). On the other hand, in M30-MBBR, L and SSA 
had already at 2.7 % salinity significant influence (S = 0.73) on DR, 
further increasing (S~0.9) at 9.5 % salinity when the biofilm quantity 
was rather stable. Moreover, at 9.5 % salinity, KI influence was lower (S 
= 0.42) than in K5-MBBR. Eventually, in both MBBRs, the model was not 
significantly affected by changes in the tuning parameter n (S < 0.20).

The differences in the sensitivity analysis results between hollow- 
and porous-body carriers were mainly due to the difference in SSA. In 
M30-MBBR, KI influence on the model was significant but was around 
half of that in K5-MBBR, while DR was more sensitive to variations in 
SSA and L. Thus, a decrease in KI with a hollow-body carrier (e.g., due to 
microbial community changes as well as biofilm deterioration) would 
lead to more evident changes in the process’ denitrification rate than 
with a porous-body carrier, according to the sensitivity analysis. More
over, in the K5-MBBR, where biofilm detachment was more evident, a 
theoretical decrease by 20–30 % in the SSA or L caused by both salinity 
and/or shear stress could produce a 12–18 % reduction in denitrification 
rate. From an operational perspective, such a decrease in DR would 
result in a higher process HRT required to completely remove nitrogen 
from the wastewater. This highlights the importance of predicting the 
biofilm denitrification performance under salinity stress.

3.4.3. Limitations of the simplified modelling approach and future 
recommendations

The kinetic model reproduced DR more accurately when the biofilm 
had the main role in denitrification. This was as also observed when 
testing the model’s consistency at different initial biofilm conditions 
(Fig. 6), which was possible given the stability of the microbial com
munity and assuming that the kinetic parameters (μmax, Y and KI) did not 
change among NUR tests. The discrepancy between data and model at 
salinities <5.5 % was likely due to the limitation of the kinetics in 
separating biofilm and suspended biomass contributions, as seen for 

A. D’Aquino et al.                                                                                                                                                                                                                              Journal of Environmental Management 394 (2025) 127288 

9 



example in the M30-MBBR at 1 % salinity NUR (Fig. 6b, Fig. S3).
For the model simplification, a single KI was used for the MBBR 

system for both attached and suspended biomass and included the ef
fects of biofilm protection and of the carrier configuration on denitrifi
cation rates. The limits of such approach include the difficulty in 
discerning between the inhibition on biofilm and suspended biomass, as 
well as within the biofilm layers. However, this simplification was 
considered reasonable, since denitrification in the MBBR was predomi
nantly driven by the biofilm rather than the suspended biomass.

Furthermore, the determination of SSA and L was challenging for the 
porous carrier, where the active SSA is often lower than the PSA and 
variable during operation (Rittmann et al., 2018), due to the clogging of 
the pores by the same biofilm. For the same porous carrier typology used 
in this study, Bassin et al. (2016) suggested a biofilm thickness 
<800–1200 μm, but the biofilm grows discontinuously between the 
pores and the external surface, with consequent challenges in its 
determination. Therefore, for M30-MBBR, the nominal SSA (or PSA) was 
assumed, and L was calibrated (Eldyasti et al., 2012), contrarily to the 
value estimation done for K5-MBBR carriers. Although the model output 
showed similar sensitivity to variations in SSA or L (Fig. S12), this 
approximation introduces uncertainty to the modelling and could be 
overcome by estimating the active SSA with techniques like optical 
coherence tomography (Li et al., 2016) or magnetic resonance imaging 
(Caizán-Juanarena et al., 2019).

This study introduces an alternative strategy that allows complex 
biofilm inhibition kinetics to be modelled based solely on substrate bulk 
concentration measurements, resulting in an inhibition model depen
dent only on salinity parameters (KI, n) related to the whole MBBR 
system. The factor added to the existing model represents an observed 
quantification of salinity inhibition on denitrification rate that in
corporates implicitly processes proper of biofilm systems, such as 
diffusion. Hence, this easy-implementable tool has potential for the 
modelling of wastewater treatment with an established biofilm speci
alised in denitrification, which can be used to predict the inhibition and 
to optimise the process accordingly.

Future research should develop the kinetics by adding inhibition 
functions describing NO2

− and N2O accumulation, needed to compre
hensively simulate denitrification process in a continuous flow MBBR 
under salinity stress. Similarly, the implementation of biofilm detach
ment due to salinity stress is required to reproduce the biofilm quantity 
and coverage on the carriers that affect the process performance. For 
example, Dias et al. (2018) calculated the biofilm detachment rate based 
on the effluent VSS concentration increment, but this approach was not 
possible in this study, since the VSS did not increase with the biofilm 
detachment. Thus, new methods, based for example on correlating 
salinity, shear stress and biofilm quantity should be developed for a 
comprehensive model.

4. Conclusions

In MBBRs for methanol-driven denitrification under salinity stress 
with hollow-body or porous-body carriers. 

• The biofilm protective environment allows nitrogen removal ≥70 % 
even at 9.5 % salinity and fast response to changing conditions, 
demonstrating its potential for hypersaline wastewater treatment.

• At the same filling fraction, similar quantities of biomass are 
retained, and stable microbial communities develop regardless of the 
carrier typology, being promising for the stability of the process and 
its startup with microorganisms from a non-saline source.

• Carrier typology impacts denitrification performance at different 
salinities. Hollow-body carrier removes N at higher rates at low- 
moderate salinities (1–5.5 %) due to its exposed biofilm growing in 
large cavities, while the porous-body carrier provides more stable 
removal efficiencies at high salinities (7.5–9.5 %) due to salt- 
diffusion controlling biofilm within the small pores. Therefore, the 

selection of the carrier based on the salinity concentration range 
allows the process’ optimisation, likely applying also to other 
inhibitory agents.

• Successful denitrification of NOx-SO2 scrubber saline wastewater 
was achieved in MBBRs, demonstrating the potential of biofilm- 
based treatment for its management.

• An existing biofilm model incorporated with an inhibition factor 
reproduces the apparent denitrification biofilm kinetics under 
various salinities, being promising for wastewater biofilm process 
modelling.
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Fritzmann, C., Löwenberg, J., Wintgens, T., Melin, T., 2007. State-of-the-art of reverse 
osmosis desalination. Desalination 216, 1–76. https://doi.org/10.1016/J. 
DESAL.2006.12.009.

Gingerich, D.B., Grol, E., Mauter, M.S., 2018. Fundamental challenges and engineering 
opportunities in flue gas desulfurization wastewater treatment at coal fired power 
plants. Environ. Sci.: Water Res. Technol. 4, 909–925. https://doi.org/10.1039/ 
C8EW00264A.

Gonzalez-Martinez, A., Leyva-Díaz, J.C., Rodriguez-Sanchez, A., Muñoz-Palazon, B., 
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1. Continuous flow MBBRs  

 

 

 

 

Figure S1. Experimental setup of this study. 1) Moving bed biofilm reactor (MBBR) with K5 carriers 

on a magnetic stirrer for semi fed-batch test with real scrubber wastewater. 2) MBBR with M30 

carriers on a magnetic stirrer for semi fed-batch test with real scrubber wastewater. 3) MBBR for 

continuous flow tests with K5 and M30 carriers and NUR tests. 4) Airtight reactor cap with ports for 

influent, effluent, mechanical mixer and sampling. 5) Mechanical mixer. 6) Thermostatic water bath 

connected to 1, 2 and 3. 7) Peristaltic pump regulating inflow and outflow from 1. 8) Influent and 

effluent tanks of 3. 
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Figure S2. Dissolved organic carbon (DOC) and ammonium ion concentrations time profiles in K5-

MBBR (a.) and M30-MBBR (b.), for influent and effluent. Δ represents the difference in 

concentration between influent and effluent. The average ΔDOC (±SD) for K5-MBBR and M30-

MBBR were 163±36 mg/L and 161±24 mg/L. The average ΔNH4
+ (±SD) for K5-MBBR and M30-

MBBR were 23±9 mg/L and 26±12 mg/L. Consumption of DOC and NH4
+ throughout the entire 

continuous flow operation were not significantly different (Mann-Whitney test, p>0.05) between K5-

MBBR and M30-MBBR. 
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Figure S3. Nitrate- and nitrite- nitrogen time profiles for the suspended biomass in the liquid phase 

tests. The activity of the suspended biomass was tested at different salinities for K5-MBBR (left 

column) and M30-MBBR (right column) to observe its contribution to the overall denitrification rate 

in the MBBR (attached+suspended biomass). Two 50 mL samples were withdrawn from the liquid 

phase of the MBBR, placed in two sealed glass bottles, spiked with 250 mg/L NO3
--N and methanol 

in excess and incubated on a multi-HS-6 magnetic heating stirrer (Velp, Italy) at 30 °C. NO3
--N and 

NO2
--N concentrations were monitored for approximately 24 h. 
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Figure S4. Spearman correlation matrix for the main genera in the K5-MBBR (left) and M30-MBBR 

(right) reactors and salinity. 
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2. Biofilm carriers 

 

Table S2. Specifics of K5 and M30 carriers used in the MBBR tests. 

 AnoxK™ 5 Mutag BioChip 30™ 

 

  

Protected surface area (m2/m3) 800 5500 

Nominal diameter (mm) 25 30 

Thickness (mm) 3-4.5 1.1 

Material HDPE PE 

Density (kg/dm3) 0.95 0.95 

Bulk weight (kg/m3) 118 165 

 

 

ATS (g) for 5 pieces of M30 

Sampling 

Day 

sonication+

NaOH 

Theor. % Recovery 

7 0.075 0.076 0.99 

14 0.235 0.266 0.88 

21 0.335 0.386 0.89 

28 0.361 0.417 0.87 

32 0.382 0.485 0.79 

42 0.363 0.490 0.74 

49 0.354 0.514 0.69 

56 0.397 0.533 0.74 

60 0.404 0.548 0.74 
 

 

Figure S5. Percentage of solids mass (mg) detached by sonication and NaOH soaking for M30-MBBR 

carrier, for each carrier sample (5 pieces). Except for day 7, in all the M30-MBBR samples, 

sonication detached more than 70% of the total solids detached. The AVS determination procedure 

was as follows: first, the carriers with biofilm were dried overnight at 70 °C, weighed, immersed in a 

30 mL plastic container with MQ-water, and placed in an ultrasonic bath at 50 °C for 15 minutes 

(Fonseca and Bassin, 2019). After sonication, the vials were manually shaken, the carriers were 

removed and stored, while the solids in the MQ-water were analysed according to APHA (2017). 

After the analysis, an AVS/ATS ratio was obtained. The rest of the total attached solids was detached 

according to the supplier’s protocol, by soaking the carriers overnight in 5% NaOH, and measured as 

weight difference before and after the treatment. The AVS/ATS ratio found above was extended to 

the total solids detached (sonication+NaOH soaking) to find the AVS. Blank samples of virgin 

carriers were also analysed to exclude interferences. Considering that sonication detached more than 

70% of all the solids detached (Figure S5) for almost all the samples, the possible error committed by 

extending the AVS/ATS ratio also to the NaOH detached solids was assumed negligible. On the other 

hand, measuring the AVS in the soaking solution is not reliable due to NaOH possibly reacting with 

organic substance and resulting in its underestimation (Fonseca and Bassin, 2019). To quantify the 
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efficiency of the sonication+NaOH soaking method in detaching the solids from the M30 carrier, the 

ATS quantity measured were compared to the theoretical weight of the solids attached on the carriers. 

Such weight was calculated as dry carriers with biofilm minus an average weight of the virgin M30 

carriers. The average carrier weight was calculated from 25 weight measurement of virgin carriers 

collected randomly from the stock pack (1 carrier: 0.362±0.016 g). On average, on 9 biofilm 

measurements, 81±9 % of the ATS was described by the sonication+NaOH soaking method. In the 

manual detachment method used for K5 carriers, the detachment of the solids was 99%.
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a. K5-MBBR at 5.5% salinity b. K5-MBBR at 7.5% salinity c. K5-MBBR at 9.5% salinity 

 

 

 

 
 

 

 

 

 

d. M30-MBBR at 5.5% salinity 

 

 

e. M30-MBBR at 9.5% salinity 

 

 

 

 

 

 

  

 

 

Figure S6. Pictures of colonized K5-MBBR carriers (a, b, c) and M30-MBBR (d, e) carriers at different salinities. For 

K5-MBBR, at 5.5% salinity (a.) biofilm was growing in all the carrier’s cavities. At 7.5% salinity (b.), a first sign of 

detachment of the biofilm was observed. At 9.5% salinity, biofilm completely detached from many carrier’s cavities 

(c.). For M30-MBBR, the complete detachment was not visually observed (d. and f.). 

 

 

a. b. c. 

   

Figure S7. Optical microscopic pictures (magnification 40x) of M30-MBBR carrier before colonization (a), during 

reactor operation at 7.5% salinity (b), after the biomass detachment procedure (c). Biofilm filled many pores and made 

the estimation of biofilm thickness challenging (b).
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Figure S8. Particular of biofilm detachment from K5-MBBR carrier (optical microscope, 40x 

magnification) at salinity 7.5%. Approximately, one fourth of the total biofilm detached from the 

carrier by a visual estimation. 
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3. Modelling 

 

Specific growth rate (μT) and biomass yield (Y) determination 

Batch tests were run to determine specific growth rate at 30 °C (μT) and biomass yield (Y) of the 

denitrifying community in the MBBR and used in the SUMO22 model. For both K5-MBBR and 

M30-MBBR, the tests were run at the end of salinity 1% under non inhibitory conditions (no addition 

of Na2SO4 and KCl). The test was run on the suspended phase, and the set of parameters found 

extended to the attached biomass, considering that no significant differences between kinetic 

parameters have been found for suspended and attached biomass (Vannecke and Volcke, 2015). The 

protocol followed was as suggested by (Dold et al., 2008) 

Before starting the MBBR NUR test, four 4.5 mL samples of the liquid phase were taken from the 

MBBR, and inoculated in four sealed glass bottles (working volume 90 mL, inoculum 5% v/v) 

containing a growth medium solution (250 mgNO3
--N/L (as KNO3), 4 gPO4

2-/L (as K2HPO4 and 

KH2PO4), 0.1 gNH4
+/L (as (NH4)2SO4), and 0.002 g/L FeSO4·7H2O, methanol (C/N=1.3 g/g), pH 

around 7) already purged with N2. The bottles were incubated on a multi-HS-6 magnetic heating 

stirrer (Velp, Italy) at 30 °C. The tests were followed for 24-72 hours, until total consumption of NOx-

N. Liquid samples from the experiments were filtered through 0.2 µm Chromafil Xtra syringe filter 

(Macherey-Nagel, Germany) and NO3
--N and NO2

--N were measured with Hach cuvette tests 

(LCK339, LCK343) in Hach DR 3900 spectrophotometer. Organic carbon used as electron donor was 

measured as dissolved organic carbon (DOC) with TOC/TN analyser (FORMACS™ HT-I, Model 

2CA17910, Skalar, Netherlands). Volatile suspended solids (VSS) were measured according to 

standard methods (APHA 2005). 

Then, NO3
--N and NO2

--N data were converted to NOx-N according to eq. S1, similarly to (Cherchi et 

al., 2009), where coefficient 0.6 takes into account the denitrification reaction stoichiometry in terms 

of oxygen equivalents for nitrite and nitrate. Biomass yield was calculated with eq. S2, which depends 

on the consumed COD/N ratio during the batch test, and which does not affect the estimation of μT 

(Dold et al., 2008). Eventually, the data were fitted in Origin 2024b with eq. S3 (Dold et al., 2008) to 

find μT, where X0 (mgCOD/L) is the average concentration of biomass in the four bottles and b is the 

specific death rate (1/d) adjusted at 30 °C (b at 20 °C was taken 0.04 1/d (Dold et al., 2008)) 

 

      (eq. S1) 

         (eq. S2) 

    (eq. S3) 

 

The results of the fitting are reported in Figure S9. For both inocula, μT was in the range reported in 

literature (1.3-3.3 1/d in a T range of 20-25 °C (Christensson et al., 1994; Dold et al., 2008; Pan et al., 

2023). The difference in the values can be ascribed to the different time of the tests, since the K5-

MBBR and M30-MBBR batch tests were run approximatively 3 months apart. Biomass yield, on the 

other hand, was lower than the values reported in literature for methanol driven denitrification (0.27-

0.4 gCOD/gCOD C (Dold et al., 2008; Pan et al., 2023). Eventually, the difference in the time 

necessary to consume the nitrogen (55 h for K5-MBBR and 30 h for M30-MBBR) was due to the 

difference in the initial biomass (X0) in the two tests. 
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Figure S9. Specific growth rate (μT) at 30°C and biomass yield (Y) found for the inoculum taken from 

K5-MBBR and M30-MBBR. Eq S3 showed a good fitting of the measured data (R2>0.95) of four 

replicates. Initial biomass (X0) was 5.4 mgCOD/L and 40 mgCOD/L for K5-MBBR and M30-MBBR, 

respectively. 

 

Modelling with SUMO 

The main kinetic, stoichiometric and biofilm parameters used in the modelling with Sumo22 for K5-

MBBR and M30-MBBR are listed in Table S2 and S3.  

Biomass concentration (X) was calculated from volatile solids measurements before each test. Biofilm 

thickness (L) and specific surface area (SSA) were selected for each test by observing the visible 

surface occupied by biofilm and the amount of biomass measured on the carriers or calibrated.  

Methylotrophic denitrification (MEOLO) was the only active bioprocess considered. In the nitrate and 

nitrite rate equations pH influence was neglected, since pH was in neutral range in the tests. Inhibition 

by oxygen was not considered, as DO was below 0.1 mg/L. Also, methanol, NH4
+, PO4

3-, Na+, Cl-, 

Ca2+, Mg2+ (and related half-inhibition constants) were considered not limiting factors for the kinetics 

being their concentration in excess in the simulated wastewater. Software defaults were used for 

biofilm diffusion process parameters. 

Solid transfer processes, such as detachment and attachment, between biofilm and bulk were not 

considered in the modelling of the kinetics in batch tests. Biomass decay process and endogenous 

products consumption were considered but had overall negligible effect. 

When comparing the model and data (Figure S10), the model had good fitting with the data especially 

above 2.7% salinity, when the biofilm had the main role in denitrification. For the K5-MBBR, at 2.7% 

salinity, due to an interruption of the inflow and outflow in the reactor, the liquid phase remained 

around 36 h in the reactor before the NUR test. This resulted in a high accumulation of VSS, part of 

which was already inactive due to the absence of substrate. Therefore, the measured VSS was 

overestimating the active fraction of suspended biomass. In the model, this resulted in faster 

denitrification rate than observed in the reactor. However, when considering  an active fraction of the 

total suspended biomass (around 45%), as found by Foladori et al. (2010) for activated sludge, the 

model could better reproduce the data.
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Figure S10. Fitting of the Sumo22 biofilm model modified with the inhibition factor of the NOx
--N experimental data 

for each original NUR test for K5-MBBR and M30-MBBR. K5-MBBR NUR test modelling at salinity 2.7% includes 

also the result considering only 45% of the initial biomass is active. Denitrification rate was calculated with linear 

regression for each pair (model, data) of curve under the same salinity condition. 
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Figure S11. Comparison of the NO3
-- N and NO2

-- N time profiles from the Sumo22 biofilm model 

modified with the inhibition factor and from the experimental data for K5-MBBR and M30-MBBR at 

salinity of 9.5%. 

 

Sensitivity Analysis 

Sensitivity analysis was conducted for both K5-MBBR and M30-MBBR NUR tests at 2.7% and 9.5% 

salinity. The parameters tested were biofilm thickness (L), specific surface area (SSA), specific 

growth rate (μT), biomass yield (Y), and salinity inhibition parameters (KI and n) and were varied by 

±50% of their initially estimated values, at steps of 10%. SSA was subjected to negative variations 

only (up to -70%), if the maximum SSA of the carrier (Table S1) was assumed to be covered by 

biofilm. To evaluate the model sensitivity of each j-th parameter, the normalized sensitivity 

coefficient (Si,j) was calculated as in (Eldyasti et al., 2012) for each variation step (Eq S4): 

          (eq. S4) 

where yi and xi are the model output (denitrification rate) at the new input variable value and the new 

input variable, respectively; while y0 and x0 are the reference values (calibrated or estimated) of the 

output and input variables, respectively. To have a unique overall normalized sensitivity coefficient S 

value for each parameter for comparison purposes, an average of Si,j in the whole variation range was 

considered. If S≤0.25, the parameter was considered not significantly influential, else it was 

considered influential. Also, the most influential parameters were ranked according to their S value.  
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Figure S12. Sensitivity analysis for the NUR tests at 2.7% and 9.5% salinities for K5-MBBR and M30-MBBR. In 

both plots, two parameters are grouped for each salinity level (a. biofilm thickness (L) and specific surface area (SSA), 

b. salinity parameters, c. specific maximum growth (μmax= μT in this study) and biomass yield (Y)) and varied to 

observe the output percentage variation (denitrification rate (DR) in this study). 

 

 

 

−80 −60 −40 −20 0 20 40 60 80
−100

−80

−60

−40

−20

0

20

40

60

80

100

−80 −60 −40 −20 0 20 40 60 80 −80 −60 −40 −20 0 20 40 60 80

Δ
 o

u
tp

u
t 

(%
) 

(D
R

)

Δ parameter (%)

Biofilm thickness (L) (2.7%)

SSA (2.7%)

Biofilm thickness (L) (9.5%)

SSA (9.5%)

K5-MBBR

a.

Δ parameter (%)

 KI (2.7%)

 n (2.7%)

 KI (9.5%)

 n (9.5%)

NUR test S

Salinity (%) L SSA KI n μmax Y

2.7 0.14 0.14 0.14 0.11 1.01 1.22

9.5 0.56 0.59 0.77 0.17 1 1.19

b.

Δ parameter (%)

 μmax (2.7%)

 Y (2.7%)

 μmax (9.5%)

 Y (9.5%)

c.

−80 −60 −40 −20 0 20 40 60 80
−80

−60

−40

−20

0

20

40

60

80

100

120

−80 −60 −40 −20 0 20 40 60 80 −80 −60 −40 −20 0 20 40 60 80

Δ
 o

u
tp

u
t 

(%
) 

(D
R

)

Δ parameter (%)

Biofilm thickness (L) (2.7%)

SSA (2.7%)

Biofilm thickness (L) (9.5%)

SSA (9.5%)

M30-MBBR

a.

Δ parameter (%)

 KI (2.7%)

 n (2.7%)

 KI (9.5%)

 n (9.5%)

NUR test S

Salinity (%) L SSA KI n μmax Y

2.7 0.73 0.73 0.21 0.13 1.02 1.37

9.5 0.91 0.92 0.42 0.19 1 1.44

b.

Δ parameter (%)

 μmax (2.7%)

 Y (2.7%)

 μmax (9.5%)

 Y (9.5%)

c.



 

18 

 

 

4. NOx-SO2 scrubber wastewater composition 

 

Table S5. Characterization of the pulp mill NOx-SO2 scrubber wastewater collected from the three stages. The 

wastewaters were analysed by an external laboratory. * adjusted to 7 with KOH for the experiment to exclude pH 

effect on the process. 

mg/L Stage I Stage II Stage III 
 

mg/L Stage I Stage II Stage III 

Conductivity at 

25°C (µS/cm) 

20500 62200 1920 
 

Ca 17 18 36 

pH (-) 4.6* 6.5 4.8* 
 

Mg 7.9 11 3.5 

Cl- 1110 1930 44 
 

Na 4850 27000 314 

NH4
+ 233 22 41 

 
K 194 381 63 

NO3
- 88 230 33 

 
Al 1.6 0.45 0.05 

NO2
- <10 190 <10 

 
As 0.03 0.04 <0.01 

SO3
2- 43 15 <0.05 

 
B 3.9 4.4 0.25 

SO4
2- 7300 50000 764 

 
Co <0.01 <0.01 <0.01 

S2O3
2- 1790 370 ND 

 
Cr (VI) <0.05 <0.05 <0.05 

Ptot 1.7 1.9 0.5 
 

Crtot 0.05 0.01 <0.01 

DOC 947 2140 45 
 

Fe 12 0.58 0.06      
Mn 0.02 0.01 <0.01      
Mo 0.08 0.09 0.01      
Ni 0.02 0.04 <0.01      
Pb 0.02 <0.01 <0.01      
Cu 0.18 0.42 0.02      
Se 0.03 0.06 <0.02      
V 0.06 0.13 0.02 

    
 

Zn 0.15 0.02 0.03 
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